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Abstract
The prevalence of pharmaceuticals and personal care products (PPCPs) in lotic habitats is increasing,
with the main source of these contaminants being effluent from waste water treatment works
(WwTW). There is still much uncertainty about the impacts of these PPCPs at environmentally relevant
concentrations and their potential effects on populations. This thesis provides an evaluation into the
effects of WwTW, their effluent, and the PPCP they contain on a typical and important freshwater
invertebrate, Gammarus pulex, using field and laboratory observations.
A two-year investigation into G. pulex populations in sample points up-and downstream of two WwTW
discharge points showed significant differences in the sizes of male and female G. pulex populations
relative to the point of discharge, though the effects were not consistent between the two sites. There
were more consistent changes on the frequency of intersex phenotypes and reproductive investment
at and below the effluent discharge point suggesting the effluents are having a direct or indirect effect
on the reproduction and development.
The impact of effluent on behaviour was measured using automated and manual means. Animals’
activity and phototaxis, as well as feeding rate and pairing tendency was measured over three weeks’
exposure to two WwTW’s final effluents at 50% and 100% concentration. There was no significant
difference between activity, phototaxis and feeding responses in effluent exposed animals and
controls. Pairing was significantly more rapid in animals after exposure to both effluents which may
be related to reproductive effects.
A series of experiments were conducted to assess the effects of 5 PPCPs (diclofenac, fluoxetine,
ibuprofen, propranolol, and triclosan), and a pharmaceutical mixture, on G. pulex. Effects were
assessed in terms of activity, phototaxis, mortality, feeding rate and moulting frequency. Trials ranged
from short term (1 week) exposures using toxic concentrations to chronic (3 week) exposures to
environmentally relevant doses. There were significant sub-lethal effects at a range of concentrations,
including hormetic responses. Significant mortalities were seen at triclosan concentrations at 0.01, 1
and 10µg L-1, and diclofenac and proporanolol concentrations of 10mg and 5mg L-1 respectively. Effects
of drugs were associated with their mode of action or toxicity.
Energy reserves were measured in terms of lipid and glycogen concentration. There was no significant
effect on glycogen reserves, but lipid concentrations were significantly less after exposure to 0.1 µg L1

diclofenac, 2 µg L-1 ibuprofen and 0.5 µg L-1 propranolol. Effect on reproduction was assessed through

pairing frequency as well as embryo production. Significant negative effects were seen on pairing,
iii

after exposure to environmentally relevant concentrations of fluoxetine, diclofenac and triclosan, but
this was not found to impact egg production with the exception of triclosan, where a reduction in the
size and development of embryos was observed at concentrations of 0.1µg L-1.
This study is the first long term investigation into G. pulex populations around WwTW. It shows the
natural variability in population, sex distributions, and seasonal differences of this keystone aquatic
invertebrate in two southern chalk streams receiving effluent discharges. It represents the first time
the incidence and characteristics of intersex G. pulex have been studied and records a consistent
increase in the frequency of this phenotype downstream of WwTWs which has not been identified
before. Whether there are broader effects on intersex frequency on other invertebrates and the
implications of this for the lotic ecology and water treatment processing is discussed.
Of the PPCPs tested, triclosan and diclofenac showed the most consistent toxic effects across the end
points assessed, ranging from subtle behavioural effects to lethality. This is of particular concern given
the widespread use and incidence of the chemicals in sewage effluent and the toxic impacts seen here
at environmentally relevant doses. Both chemicals are currently undergoing reviews by European and
American regulatory bodies regarding their safety, potential impacts and acceptable environmental
limits. The results of this study will be of use in informing this debate.
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Chapter 1 Introduction and context
1.1 The importance and status of rivers
The significance of rivers in the continuance of humanity cannot be over-emphasised; as a source of
power, transportation, irrigation, food, leisure, waste disposal, spiritual inspiration, and protection it
is no hyperbole to claim that rivers are vital for human existence (Adeloye, 2009). Furthermore, they
are of exceptional environmental significance: they contain around 6% of all described species
including 33% of all vertebrates and define some of the most biodiverse areas on the planet (Dudgeon
et al., 2006). This importance is increased still further by their relative scarcity – they account for just
0.4% of the earth’s surface and contain 0.0001% of its water (Postel & Richter, 2012). Yet it is this
scarcity combined with humanity’s remarkable usage that has led to a critical over-exploitation of the
world’s rivers. A global review concluded that the mismanagement of rivers impacts 80% of the human
population, endangers the biodiversity of 65% of riverine habitats, and jeopardises the survival of 1020,000 species (Vörösmarty et al., 2010). Heavily impacted through water extraction, damming,
channel modification, invasive species, pollution and climate change, rivers have been described as
the most impacted ecosystem on the planet (Marzin et al., 2012).
The rivers of Europe exemplify the diversity and multiplicity of threats that face this ecosystem: an
extensive review of the European situation concluded that 47% of sites are multi-impacted by
anthropogenic degradation (Schinegger et al., 2012). Indeed, despite seven major European water
initiatives in the past 15 years, just 53% of freshwater bodies are regarded to be in good ecological
condition, and in some countries such as Germany and the Netherlands the value drops to less than
10% (EAA, 2015). The most recent survey in the UK judges only 17% of England’s rivers to be of ‘good’
ecological status, 12% less than the previous assessment (Harrabin, 2015). Therefore, it is perhaps
unsurprising that when EU citizens were asked to list their main environmental concerns; 47% of
respondents listed water pollution as their second highest concern, second only to climate change (EC,
2008a).

1.2 River pollution
Water pollution is a very broad category, including thermal, biological and chemical contamination,
but it is the latter which is arguably of greatest concern in western Europe where chemical toxicity
represents an ecological threat to almost half of all European bodies of water (Malaj et al., 2014). The
sources of this pollution include discharges of industry, agriculture, urban areas and municipal sewage
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treatment plants and include both point and diffuse sources (Voulvoulis & Georges, 2016). These
discharges will differ widely in their route, regularity and volume, as well as the concentration,
stability, potency and toxicity of their components. Nevertheless, identifying these characteristics is
key to understanding and mitigating the impact of the pollution (Stendera et al., 2012).
It is difficult to evaluate the relative contribution of water pollution sources, not least because much
of it is diffuse (typified by agricultural pollution). Nevertheless, in terms of volume, wastewater from
domestic sewage processing is clearly a major component. There are over 9000 treatment works in
the UK discharging over 11 billion litres of effluent into surface waters, estuaries and the sea every
day (Defra, 2002; Water-UK, 2006). Moreover, discharges from water treatment companies make up
about 25% of all reported aquatic pollution incidents in the UK (Carrington & Barnes, 2013).
Unsurprisingly, controlling waste water has been one of the main priorities of European water
pollution legislation for over twenty years (Kallis & Butler, 2001) and treating wastewater is regarded
as one of the most important forms of water pollution control (Viessman et al., 2009).

1.3 Waste water effluent: treatment and control

Sewage treatment is performed at a Waste-water Treatment Works (WwTW) or Sewage Treatment
Works (STW). The former deals with any water that has been adversely affected in quality by
anthropogenic influence, including manufacturing and energy production. On the other hand, STWs
specifically deal with sewage; a category of waste water that contain faeces or urine. In most
instances, the two terms are used interchangeably and in either case the treatment is typically
categorised in three stages. Primary treatment involves the retention of waste in static basins where
solids are removed by settlement and scum and lipids are skimmed from the top. Secondary treatment
involves the water undergoing biological filtration through the use of processes such as trickle beds or
activated sludge; this stage is where most chemical removal occurs (Ahmed et al., 2017) Tertiary
treated water undergoes further, finer, physical or chemical filtration such as ozonation but is usually
employed where the discharge is going into a ‘sensitive area’ (Defra, 2012). The duration and type of
each of these treatment stages dictates what, and how much, contamination reaches the
environment. O'Brien and Dietrich (2004) estimated that 80% of European wastewater passes through
a WwTW although the proportion in England and Wales is much higher with 96% entering a WwTW,
and 80% receiving at least secondary level treatment (Defra, 2012).
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1.4 Sewage effluent control and legislation
The control of sewage pollution in the UK had its beginnings in the mid-19th century with the
development of the London Sewerage System. Legislation promoting river management was passed
as early as 1878 (Ansted, 1878) though it was not until the Land Drainage Act of 1930 that there was
legislation enacted to manage rivers (albeit in the capacity of flood control). True water pollution
control was codified in the Rivers (Prevention of Pollution) Act of 1951. Two decades later, the UK
joined the EU which had made the safeguarding of Europe’s water resources one of its priorities
(Chave, 2001). Since December 2000, the quantity and type of pollutants permitted in WwTW outfalls
in Europe have been the purview of the Water Framework Directive (WFD) (2000/60/EC). This
directive was designed as a framework for the comprehensive and integrated management of water
resources in the European Community. The fundamental objectives of the WFD were to maintain a
high status of inland surface waters, estuarine and coastal waters and groundwater where it exists,
prevent any deterioration in the existing status of waters, and achieve at least a good status in relation
to all waters by 2015 (Yang & Wang, 2010). The latter, at least, was not realised: Grizzetti et al. (2017)
estimates the proportion of the EU surface where rivers meet the target is 32%. However, through the
exemption provided by Article 4.4 of the WFD, there is an extension to achieve this target by 2021,
which, it is hoped, the UK may still comply with, despite some dissatisfaction with the directive (Boeuf
et al., 2016). What there is general agreement about, however, is the coordinated approach to water
management taken by the WFD. That is, the directive should pull together all aspects of water
management, from flood defence to chemical quality, documented in a series of subsidiary directives.
The directives concerning WwTW effluent are primarily the Urban Waste Water Treatment Directive
(UWWTD) (91/271/EEC) and the Directive on Environmental Standards - Directive 2008/105/EC (EC,
2008b), legally enshrined under the Environmental Protection Act (1990).
The UWWTD requires the treatment of effluent from all conurbations of over 2000 population
equivalents. This includes the reduction of biochemical oxygen demand (BOD), chemical oxygen
demand (COD), ammonia, and total suspended solids (Defra, 2002). Apart from reducing organic
pollution, some WwTW discharging to sensitive areas (e.g. drinking or eutrophic waters, or SSSI) are
also required to reduce the levels of nitrate and phosphate in effluent discharge (Hughes, 2014).
Furthermore, the Directive on Environmental Standards identifies a ‘Priority List’ of substances that
must be monitored for and maintained within strict Environmental Quality Standards (EQS). The
Priority List is composed of 33 pollutants including heavy metals, industrial chemicals and a small
number of pesticides and biocides that present a significant risk to the aquatic environment and are
targeted for reduction and/or removal within the next 20 years, and the list is modified and
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augmented as research suggests (EC, 2016). Together, increased regulation, surveillance and
enforcement has arguably reduced the incidence of overt, gross pollution events (von der Ohe et al.,
2007), but the more obvious ‘conventional’ pollutants represent only a small proportion of the total
number of pollutants present in the aquatic environment (Schwarzenbach et al., 2010). Rather, rivers
and their ecosystems are being exposed to a wide variety of pollutants that are either unregulated or
unidentified. Indeed, the combination of more sophisticated and sensitive analytical methods with
the discovery of more subtle environmental effects, such as those associated with endocrine
disruption in fish (Bergman et al., 2013), means that pollutants are still exerting a significant influence
on river ecosystems.

1.5 Emerging contaminants: a novel threat
One of the most significant outcomes of the developments in analytical techniques has been the
revealing of a number of ‘emerging contaminants’ present at trace or ultra-trace concentrations in the
environment. In one of the earlier papers identifying the problem, Daughton (2004) explained that
contaminants may be classed as emerging in the following ways:
•

Previously recognised or naturally occurring substances with a newly identified environmental
impact

•

Synthesis and subsequent release of a newly derived substance into the environment

•

Advances in analytical techniques allowing the detection of very low environmental
concentrations of a substance that is likely to have had a long-term environmental presence

•

Changes in usage or disposal methods for an existing substance representing a new
environmental input.

Understandably, emerging contaminants is a very broad category containing a diverse range of
anthropogenic and naturally-occurring substances including flame retardants, disinfection byproducts, hormones, endocrine disrupting compounds, surfactants, and the broad category of
‘pharmaceuticals and personal care products’ (PPCPs) (Petrovic et al., 2008). Yet the characteristics of
emerging contaminants often preclude them from routine monitoring and legislative or regulatory
scrutiny (Daughton, 2007). A royal commission instructed to review the supervision of the chemical
industry described the lack of knowledge, risk assessment and regulation of so many chemicals as a
key area of concern (RCEP, 2003).
PPCP are of particular interest because of their extensive and increasing use, and their innovative
development that outpaces a regulatory framework (RCEP, 2003). They meet the conditions of
emerging requirements because it is only relatively recently that they have been detected in the
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environment (though undoubtedly they have been there for some time) and generally there are no
limitations on their release into ecosystems (Ellis, 2006). This lack of critical thresholds is largely due
to economic imperatives – for instance, the oestrogen EE2 was initially given specific EQS that was
subsequently removed after it was estimated it would cost £27 billion in the UK alone to upgrade the
advanced tertiary waste water treatment deemed necessary to meet the EQS targets (UK Parliament,
2012). Furthermore, the pharmaceutical industry stated that the evidence of negative environmental
effects was flawed and that much more information was required before policy could be set (EC,
2012a). The process of regulation is protracted and involves highlighting emerging contaminants that
should be considered as candidates for the WFD’s Priority Substance list. Only then is there a
framework for their control. For example, in 2007, PPCPs such as diclofenac, iopamidol, musks and
carbamazepine were identified as future priority emerging candidates but have not, as yet, been
added to the list. Other proposed additions are ibuprofen, clofibric acid, triclosan, phthalates and
bisphenol A.

1.6 The prevalence of pharmaceuticals and personal care products
It has been suggested that there are up to 6 million PPCPs commercially available worldwide (Ellis,
2008). By definition, pharmaceuticals are used primarily to prevent or treat human and animal
disease, whereas personal care products are used to improve the quality of daily life and include
products such as moisturizers, lipsticks, shampoos, hair colours, deodorants, and toothpastes, as well
as their chemical ingredients (Boxall et al., 2012). Though different in purpose and mode of action,
PPCPs are grouped together since they share common routes of entry into the environment, they are
biologically active, and they are designed to be effective at very low concentrations. The value of the
pharmaceutical industry has almost tripled in the last 15 years with a current value estimated at over
one trillion US dollars (Statista, 2016), while the cosmetics industry was recently estimated to be worth
U$265 billion (EY, 2014). The annual global average per capita consumption of pharmaceuticals is
considered to be about 15 g, increasing to between 50 and 150 g in industrialized countries (Alder et
al., 2006), and their usage is growing 3-4% by weight per annum (Daughton, 2004). A recent report by
the Health and Social Care Information Centre (HSCIC) indicates half of women and 43% of men in
England are now taking prescription drugs on a weekly basis, primarily cholesterol-lowering statins,
pain relief and anti-depressants products (HSCIC, 2014). Moreover, an increase in usage is very likely;
firstly due to an aging demographic and the associated increases in pharmaceutical prescriptions; from
3.3 per year in childhood to over 12 times this amount in the elderly (Girling, 2011), secondly in
response to mental health issues which are expected to increase by over 14% by 2026 (O'Hara, 2008).
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Because of their high production level and their pharmacokinetical behaviour during normal
therapeutic use (e.g., half-life, excretion, and metabolism) pharmaceuticals and their metabolites
often find their way into the environment (Fong & Hoy, 2012). This is primarily through their excretion
via urine and faeces either metabolised or as parent compounds (typically between 30% and 90% of
the active ingredient in an oral dose; Owens, 2015) and thereafter via WwTW. Other routes, such as
disposal of unused, leftover products (e.g. landfill) and deliberate release into the aquatic
environment (such as in aquaculture) are also recognised (Daughton & Ruhoy, 2009; Boleda et al.,
2014). Personal care products, in contrast, are directly emitted into the sewerage system following
use (bathing, grooming etc.) as well as through waste disposal. At the WwTW, PPCPs are not (or only
partially) eliminated by the typical treatment process and therefore remain in the effluent discharge,
(Figure 1.1, and reviewed in chapter 4) (Halling-Sørensen et al., 1998; Zorita et al., 2009; Grover et al.,
2011).

Figure 1.1 Proportion of pharmaceuticals removed in different stages of sewage treatment (Gardner,
2014)
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Therefore, the release of PPCP via WwTW is deemed as ‘routine’ in England and Wales (Ashton, 2004)
and globally WwTW effluents are widely recognized as the dominant pathway of PPCPs into the
environment (Jones et al., 2001; Ferrari et al., 2003; Bound & Voulvoulis, 2006; Fent et al., 2006;
Ericson et al., 2010; Boxall et al., 2012; Fong & Hoy, 2012) (Figure 1.2).
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Figure 1.2 Environmental sources and fates of PPCPs (SAJB, 2017)

8

A recent global review of pharmaceuticals in the environment found that of the 713 pharmaceuticals
tested for, 631 were found in the environment above their detection limits (aus der Beek et al., 2015).
Specifically, over 100 different pharmaceuticals have been found in the aquatic environment of
several European countries and the USA (Figure 1.2). Indeed, Peck (2006) maintained that PPCPs are
among the most commonly detected compounds in surface water throughout the world.

Figure 1.2 Number of pharmaceuticals detected in surface water, groundwater, tap water and/or
drinking water from Owens (2015)
Sometimes grouped with so-called micropollutants, PPCPs in effluent discharges are typically present
in concentrations less than 1µg L-1 (Zearley & Summers, 2012). Generally, these compounds are
regarded as presenting no risk of acute toxicity to the aquatic environment (Franzellitti et al., 2013) as
their environmental concentrations are too low (reviewed by Santos et al., 2010) and most of our
knowledge is gained from assays using far higher, regulatory, concentrations (Dietrich et al., 2010b).
However, since the 1990s there has been a growing concern within the scientific community that
environmentally relevant concentrations may present a possible threat to aquatic environments
(Rowett et al., 2016) due to PPCPs carefully engineered bioavailability and potency combined with
relative persistence and resistance to inactivation or degradation (Fent et al., 2006; Santos et al.,
2010). Furthermore, pharmaceuticals are inherently designed to penetrate biological membranes and
reach universal molecular systems (enzymes, receptors, etc.), thereby increasing the likelihood of
bioaccumulation (Daughton & Ternes, 1999; Metcalfe et al., 2003b) and eliciting unexpected
consequences in a range of taxa (Pomati et al., 2004). Collectively, it is their abundant and increasing
use, high excretion rates, poor removal with conventional WwTW processes and their potential to
cause biological effects at trace concentrations that has encouraged an ‘exponential interest’ globally
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on the presence and effect of PPCP in the environment (Gómez-Canela et al., 2013; Boleda et al.,
2014). In the UK, the Environment Agency (EA) released a position statement in 2008 acknowledging
that the influx of pharmaceutical agents into the aquatic environment has become cause for significant
concern (Eades & Waring, 2010) and in 2009 the Chemical Investigations Programme (CIP) was
launched. This was a comprehensive overview on trace substances in influent and effluent throughout
162 wastewater treatment works’ catchments (Gardner, 2014). Amongst its findings was that the
removal of the majority of trace contaminants was significant, but might need to be better. Phase 2
of the programme (ending 2020) will give detailed characterisation of effluent concentrations and
investigate new treatment technologies. At a cost of £100 million (in addition to the £25 million of
phase 1), the investment indicates the gravity of the concern.

1.7 Investigating the effects of PPCPs
Though chemicals, and particularly PPCPs, must undergo extremely rigorous safety tests, these
statutory tests are largely acute (<96h) and use lethal endpoints (LC50 etc) (see Brausch and Rand
(2011) for an extensive review). They may only need to undergo further toxicity tests if the predicted
or measured environmental concentration (PEC/MEC) of the active ingredient is >0.01µg L -1 (or >1µg
L-1 in the US). Until recently, few PPCPs had been investigated primarily due to the fact that in most
instances the calculated environmental concentrations lay below the critical cut-off values (Sanderson
et al., 2003). Therefore, though these standard regulatory tests excel at providing reproducible and
comparable data they rarely have relevance to the environmental situation (Hughes, 2014). Extended
exposures to more realistic concentrations are far less common, perhaps given the associated costs
and practicalities. Admittedly, typical environmental concentrations are conspicuously variable both
quantitatively and temporally: factors such as the quantity manufactured, the dose frequency and
quantity, the excretion rate of the drug and its metabolites, the solubility of the drug or its propensity
to sorb to solids, and the biological transformation capability of subsequent sewage treatment (or
landfill) microorganisms, will all play a part in determining effluent concentrations (Watts et al., 2007).
Furthermore, seasonality will have an impact due to its effect on the initial consumption rates, river
flows (dilution rates) and photolytic/oxidative degradation (Loraine & Pettigrove, 2006; Wiest et al.,
2016). Because of all of these influences, ‘environmentally relevant concentrations’ will be typically
several orders of magnitude lower than their LC50 but cover a very wide range representing the
diversity found in ecosystems (paradoxically, the range used in studies - up to a million-fold - has
prompted scepticism by some critics; Sumpter et al., 2014). Despite these issues, toxicity ranges
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between ng and very low µg have been studied in algae (Porsbring et al., 2009), higher plants (Brain
et al., 2004; He et al., 2017), cnidarians (Pascoe et al., 2003), arthropods (Guler & Ford, 2010; Dietrich
et al., 2010a; Dietrich et al., 2010b), molluscs (Jobling et al., 2003), annelids (Maranho et al., 2014) and
fish (Painter et al., 2009; Mehinto et al., 2010). Christen, Hickmann, et al. (2010) and Prichard and
Granek (2016) provide a thorough review.
Whilst it is true that the critical value of PEC surface water for releasing a tier of ecotoxicological assays
is 0.01 µg L-1, the European Medicines Agency (EMEA) includes the caveat that this trigger only applies
if “no other environmental concerns are apparent” (EMEA, 2006 p5). That is, if a drug (or one of its
degradation products) is already known, or can be reasonably expected, to affect aquatic wildlife at
concentrations <0.01 µg L-1, then the action limit of 0.01 µg L-1 does not apply, and further analyses
must be conducted. The rub, of course, is what constitutes an effect.

1.8 Use of sub-lethal endpoints in ecotoxicology
Lethal effects are binary, obvious and universally recognised, but for aforementioned reasons are
often less useful for environmental toxicology. Consequently, over the last 20 years there has been an
increased interest in the use of sub-lethal endpoints as toxicological markers: not only are these more
likely at environmental concentrations of pharmaceuticals, but they are often more specific and
sensitive to toxic influence (Coulaud et al., 2011). Features common to all organisms (apart from
mortality) include reproduction, a response to a stimulus, growth/development, and the use of energy
through metabolism, so it is unsurprising that each of these areas have each been used as endpoints
in toxicology.

1.8.1 Reproduction
Reproductive assays using fish as model species are very well established in the regulatory framework
having been used since the 1960s (Ankley & Villeneuve, 2006). Initially, the tests were (and are) full
life-cycle, though since the 1990s partial (21 day) life-cycle tests have been developed. Surprisingly,
other than full life-cycle tests, reproductive viability data (that is, metrics other than F0 and F1 survival)
are not primarily (or even routinely) used in evaluating toxicity despite such data providing a useful
“effects window” for certain toxicants (Ankley & Johnson, 2004). Nevertheless, this useful window has
been used to look at PPCP effects on parameters of fish such as sperm production (Nash et al., 2004;
Runnalls et al., 2007; Li et al., 2010); testes development (Nash et al., 2004; Panter et al., 2004); sex
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hormones (Mimeault et al., 2005; Schultz et al., 2011); egg fertilization (Nesbitt, 2011); and fecundity
(Huggett et al., 2002; Margiotta-Casaluci et al., 2013). In invertebrates, reproductive metrics are well
established in the regulatory framework for a limited number of species (eg Daphnia magna
reproduction test, Guidelines 211; OECD, 2012) and there is a wide variety of variations on the
concepts seen across the literature and phyla. Example of metrics specifically investigating effects of
PPCPs at environmentally relevant concentrations include fecundity of molluscs (Feiner et al., 2014),
cladocerans (Rivetti et al., 2016) rotifers (Martinez Gomez et al., 2015) and amphipods (Maltby &
Naylor, 1990a; Huggett et al., 2002; Cold & Forbes, 2004; Neuparth et al., 2014), decapod larval size
(González-Ortegón et al., 2013), deformities in cladocran neonates (Jeong et al., 2015), production of
reproductive proteins in amphipods (Jubeaux et al., 2012), and sex ratios in chironomids (Rodrigues,
Gravato, et al., 2015) and amphipods (Neuparth et al., 2014).

1.8.2 Response to a stimulus
By definition, behaviour is the physical response to a stimulus (Weeks et al., 2002). The relevance and
importance of considering behaviour as a response in aquatic toxicology has been recognised since
the 1970s (e.g. Buikema Jr & Benfield, 1979). In the aquatic environment, the stimulus may include
predator–prey interactions, substrate, current, food, shelter and light, and the measure may be an
increase (Lass & Spaak, 2003; Rivetti et al., 2016) or reduction (Kannupandi et al., 2001; Barry, 2014)
in the response, or combination of both in a hormetic pattern (De Lange et al., 2006a; Guler & Ford,
2010). Reproduction in some phyla may be associated with behaviour which offers a potentially very
sensitive endpoint (Atchison et al., 1987), thus reproductive behaviour has been used repeatedly as a
biomarker in assays on PPCPs, toxins and effluents in amphipods (McCahon et al., 1991; Pascoe et al.,
1994; Watts et al., 2001; Cold & Forbes, 2004; Dixon & Shaw, 2011; Pedersen et al., 2013), molluscs
(Muschamp & Fong, 2001; Bringolf et al., 2010) and fish (Galus et al., 2014; Weinberger Ii & Klaper,
2014; Chen et al., 2016). Aside from its sensitivity, behaviour offers advantages such as repeated
measurements, non-invasiveness, and ease; but challenges include objective and discrete
measurement (reviewed thoroughly by Gerhardt, 2007; Pyle & Ford, 2017). On balance, the merits are
such that behavioural ecotoxicology has grown into a substantial and comprehensive science
(Dell'Omo, 2002).

1.8.3 Growth and development
Growth and developmental measures have long-established pedigrees as ecotoxicological
biomarkers: regulatory test methods are recognised for fish and amphibian development assays
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(OECD, 2016). Similarly, there are a range of invertebrate species where comparable tests have proved
very sensitive (for a review, see Hutchinson, 2002) but regulatory methods are difficult to establish in
such an extraordinarily diverse group - invertebrates comprise approximately 95% of all terrestrial and
aquatic animal species (Wilson, 1999) with utterly different embryogenesis and developmental
pathways. Key to the development of any useful measurement then, is the establishment of standard
endpoints or stages. To this end, embryo stages have been categorised in a wide range of
invertebrates including echinoderms, ascidians, arthropods, bivalves, polychaetes, cladocerans and
amphipods (Sheader & Chia, 1970; Kast‐Hutcheson et al., 2001; Caldwell et al., 2002; Ford et al.,
2003a; Bellas et al., 2005; Bellas et al., 2008), which can only help in developing more standardised
methods and allow for comparison of effects between taxa. Furthermore, given that the embryonic
and larval stages of invertebrates are less tolerant to toxicants than adults (Ringwood, 1992), the
application of embryogenesis as a biomarker might be particularly relevant to the study of
environmentally relevant concentrations of PPCPs (Kristofco et al., 2015).

1.8.4 Energy use
Growth and reproduction are typically two of three areas of energy partitioning in most models – the
third being maintenance (Lika & Nisbet, 2000). Energy may be used in the processing of toxicants, the
production of their metabolites, or the repair of processes and tissues damaged by the toxin. Energy
input and outputs might be diminished or increased through an impact on processes such as feeding
rate, detoxification, activity and gamete production. So measuring energy partitioning may be a
sensitive gauge of sub-lethal effects (Nisbet et al., 2000) and indeed has been used in both vertebrate
and invertebrate species to investigate ecotoxicological impacts (Maltby & Naylor, 1990a; Van Haren
et al., 1994; De Coen & Janssen, 1997; Smolders et al., 2003). Apart from a useful stress indicator for
the individual (Furuhagen et al., 2014), feeding rate has wider implications for the population and
community via predator-prey interactions and population growth, for example (Hedgespeth et al.,
2014; Coulaud et al., 2015). The diversity of PPCPs results in contrasting impacts on feeding rate,
different compounds might stimulate (Brodin et al., 2013) or inhibit (Gilroy et al., 2014) feeding, or
indeed elicit both through a hormetic response (Liu et al., 2017). Some investigations, such as
Bundschuh et al. (2011c) found that exposure to wastewater results in significant reductions in feeding
rate with a concomitant depletion of energy reserves, but other studies have shown the feeding
response depends on the species (and in fact population) of organisms used (Willoughby & Sutcliffe,
1976; Crane & Maltby, 1991).
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1.9 Use of amphipods as model species

When investigating ecotoxicological impacts on the environment it is essential to measure an
appropriate organism. It should be sensitive, representative, abundant, subject to typical exposure
routes, and be of critical ecological importance. Ideally, it should also be practical to maintain and
culture it for protracted studies. Generally, invertebrates fulfil these requirements very well. They
compromise approximately 95% of all known species (Wilson, 1999), are key members of the aquatic
community (Rainbow & Luoma, 2011), perform essential roles in nutrient and energy flow (Graca,
2001), their abundance is an established measure of environmental quality (Gaufin & Tarzwell, 1956;
Malmqvist, 2002; Hutton et al., 2015) and any impact on their populations can have profound
implications for the whole ecosystem (Hodkinson & Jackson, 2005).
The order Amphipoda is a taxon of malacostracan crustaceans with over 9,900 species described
(Balian et al., 2008). They are primarily marine (and occasionally terrestrial), but around 20%, or 1,900
species, live in freshwater (Väinölä et al., 2008). In any case, they are consistently an important
component of the aquatic ecosystem (Lowry & Springthorpe, 2001). Within the order, the most
widespread and dominant group (of over 4500 species) is the sub-order Senticaudata (formerly known
as Gammaridea), commonly referred to as gammarids (Lowry & Myers, 2013). Gammarids are
particularly important members of aquatic food webs since they are the main link between detritus
and ‘higher’ consumers such as fish (Forrow & Maltby, 2000; Kunz et al., 2010); indeed, they have
been described as keystone species within chalk streams (Woodward et al., 2008), with a potential to
exert a disproportionately large effect on the structure and process of the aquatic ecosystem. They
are common in fresh, estuarine and marine environments throughout the world (Schirling et al., 2005;
Adam et al., 2010) though are notably rare in the tropics. Typically, they occur in large numbers (Cold
& Forbes, 2004; Ladewig et al., 2006; Dixon & Shaw, 2011), have a relatively short generation time
and high reproductive rates (Peschke, 2011), display sexual dimorphism (Felten et al., 2008b), are
easily maintained in the laboratory (McCahon & Pascoe, 1988a, 1988b) and are widely considered as
particularly sensitive to contaminant exposure compared to other crustaceans (Maltby, 1995; Cold &
Forbes, 2004; Bloor et al., 2005; Bloor & Banks, 2006; Felten et al., 2008a; Geffard et al., 2010;
Jacobson et al., 2010; Peschke, 2011). Therefore, it is unsurprising that species such as Gammarus
pulex (Linnaeus 1758), G. fossarum (Koch 1835) and G. roeseli (Gervais 1835) are recognised as
particularly relevant test species when investigating the environmental impact of toxicants. They have
been used as a test species in a range of exposures including: nitrogenous compounds (Berenzen et
al., 2001), pesticides (Adam et al., 2009; 2010), heavy metals (Dedourge-Geffard et al., 2009; Geffard
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et al., 2010), antibiotics (Bundschuh et al., 2009), herbicides (Bundschuh et al., 2013) and
pharmaceuticals (De Lange et al., 2006a; Guler & Ford, 2010; Bossus et al., 2014) as well as whole
effluent tests (Bundschuh et al., 2011c; Schneider et al., 2015; Wigh et al., 2016; Wigh et al., 2017).
G. pulex is widespread in continental Europe, North Africa and Northern Asia and is by far the more
common freshwater species found on mainland UK (the only other species, G. lacustris, is a post-glacial
relic restricted to a few Scottish lochs; Vainio & Väinölä, 2003). The maximum length of males is about
21 mm, while females may reach approximately 14 mm, though generally they are smaller (Sutcliffe,
1992). The body is curved, laterally compressed and divided into 4 main parts: head, peron, pleon and
urosome. The head has two pairs of antenna, complex mouthparts, and a pair of compound-eyes. The
peron has 7 pairs of jointed legs classed as pereopods which are used for swimming, crawling and
grasping. In mature males, the first two pereopods are enlarged, called gnathopods, and are used to
grasp the female. In mature females, attached to pereopods 2-5 are the oosegites: paddle shaped
structures that form a brood pouch or marsupium for holding embryos, which are retained by the
female until hatching. In both sexes, each segment of the peron also contains a pair of gills. Posterior
to the peron is the pleon which contains three pairs of appendages called pleopods, used for
circulating water and swimming. The last section, the urosome, has two or three pairs of adapted
pleopods called uropods, also used in locomotion.

Figure 1.3 Anatomy of a male amphipod (Lycaon, 2006)
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Regarding the nature of Gammarus populations, Welton (1979), in the only long term study of G. pulex
(on a Dorset stream), records the population peaking in September and dropping to its lowest in
February. Ovigarous females were found at all times of the year. G. pulex appears to conform to the
usual strategy of freshwater species, that is: a natural life-span of about 1 to 2 years, fecundities in
the range of 15 to 30 eggs (approximate mean values) per brood for a 10mm female, several
generations per year, faster growth to reach sexual maturity at a smaller size in summer, and slower
growth to larger size at maturity in the winter-spring generation (Sutcliffe, 2010).
Although amphipod species show a broad range of diets, from cannibalism to parasitism, the majority
are omnivorous detritivores (MacNeil et al., 1997; Pöckl et al., 2003). Typically, their habitat is the
interstitial spaces of gravel and coarse substrate (particularly in lotic systems) where they consume
particulate organic matter so successfully that they often form the dominant macroinvertebrate
biomass there (Väinölä et al., 2008). Therefore, though typically used as bioindicator species of
unpolluted sites (Rinderhagen, 2000), Gammarids have been known to survive, even thrive, in
epibenthic ecosystems enriched with organic matter (Kostalos & Seymour, 1976). Furthermore,
because they are abundant and easy to collect, their populations are very often investigated for
environmental impacts of effluents (for reviews, see Kunz et al., 2010 and Chaumont et al., 2015).
Gammarid populations have been repeatedly studied in relation to anthropogenic inputs such as
WwTW. Species such as G. pulex are of crucial significance in biotic indices such as the Biological
Monitoring Working Party (BMWP) score (Everall et al., 2017), where they are recognised as being
more tolerant than the genera Plecoptera, Ephemeroptera, and Trichoptera, but less tolerant than
Asellus, Chironomidae and Tubificidae (Czerniawska-Kusza, 2005). At low levels of contamination,
populations have been known to increase in abundance downstream of outfalls (Ladewig et al., 2006)
where the organic enrichment outweighs any toxicological impacts. Generally, however, they are
regarded as intolerant of organic pollution (Macneil & Dick, 2014; Bawa, 2015) and therefore sensitive
indicators of wider ecotoxicological effects.

1.10 Effects of WwTW effluent and PPCPs on amphipods

The impact of effluent and PPCPs on amphipod feeding rate, behaviour and populations has already
been identified. Considering their long and extensive use in ecotoxicology, coupled with their
ecological importance and relevance as sentinel species, it is surprising to find there are still significant
gaps in the current knowledge of effects of PPCPs, and the effluent they are transmitted in, on
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amphipod species. For example, in surface waters across the world, the most commonly found
pharmaceutical is diclofenac, yet there have been no studies to date on the impact of it on freshwater
amphipods (indeed, only two on any amphipod species). The same can be said for many emerging
contaminants.
Of all the impacts of WwTW effluent and PPCPs, one of the most commonly investigated is in relation
to endocrine disruption (Sumpter & Johnson, 2005). Regarding amphipods specifically, the effects of
endocrine-disrupting contaminants have been the subject of many reviews (e.g Hutchinson, 2002;
Segner et al., 2003; Rodriguez et al., 2007; Hyne, 2011) which agree that the impacts on the endocrine
system are not restricted to typical ‘endocrine disruptors’ at all. Ford et al. (2007) note that the
invertebrate endocrine system is closely associated with its nervous system; indeed, the systems are
often combined in the term neuroendocrine system. Thus, a wide range micropollutants, including
PPCPs, may impact the endocrine system either directly (toxicologically) or via endocrine-mediating
effects. For instance, fluoxetine, one of the most prescribed pharmaceuticals worldwide (Franzellitti
et al., 2011) alters many endocrine functions to such an extent that it should be considered an
endocrine disrupter (Guler & Ford, 2010). Many other studies have exposed a wide range of PPCP to
amphipods to test for endocrine disruption (Kim et al., 2009; Fong & Ford, 2014; Silva et al., 2015;
Wilkinson et al., 2016).
In the field, amphipods from polluted habitats have been found to have reduced reproductive
potential due to impacts on sperm counts (Yang et al., 2008), fecundity of females (Ford et al., 2003a),
oocyte and embryonic development (Sundelin & Eriksson, 1998; Gross et al., 2001; Schirling et al.,
2005; Geffard et al., 2010) egg number (Zulkosky et al., 2002) and reduction in the number of males
(Jacobson et al., 2010). There is also some evidence associating effluent with the occurrence of
intersex animals (where features of both sexes are found in an individual of a gonochoristic
species)(Ford et al., 2006). Associations between effluent discharges and increased frequency of
intersex have been made primarily in fish (e.g. Jobling et al., 2003; Woodling et al., 2006; Vajda et al.,
2008) but also molluscs (Chesman & Langston, 2006; Andrew-Priestley et al., 2012), copepods (Moore
& Stevenson, 1991; 1994), mysids (Yamashita et al., 2001) and amphipods (Ford, 2004; Yang et al.,
2008). Where pollution coincides with a higher incidence of intersex animals, this has been found to
reduce breeding success in male (McCurdy et al., 2004; Yang et al., 2008) and female (Dunn et al.,
1993; Ford et al., 2003a) amphipods. However, so far there have been no studies investigating changes
of intersex in freshwater gammarids around WwTW effluent points, which is remarkable given the
number of WwTW discharging directly into Gammarus habitat. Compounding the situation is that it is
very difficult to single out endocrine disruption, or indeed any pollution, as a contributory factor in
intersex generation since there are other ‘natural’ causes (Ladewig et al., 2002; Ford et al., 2003a;
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Ford & Fernandes, 2005b) which may have a direct and/or synergistic effect. The mechanisms of sex
determination itself are varied among gammarids (Yang, 2013). In G. pulex Sutcliffe (1992) concludes
that it is mainly controlled by the interaction of allelic sex genes on several chromosomes rather than
the environmental sex determination regularly seen in species such as G. duebeni (Dunn et al., 1993)
and Echinogammarus marinus (Guler et al., 2012). Nevertheless, many studies have found sex ratio in
G. pulex to vary seasonally (Hynes, 1955; Welton et al., 1983; Duran, 2007; Mohammadi et al., 2010).
Such studies are, or course, protracted: in contrast, the only investigation of G. pulex around WwTW
was for only 3 months. A longer term study of gammarid populations around WwTW might mitigate
some of the seasonal effects allowing greater elucidation of any effluent impacts.

1.11 Research
In conclusion, if there is one constant in the literature on the impact of WwTW on Gammarus it is that
there are no consistencies. Therefore, there appears to be a great deal of scope to add more
information into the current knowledge of the effect of WwTW on Gammarus populations. As a
sensitive species, Gammarus is likely to be affected by contaminants at low levels; as a keystone
species, it is prognostic of the health of the wider ecosystem. Therefore, any populational impacts
would be useful in evaluating the impact of wastewater effluent on lotic ecology. A long-term study
looking at different sites and measuring a range of parameters for an extended period would be useful
in adding to our awareness of the possible impacts. A potential confounding factor in the production
of clear patterns is the variability of the environment itself. Therefore, ex-situ tests using the WwTW
effluent would allow for most variables to be controlled and allow any effects to manifest more clearly.
Furthermore, the effects of many of the PPCPs that are found in effluent are still unclear. Responses
to whole effluent can be inconsistent due to the interactions and variability of the components
(Chapman, 2000). How environmentally relevant concentrations of even the more common PPCPs
affect amphipods is still largely unknown. Taken together with the whole effluent toxicity tests, a full
picture of the ecotoxicological impact on this important group would be clarified.
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1.12 Aims of thesis
This aims of this study are to gain a holistic understanding of the likely impact of WwTW effluent, and
the PPCPs contained in it, on the freshwater amphipod G. pulex. Ultimately, the purpose is to enhance
understanding of the toxicity of domestic effluents to a key ecological species and provide information
that may inform environmental protection or whether there is cause for concern over the impact of
environmentally relevant concentrations of PPCP. This will be achieved through the following specific
objectives:
1.

To conduct a long-term (two year) survey of G. pulex in the field, upstream and downstream
of wastewater treatment works (WwTW), recording the population structure and
reproductive status (chapter 2). This would provide a comprehensive in-situ assessment of
the ecological and populational ramifications of WwTW on a keystone species in two southern
chalk river habitats and inform subsequent ex-situ laboratory studies.
Two sites, similar in their output and receiving waters, would be studied. G. pulex samples
would be taken from sites progressively up- and downstream of the discharge points, and the
length, weight, sex and fecundity of the animals recorded to assess if there is any association
of proximity to discharge points with effects on the population or if other variables (such as
environment and season) have a greater – possibly obfuscating – effect. The results of this
study would be important not just because G. pulex populations are indicative of the resilience
of the lotic ecology, but underlies the key tenor of the thesis, which is a pragmatic, applicable
and realistic assessment of the potential for low level contaminants to impact the aquatic
environment.

2. To investigate the effects of two WwTW effluents on sub-lethal endpoints in G. pulex, namely
behaviours associated with activity, phototaxis, feeding and reproduction (chapter 3).
Animals would be exposed to effluent samples (from the WwTWs sampled in the
environmental studies) for 1-3 weeks in a series of experiments. Measurement of activity and
phototaxis would be taken by automatic and manual means to confirm possible effects.
Feeding response would be assessed as a measure of sub-lethal, chronic toxicity. Potential
reproductive effects would be investigated by the measurement of copulatory behaviour
between animals after exposure to effluent.
Whole effluent testing within the laboratory would reduce possibly confounding effects of
environment and season that may obscure effects seen in the field. Moreover, though
obviously directly relevant to the environmental situation, whole effluent effects cannot be
attributed to any specific PPCPs. Therefore, further studies would be undertaken to
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specifically investigate the effects of isolated PPCPs in concentrations known to be historically
present in the effluent.
3. To measure the effects of environmentally relevant concentrations of PPCPs on the activity,
phototaxis and feeding response of G. pulex (chapter 4).
This would effectively mirror the investigations completed on the whole effluents to compare,
contrast and potentially clarify some of the effects seen after exposure to WwTW effluents.
Animals would be exposed to PPCPs in concentrations typical of WwTW effluent over 1-3
weeks and then the same endpoints of activity, phototaxis and feeding assessed. PPCPs would
be chosen that were particularly common or abundant in WwTW so that the results would be
realistic, relevant and potentially useful in informing regulatory guidelines.
4. To assess the impact of PPCP on the reproduction of G. pulex in terms of behaviour and
reproductive output (chapter 5).
Since reproduction is a particularly sensitive and crucially important process it offers ideal
parameters to assess in ecotoxicological impacts. After exposing G. pulex to a range of
environmentally relevant concentrations of PPCPs (the same those in chapter 5) the
copulatory behaviour would be assessed as well as the number and development of embryos.
There is very little research on reproductive impacts, thus the results may prove informative
for evaluating the potential toxicity that regulatory toxicological assessments (of adult life
stages) have missed.
The findings from each approach will be compared and related with each other (chapter 6) to reach a
conclusion on the ecological impact of WwTW effluents and their components.
The findings of the environmental monitoring and laboratory based effluent studies will be used to
evaluate how well the current WwTW effluent processing is mitigating the environmental impact of
low level contaminants. This will be relevant in assessing if the current treatment methods are
adequate to process a relatively novel, but increasing, source of aquatic pollution.
The results of the PPCP exposure assays will inform the current debate on whether there needs to be
greater regulation of these low-level, but very powerful environmental contaminants. Statutory
guidelines are typically based on lethal endpoints (e.g. LC50 tests) which may not be adequately
sensitive or applicable to the environmental situation. Therefore, the investigation of a range of nonlethal endpoints may demonstrate more progressive and useful assessment techniques.
Finally, the thesis will conclude whether PPCPs, as important environmental contaminants, are likely
to impact rivers. It will identify which, if any, chemicals are of greatest concern and whether the
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current guidelines and WwTW methods are adequate to mitigate effects they may have on G. pulex
and, by extension, the wider river ecology.
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Chapter 2 Environmental effects of sewage effluents
2.1 Introduction
2.1.1 Context and background
A recent report estimates the increasing global population is placing an unsustainable burden on over
65% of the Earth’s rivers, with chemical pollution one of the main causes of degradation and biodiversity
loss in aquatic ecosystems (Vörösmarty et al., 2010). While chemical pollution can, of course, be emitted
by a wide range of sources (Schwarzenbach et al., 2010) the contribution of Waste water Treatment
Works (WwTW) is considerable (Begum, 2015; Laws, 2017). The impact of WwTW effluent on lotic
ecosystems has been of interest since at least the 1950s (Gaufin & Tarzwell, 1956). The advent of specific
water pollution legislation in the 1960s heralded a major movement to deal with the major pollution of
many of Britain’s rivers by the newly created Regional Water Authorities. Their effort contributed to major
improvements in the water quality, the reduction of the most obvious, gross pollution, and the return of
riverine species to areas where hitherto they had been absent (Boon & Raven, 2012). Though gross
pollution had been recognised as an issue since the mid nineteenth century (Porter, 1978) it took until
the end of the twentieth century for the nature of less obvious contaminants to be investigated. In 1991,
a report observed that “Increased public awareness of river water quality problems has led to concern
over the continued discharge of low-level contaminants in sewage treatment work (WwTW) final
effluents” (Bubb & Lester, 1991). Initially, the focus of the research was on endocrine disruption (e.g
Purdom et al., 1994; Sumpter & Jobling, 1995; Sumpter, 1998; Tyler et al., 1998) though, even then,
interest was developing in other effluent components such as pharmaceuticals and personal care
products (PPCPs) (Daughton & Ternes, 1999).

2.1.2 Waste water treatment works: research and regulation

Considering their ubiquity and relative importance as polluters it is of little surprise that WwTWs have
been investigated in terms of their impact on organisms from virtually every ecological niche including
bacteria (Chen & Zhang, 2013), algae (Dudley & Shima, 2010), polychaetes (Markman et al., 2007; DelPilar-Ruso et al., 2010), molluscs (Cannicci et al., 2009; Tyler & Goodhead, 2010; Scrimshaw et al., 2013),
daphnids (Baer et al., 2009), gammarids (Bundschuh et al., 2011c), decapods (Dudley & Shima, 2010),
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diptera (Park et al., 2009), fish (Sebire et al., 2011; Brozinski et al., 2013), birds (Alves et al., 2012), and
whole aquatic communities (Alves et al., 2012; Grantham et al., 2012).
It is established that WwTW can have an impact on rivers through eutrophication (Gooddy et al., 2016),
water quality (Macintosh et al., 2011) , microbial contamination (Passerat et al., 2011) and the release of
organic materials (Nnane et al., 2011) , heavy metals, and ‘foreign’ chemicals or xenobiotics (Gardner et
al., 2012) . Since the turn of the century, the contents of WwTW effluent in Europe have been regulated
specifically by the Urban Waste Water Directive (91/271/EEC) which in turn is part of the objective of the
Water Framework Directive (WFD, 2000/60/EC). The latter set targets for well-established pollutants such
as suspended solids, nitrogenous compounds, phosphate, metal ions and as well as biochemical oxygen
demand (Defra, 2002), but also aimed to identify so called ‘priority substances’ – chemicals that were
notable for their high risk to aquatic ecosystems. By 2008, a list of 33 priority substances was established
by the Directive 2008/105/EC (the Environmental Quality Standards Directive, EQSD). These included
chemicals, plant protection products, biocides, metals and other groups like Polyaromatic Hydrocarbons
(PAH). Environmental quality standards were set for these substances and 8 other pollutants (based on
their acute and chronic effects to aquatic environment and human health), and expressed as a permitted
annual average value (level providing protection against long-term exposure) and/or maximum allowable
concentrations (level providing protection against short-term exposure). Furthermore, member states
were charged with reducing their environmental levels (EC, 2016). As ecotoxicological research identifies
new potential threats, these may inform the list of priority substances for regulation (Gonzalez-Rey &
Bebianno, 2014), indeed, in August 2013 the Directive 2013/39/EU amended both Directives 2000/60/EC
and 2008/105/EC, and updated the water framework policy to include new priority substances and set
new EQS (Ribeiro et al., 2015). As a group of substances attracting attention within the ecotoxicology
community, few can match the PPCPs, for which the global interest has increased “exponentially” within
the last decade (Gómez-Canela et al., 2013; Boleda et al., 2014). In response, the European Commission
developed a new mechanism to reinforce the risk assessment of medicinal products to the aquatic
environment and revise the current legislative framework. This involved their inclusion in a dynamic
‘Watch List’: a restricted number of substances/group of substances (up to 10) which are continually
reviewed and are targeted in order to determine and prioritise suitable risk reduction measures (EC,
2015). The current list (Table 2.1) is proposed for ratification within the immediate future.
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Table 2.1 Substances most recommended for the first Watch List under the Environmental Quality
Standards Directive 2008/105/EC as amended by Directive 2013/39/EU (EQSD), subject to the availability
of the analytical methodology to monitor them (EC, 2015)
Chemical

Category

Diclofenac

Nonsteroidal anti-inflammatory drug

17-Beta-estradiol (E2), Estrone (E1)

Steroid and oestrogen sex hormone

17-Alpha-ethinylestradiol (EE2)

Synthetic, steroidal oestrogen

Oxadiazon

Herbicide

Methiocarb

Pesticide

2,6-ditert-butyl-4-methylphenol

Antioxidant

Tri-allate

Herbicide

Imidacloprid, Thiacloprid, Thiamethoxam,

Neonicotinoid insecticides

Clothianidin, Acetamiprid
Erythromycin, Clarithromycin, Azithromycin

Antibiotics

2-Ethylhexyl 4-methoxycinnamate

Sunscreen and lip-balm ingredient

2.1.3 Discharge of Pharmaceuticals and Personal Care Products
The primary device for reducing the prevalence of PPCPs in the environment is by removing them before
they contaminate it. Generally, conventional sewage treatment is effective at removing/degrading some
of the more labile compounds (Nakada et al., 2008), but it is not so effective in eliminating many ‘micropollutants’, including endocrine disrupting chemicals (Nakada et al., 2007; Stasinakis et al., 2013; Xu et
al., 2014; Hamilton et al., 2016) and PPCPs, for which WwTWs are the considered to be the dominant
route into the environment (Ericson et al., 2010; Fong & Hoy, 2012). Because the concentrations of these
compounds in effluent are extremely low – typically nanograms per litre or less - the risk of acute
environmental toxicity is often considered negligible (Franzellitti et al., 2013). Arguably, however, what
WwTW discharges lack in potency they make up for in quantity: WwTW discharges are as voluminous as
they are unremitting - discharging over 11 billion litres of effluent into surface waters, estuaries and the
sea every day in the UK alone (Defra, 2002) - and this constant, low-level and multigenerational exposure
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of aquatic organisms to effluent components is driving a growing interest in the chronic effects on aquatic
biota and important ecosystem processes (Kümmerer, 2009; Santos et al., 2010).
In the wider context, domestic wastewater effluent is only one of the (albeit main) routes for PPCPs into
the environment. There are four other major sources: namely, landfill, livestock waste (including
aquaculture), hospital waste, and industrial waste (figure 2.1) which are reviewed and summarised by
several studies (Eggen et al., 2010; Pal et al., 2010; Lapworth et al., 2012).

Figure 2.1 Sources and pathways for PPCPs entering groundwater (adapted from Sui et al., 2015)

The primary pathway of contaminants from landfill is leachate, which contains significant amounts of
dissolved organic matter, heavy metal and other contaminants, including PPCPs (Li et al., 2009; Sui et al.,
2017). Ultimately, this leachate can infiltrate the groundwater and thence, the rivers (reviewed by Sui et
al., 2015). After sampling 47 groundwater sites in the U.S. for pharmaceuticals and organic contaminants,
Barnes et al. (2008) found a detection frequency exceeding 30%.
Though strictly monitored and controlled, PPCPs can originate directly from the industry manufacturing
them; for instance, Fick et al. (2009) investigated the surface, ground and drinking water around bulk drug
manufacturing areas and found high levels of antibiotics. Cardoso et al. (2014) provide a review of the
evidence and conclude that further studies are required to characterize accurately this pathway.
Though localised, most hospital waste water is not specially treated, but rather goes directly into the
sewer for treatment by WwTW (Gillard et al., 2014). Despite being variable and sporadic, it would be
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erroneous to assume this route of entry for PPCPs is negligible (Daouk et al., 2016). In some cases, the
contribution of some PPCPs can be substantial and in potentially toxic concentrations (Ort et al., 2010).
It is estimated that of the approximately 3000 pharmaceutically active compounds licenced in Europe
(Touraud et al., 2011), those licenced for human and veterinary use were 65% and 29% of the total,
respectively, (the remaining 6% consisted of growth promoters) (Di Nica et al., 2015) - clearly, the range
of veterinary pharmaceuticals is substantial. Their pathway into the aquatic environment is variable: as a
component of landfill leachate, or directly exposed to the environment via process such as grazing
animals, manure spreading and aquaculture treatment (Kim et al., 2016). Environmental impact might be
unplanned: perhaps most infamously, the indiscriminate use of the anti-inflammatory drug diclofenac in
cattle led to the near extirpation of Indian vultures (Galligan et al., 2016). But there is concern that many
of the pharmaceuticals are designed specifically to be toxic to invertebrates - such as the arthropods in
the case of flea and fish louse treatments (Bundschuh et al., 2016).

2.1.4 Measuring environmental impact of effluents

Historically, the impacts of WwTWs on the environment have been investigated with the use of biological
methods, namely biotic indices (Wenn, 2008; Morrissey et al., 2013) , and chemical sensors (Pejcic et al.,
2007). Biological surveys, including biotic indices, provide information on community effects and reflect
the overall health of the system. They are an integrated measure of all stressors, including the total toxic
effect, and provide additional information on the persistence and bioaccumulation of substances and as
such are invaluable in describing the total environmental impact of an effluent (Metcalfe‐Smith, 2009) .
They have been used in aquatic ecotoxicology since its inception and in many ways, define it (Truhaut,
1975). Many (if not most) field studies of effluent impacts have been on fish (Triebskorn et al., 2008; Vajda
et al., 2008; Al-Bahry et al., 2009; Schultz et al., 2010), though invertebrates are obviously of key
relevance.
Invertebrates represent the major part of the animal kingdom by a substantial margin – perhaps 97%
(Harley & Miller, 2015) ; they occupy critical positions in most ecosystems, facilitating decomposition and
the trophic transfer of nutrients and serving as an important food source for other animals (Marcarelli et
al., 2011) ; they are often relatively immotile and therefore subject to localised perturbations (Lebrun et
al., 2011); they are often present in relatively high numbers and easily collected (Utz et al., 2009) . Table
2.2 reviews a range of studies of WwTW effluents on invertebrates.
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Table 2.2 Effect of sewage treatment works on invertebrate taxa (in-situ)
Duration of
study
1 year

Reference

2 mo

(de la Ossa Carretero et
al., 2008)

No effect

2 mo

(Bianchi et al., 2014)

Lipid content

No effect

28d

(Sabatini et al., 2011)

Size

Increased

Polychaetes

Diversity

Reduced

1 year

(Sánchez et al., 2013)

Arthropoda Chironomidae

Diversity

Reduced

Spot sample

(Simião-Ferreira et al.,
2009)

Diversity

Reduced

1 year

(Oliveira et al., 2010)

Abundance

Reduced

5 years

(de la Ossa Carretero et
al., 2008)

Size

Smaller

4 years

(De-la-Ossa-Carretero
et al., 2012)

M:F ratio

Reduced

% Ovigarous
females

No effect

Fecundity

Reduced

2 yr (4mo
intervals)

(Peschke et al., 2014)

M:F ratio

Reduced

M:F ratio

No effect

14mo

(Ladewig et al., 2006)

Intersex frequency

No effect

Invertebrate taxa

Biomarker

Effect

Rotifera

Diversity

Increased

Density

Decreased

Recruitment

Decreased

Size

Reduced

Energy reserves

Bivalvia

Crustacea

(Janakiraman et al.,
2012)

Amphipoda

As can be seen in Table 2.2, members of the order Amphipoda have been the subject of many
investigations on the impact of WwTWs and their effluents. Amongst all invertebrates in lotic ecosystems,
this taxon is arguably one of the most useful as a biological indicator – they are regarded as keystone
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species within the freshwater food web, they have a wide natural distribution, and are easily sampled in
high numbers (Peschke et al., 2014). Furthermore, they are gonochoristic and the sexes are easily
distinguished (Felten et al., 2008b), and they are notable in being particularly sensitive to pollutants
compared to other crustaceans (Felten et al., 2008a; Geffard et al., 2010; Jacobson et al., 2010). In
addition, due to their lifestyle as a bottom-dwelling organism, many species may be particularly exposed
to higher concentrations of hydrophobic compounds that are common in WwTW effluent (Golding et al.,
2008) .
Although research into the toxic effects of WwTW on invertebrates has increased during the last decade,
many of the studies were largely conducted under laboratory conditions (e.g. Peschke et al., 2014;
Schneider et al., 2015). This may be because unlike data gathered in the field, laboratory studies offer the
possibility of excluding the ‘noise’ of innumerate variables. However, this is also their limitation – ex-situ
assays cannot cover all possible interactions between chemicals, interactions with other abiotic and biotic
factors, temporal variability of exposure, which field studies can (Piva et al., 2011). Historically, studies
directly comparing field and laboratory exposures have found the latter to be of higher (Sarakinos &
Rasmussen, 1997) or lower (Bloor & Banks, 2006; Ecetoc, 1997) toxicity. Clearly, to get the full picture
there needs to be both - controlled, ex-situ exposure to effluents and/or their components when studying
specific and subtle effects, as well as in-situ monitoring of natural populations to detect real impact in the
environment.
Particularly when conducting in-situ studies on populations, it is important to conduct long term studies.
Exposure to very low levels of pollution can take a long time to have an effect (Thorpe et al., 2008).
Furthermore, the life-span of Gammarid species in northern latitudes is relatively long at 2 years (Sutcliffe,
1993) and therefore changes in population structure are likewise protracted (Paganelli et al., 2016). Many
effects, such as fecundity, egg size and sex ratio, may be obfuscated by natural seasonal variation (Nygård
et al., 2010; Becker et al., 2013; Prato et al., 2013a) and the tolerance to pollution itself may vary
temporally (Dehedin et al., 2013). Despite this, to date there have been no studies on Gammarid response
to WwTW effluent in the UK that have been longer than 3 months.

2.1.5 Survey area
Of all lotic ecosystems in the UK, chalk streams are probably the most imperilled. Of the 200 chalk streams
in the world, 160 are in England, 23% of them are classified by the EA as ‘endangered’ (Pearce, 2014) and
77% have not achieved ‘good’ status (EA, 2013a). The key pressures are: physical modification, (e.g. for
historic land drainage and industry), over abstraction (particularly for public water supply), and pollution
from sewage works, septic tanks and agriculture (WWF, 2014). For the purposes of this investigation, it
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was important to study rivers that were of key ecological significance (nationally and internationally) thus any findings would be of broader concern - and, despite their scarcity and ecological value, the
selected rivers should be subject to anthropogenic impacts. The rivers Test and Itchen meet these
requirements. They have an international reputation as being two of the finest chalk stream habitats (EA,
2009b, 2013b); both rivers have stretches designated as Sites of Special Scientific Interest (SSSI). The river
Itchen is further distinguished as a Special Area of Conservation (SAC) - under the EC Habitats Directive –
because it is a ‘classic’ example of a chalk river and due to the presence of rare flora and fauna
(Ranunculion fluitantis and Coenagrion mercurial respectively). Both rivers are low energy systems; flow
variability is reduced due to historic modifications (dating back over 1000 years) affecting channel
planform (straightening, widening and re-sectioning) and longitudinal connectivity (impoundments and
deepening). Chalk outcrops form the majority of both the Test and Itchen catchments - estimated at 90%
and 80% chalk respectively (EA, 2013b) - and both catchments are managed together in a single
Catchment Flood Management Plan (EA, 2009b); an area of 1,760 square kilometres (Figure 2.2) of which
the Test catchment forms a large majority (1260km2).

R. Test

R. Itchen

Figure 2.2 The Catchment (under the Catchment Flood Management Plan) of the rivers Test and Itchen
(EA, 2009)
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The catchments are mainly rural, predominantly arable and pasture. There are few major conurbations
on the rivers: the largest on the Test are Andover (population 52,000) and Romsey (17,039), and on the
Itchen: Winchester (45,184) and Eastleigh (54,225) (HCC, 2016), though both rivers drain into the heavily
industrialised port of Southampton (Figure 2.3).

R Test

R Itchen

Figure 2.3 Human population density in 2001 and 2011 census in the Southampton Water catchment
(CEFAS, 2015)

There are two substantial discharges of treated sewage effluent made into the river Test; at Andover (the
Fullerton treatment works that discharges into the river Anton, a tributary) and, further downstream, at
Romsey (Figure 2.4 and Table 2.3). There are also 3 smaller treatment works at Chilbolton, Kings
Somborne and Stockbridge, and an additional 14 local WwTW including those based on tributaries (EA,
2011). On the Itchen there are four sewage treatment works: at Winchester (Harestock), Eastleigh
(Chickenhall), and Portswood and Woolston (both within the tidal range of Southampton Water) (EA,
2008).

30

Figure 2.4 Locations and dry weather flows of the water company owned continuous discharges in the
Southampton Water catchment. Dry weather flow refers the average daily sewage flow entering a sewage
treatment plant measured following 7 days without rain weather. For description of sites, see Table 2.3
(CEFAS, 2015)
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Table 2.3 Details of sewage works permits within the survey area (CEFAS, 2015). *Denotes WwTW
involved in the study

*

*

Although, at the turn of the century, both rivers were associated with ‘an abundant and exceptionally
species-rich’ diversity (Natural England, 2001), subsequent assessments undertaken by Natural England
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showed that sections within both SSSIs were in unfavourable condition, which led to the development of
the ‘Test & Itchen River Restoration Strategy’ (EA, 2013b). According to the strategy, water quality on
both the rivers has been affected by diffuse and point source pollution, including excess fine sediment
and discharges from WwTWs and septic tanks.
The improvement of WwTW effluent through the upgrading of WwTW processes has been a national
objective - driven by the Urban Waste Water Directive (91/271/EEC) – since 1991, but by the early 21st
century it was increasingly evident that the impacts of WwTW effluent were wider than initially supposed.
In 2010, as part of a national strategy to investigate the severity of micro-pollutants (including metals,
industrial chemicals, biocides and PPCPs – see Appx 1a) in the UK the Chemical Investigation Programme
(CIP) was initiated. Now in Phase II, the Programme investigated concentrations of trace compounds in
the influent and effluent of 162 WwTWs throughout the UK and is currently focussing on the treatment
options. Chickenhall WwTW, on the Itchen, was one of the works investigated (Figure 2.5).

Figure 2.5 Occurrence of pharmaceuticals at Chickenhall WwTW as measured by the CIP (R. Reeves, pers
comm 8 Nov 2013)

Though the chemical data are present, there has not been any published study into the biological effects
of the WwTW of Chickenhall or any other WwTW within the Test and Itchen catchment. Given its
recognition as a sensitive taxon, and representative of the health of the wider lotic community (Hughes,
2014), Gammarus pulex seem an obvious choice for such an assessment.
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2.1.6 Endocrine disruption and intersex prevalence
Endocrine disruption (ED) in riverine ecosystems has been of concern for almost 40 years (Sumpter &
Johnson, 2008) so it is not surprising that both the Test and Itchen have been involved in ED studies: in
the Test, measured concentrations chemicals associated with ED were all <0.6ng L -1, a value that was
considered low and unlikely to be of concern (Ellis et al., 2011). On the Itchen, of 13 sample points taken
throughout its length, 10 were considered to be at ‘no risk’ of ED, but three reaches – from immediately
below Chickenhall WwTW to the tidal limit of the river- were considered to be ‘at risk’ due to elevated
levels of steroids (EA, 2008). Though endocrine disruption associated with WwTW effluent exposure has
been extensively researched among vertebrates (reviewed by Vandenberg et al., 2009; Kime, 2012) the
effect on invertebrates is much less clear. Endocrine disruption is associated with sexual development,
and has been associated with intersex fish (that is, animals displaying characteristics of both sexes) found
around WwTW (Vajda et al., 2008; Tetreault et al., 2011) . The endocrine system of invertebrates is not
directly paralleled with that of vertebrates but intersex (or imposex, where the male sexual characteristics
overwhelm – rather than replace - the female reproductive tract) specimens have sometimes been
associated with effluents and pollution in gastropods (Coray & Bard, 2007; Santos et al., 2008; Lusher et
al., 2016) and crustaceans (Mazurová et al., 2010; Ford, 2012) . On the other hand, similar studies have
found no such link (Moore & Stevenson, 1994; Gross et al., 2001; Ladewig et al., 2002; Jungmann et al.,
2004; Ladewig et al., 2006). To date, there have been no studies on the frequency or incidence of intersex
G. pulex in natural populations. Ford and Fernandes (2005b) in their review of intersex incidence amongst
museum specimens of amphipods, found an example of an intersex specimen (albeit represented by a
single intersex female), and Gross et al. (2001) reported variation in genital papillae length amongst G.
pulex populations, however, there does not appear to be any reports of intersex G. pulex in European
river populations.
To summarise, the evidence for a link between intersexuality and WwTW effluent is mixed, Gammarus
are among the best sentinel invertebrate species and generally abundant around WwTW discharges but
the data are lacking. There have been no investigations on the population, sex ratios, or intersex
frequency of G. pulex on the Itchen, the Test or indeed any European river within the last 30 years, aside
from a 3-month study on the river Mimram which did not look for intersex specimens (Gross et al., 2001).
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2.1.7 Aims, objectives and hypotheses
The aim of this study was to conduct a long-term investigation on the populations of Gammarus pulex on
the rivers Test and Itchen upstream and downstream of WwTW. Specific objectives were:
•

To undertake a long-term survey of populations of G. pulex on two very similar rivers, focussing
around WwTWs.

•

To record the size (length/weight) of G. pulex, their sex ratios, brood size, and size and
developmental stages of the eggs.

•

To assess the frequency (if any) of intersex phenotypes in natural populations of G. pulex and
whether there was any evidence of effects of long term exposure to WwTW effluents and
potential endocrine disruption.

This study aimed specifically to address the following hypotheses:
H1 - The size (length and weight) of G. pulex will not vary upstream of WwTW effluent discharge compared
to downstream.
H2 - The population structure will not vary upstream versus downstream in sex ratio and there will be no
impact on the reproductive output.
H3 - There is no effect of proximity to effluent discharge on the intersex frequency of G. pulex.

2.2 Methodology
2.2.1 Site selection
The first site chosen for the in situ monitoring of G. pulex on the River Itchen was at Chickenhall WwTW
(Latitude: 50.970299, Longitude: -1.34496) (Figure 2.6 and Figure 2.7).
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Figure 2.6 Catchment of the River Itchen: • indicates location of Chickenhall WwTW (NERC CEH, 2012b)

Figure 2.7 Location of Chickenhall WwTW © Crown copyright and database right (2016)
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This site was selected because it was one of 162 WwTW sampled as part of the Chemical Investigation
Programme and therefore had the content of its effluent measured for a year (Figure 2.5 and Table 2.4).
It is licenced to discharge 32,000 m3 day-1 (the full discharge licence can be found in appendix 1b). The
discharge point itself is sub-surface.
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Table 2.4 PPCP contents (µg l-1) of Chickenhall WwTW effluent 2010 -2011 (R. Reeves, pers comm 8 Nov 2013, as part of the CIP)
Analyte

pH

Sample date

Type*

Triclosan

Ibu

Pro

Ery

Ofl

Oxy

Sal

Fluox

AM

NSAID

BB

AB

AB

AB

AB

SSRI

09/08/2010

7.7

0.344

0.145

0.06

0.23

<0.01

0.03

<0.01

<0.01

24/08/2010

7.5

0.159

0.701

0.08

0.17

<0.01

0.04

0.359

<0.01

08/09/2010

8

0.111

0.0678

0.12

0.42

<0.01

0.04

0.142

0.03

20/09/2010

8.2

0.108

0.073

0.08

0.26

0.03

0.04

0.019

0.02

04/10/2010

7.9

0.165

0.088

0.14

0.09

<0.01

00.05

0.019

<0.01

20/10/2010

8

0.128

0.246

0.12

0.76

<0.01

0.01

0.038

0.01

01/11/2010

8

0.0631

<0.01

00.05

0.32

<0.01

00.056

<0.01

<0.01

17/11/2010

8.1

0.139

<0.01

0.04

0.29

<0.01

0.118

<0.01

<0.01

29/11/2010

7.9

0.193

0.231

0.06

0.73

<0.01

<0.01

0.019

<0.01

13/12/2010

7.6

0.094

<0.01

00.05

0.58

<0.01

0.02

<0.01

<0.01

10/01/2011

8

0.0966

<0.01

0.03

0.66

<0.01

0.02

<0.01

0.02

18/01/2011

7.9

0.104

<0.01

0.07

0.1

<0.01

0.02

<0.01

0.01

25/01/2011

8

0.0873

0.0297

0.08

0.35

<0.01

<0.01

<0.01

0.03

07/02/2011

8.1

0.126

0.0618

0.1

0.49

<0.01

0.03

0.019

<0.01

16/02/2011

8.1

0.177

00.0551

0.06

0.23

<0.01

0.02

<0.01

<0.01

28/02/2011

8.1

0.0603

0.0705

0.117

0.257

<0.010

0.031

0.019

<0.01

15/03/2011

7.9

0.0843

<0.01

0.093

0.194

<0.01

0.044

0.06

0.023

22/03/2011

8

0.0868

<0.01

0.075

0.147

<0.01

0.035

0.073

0.021
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05/04/2011

8.1

0.114

<0.01

0.129

0.277

<0.010

0.034

0.088

0.027

19/04/2011

8

0.194

0.0196

0.125

0.147

<0.010

0.044

0.127

0.032

26/04/2011

7.8

0.075

0.0233

0.116

0.358

<0.010

0.025

0.084

<0.01

11/05/2011

8.1

0.0794

<0.01

0.126

0.238

<0.010

0.08

0.047

<0.01

18/05/2011

7.9

0.0798

<0.01

0.121

0.15

<0.010

00.059

0.062

<0.01

25/05/2011

7.9

0.101

<0.01

0.134

0.495

<0.010

00.053

0.151

<0.01

06/06/2011

8

<00.05

<0.01

0.124

0.152

<0.010

0.063

<0.01

<0.01

15/06/2011

7.9

0.0947

<0.01

0.139

0.232

<0.010

0.096

0.077

<0.01

27/06/2011

8.4

<00.05

<0.01

0.157

0.429

<0.010

0.095

<0.01

<0.01

05/07/2011

8.1

0.0814

<0.01

0.112

0.241

<0.010

0.088

<0.01

<0.01

Tri Triclosan Ibu Ibuprofen Pro Propranolol Ery Erythromycin Ofl Ofloxacin Oxy Oxytetracycline Sal Salicylic Acid Fluox Fluoxetine; AM Anti microbial NSAID Non-steroidal antiinflammatory drug BB Beta blocker AB Antibiotic SSRI Selective serotonin reuptake inhibitor
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The comparative site was at the Fullerton WwTW on the River Anton (Latitude: 51.15151, Longitude: 1.465585), a major tributary of the River Test (
Figure 2.8 and 2.8). It was selected since it discharges into a similar habitat as Chickenhall (a chalk stream);
like Chickenhall, the discharge point is sub-surface; it has the same effluent treatment process, and the
environmental limits of both effluents are very similar (the full discharge licence can be found in appendix
1b). Thus, it was an ideal opportunity to compare and contrast the environmental impacts of similar
WwTWs on comparable habitats. Fullerton WwTW is licenced to discharge 19, 291 m3 day-1.

Figure 2.8 Catchment of the River Anton. • indicates location of Fullerton WwTW (NERC CEH, 2012a)
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Figure 2.9 Location of Fullerton WwTW © Crown copyright and database right (2016)

Table 2.5 Details of WwTW selected for sampling sites (D. Clarke, pers comm.; CEFAS, 2015)
WwTW

Population
equivalent
served

Full flow to
treatment
(l s-1)

Dry water
flow (m3
day-1)

Chickenhall

101,692

788

32,000

Fullerton

62,194

453

19,291

aCPS

Type of
treatment

Secondary
+CPSa
Secondary
+CPS

Discharge
point

Addition
to river
Flow (%)

R. Itchen

River flow
at
discharge
(m3 s-1)
5.907

R. Test

1.879

23

b

13

Chemical Phosphate Stripping; b Maximum addition to river flow

For both WwTW, excess flows go through storm tanks where the solids are settled out and the liquid is
released directly into the rivers; though such an event is very irregular (CEFAS, 2015).

2.2.2 Characterisation of sampling sites
To analyse the effects of the WwTW on invertebrates, different sampling points were identified based on
distance from discharge point and access permissions. Both rivers are prime salmonid fisheries of
international repute (EA, 2009b, 2013b) and on the beats around the WwTW access was controlled and
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privileged, therefore sampling was restricted in terms of days, time and duration. Sampling was
conducted before 8am, on bi-monthly intervals for two years. Initially, sample points 5m up stream of the
discharge point, 5m downstream, 10m downstream and immediately at the discharge point were selected
on a basis of ease of access. However, after two sampling dates the points were changed to 15m up, 5m
up, point, and 15m down-stream due to concerns over the dispersion of animals. For analysis, data were
pooled into the following groups: High upstream (10 and 15m above discharge point), Low upstream (5m
above), Point (of discharge), High downstream (5m below discharge point) and Low downstream (10 and
15m below point).
Both sites were similar in their characteristics: at the point of sampling they were of mature stage, in low
lying agricultural floodplain with conurbations immediately upstream. Riparian vegetation was very
similar for both. The river profiles were variable at each sampling point, which was reflected in flow rates
and deposition rates, therefore sediment varied between fine sand and coarse gravel in the cross section
of each sampling point. Specimens were collected in a transect along the sampling point.

a.
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Figure 2.10 Sampling area of (a) Chickenhall and (b) Fullerton WwTW (Google maps.co.uk)

With each sample, physical variables, such as benthic composition, temperature, and flow rate of the
three sites, were measured for the first year and were similar between sites (Table 2.6 and Table 2.7).
Temperature was less at Fullerton, possibly linked with the depth which was universally lower than the
sampling points at Chickenhall. The temperature and depth did not, however, affect oxygen levels or
velocity (respectively) which was consistent between both sites.
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Table 2.6 Characteristics of Chickenhall sampling points – data given as mean (range)
Sample point
Parameter

15u

5u

Point

5d

10d

15d

Temp (°C)

13.4 (9.7-15.3)

11.9 (8.8-15.4)

11.9 (8.8-15.4)

10.7 (9.8-12.5)

9.8 (8.7-10.9)

13.8 (10.3-15.9)

DO (mgl-1)

10.8 (9.4-11.9)

11.2 (9.8-12.2)

11.3 (9.6-12.3)

12.1 (11.9-12.5)

11.7 (11.2-12.0)

10.5 (9.7-11.8)

Velocity (m s-1)

0.5 (0.4-0.7)

0.2 (0.1-0.3)

0.8 (0.7-0.8)

0.6 (0.5-0.7)

0.4 (0.4-0.5)

0.5 (0.4-0.7)

Width (m)

3.2

3.1

4.6

3.3

4.7

3.9

Depth (m)

2.3 (0.2 - 2.5)

2.4 (0.1 – 2.5)

1.6 (1.4 – 1.8)

2.2 (1.6-2.3)

1.4 (0.9-1.7)

1.9 (1.0-2.0)

Flora

<50% Ranunculus spp. Iris pseudacorus, Typha latifolia and Juncus spp. <10% Acer campestre and Alnus glutinosa

Benthic

Small pebbles, Pebbles and gravel

composition*

U = m upstream of discharge point, d = m downstream of discharge point * (Classified according to Adams et al., 1987; Graca et al., 1994)
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Table 2.7 Characteristics of Fullerton sampling points
Sample point
Parameter

15u

5u

Point

5d

10d

15d

Temp (°C)

10.8 (7.6-13.7)

9.2 (5.6-13.4)

9.2 (6.0-13.4)

7.4 (6.1-9.2)

7.4 (6.1-9.1)

11.4 (8.8-13.3)

DO (mgl-1)

10.4 (9.1 -12.2)

11.1 (8.4 -13.4)

11.2 (8.3 -15.8)

11.8 (10.2 -13.6)

11.7 (10.3 -13.7)

9.6 (8.3 -10.3)

Velocity (m s-1)

0.4 (0.3 - 0.5)

0.4 (0.3 - 0.4)

0.4 (0.3 - 0.5)

0.5 (0.3 - 0.6)

0.5 (0.3 - 0.5)

0.4 (0.3 - 0.8)

Width (m)

6.1

6.9

7.1

6.8

6.9

7.2

Depth (m)

0.8 (0.5 – 0.8)

0.7 (0.5 – 0.8)

0.7 (0.4 – 0.7)

0.7 (0.3 – 0.8)

0.7 (0.4 – 0.8)

0.7 (0.3 – 0.8)

Flora

<50% Ranunculus spp. Iris pseudacorus, Typha latifolia and Juncus spp. <10% Acer campestre and Alnus glutinosa

Benthic

Stones, pebbles and gravel

composition*
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2.2.3 Collection of sample animals
Gammarids were collected from the sample points as per Furse et al. (1981) by repeatedly kick
sampling across the full width of the river using a standard Freshwater Biological Association net [GB
Nets, Totnes, Devon, UK] (mesh 900 μm, aperture 230 × 255 mm, bag depth 275 mm). Samples were
taken back to the laboratory, separated from debris, and Gammarus were fixed in 4% formalin and
preserved in 90% ethanol (IMS) (Duran, 2007). G. pulex was confirmed using the keys of the
Freshwater Biological Association (Gledhill et al., 1993; Dobson, 2012).

2.2.4 Measurement of size
The body length, from the anterior margin of the head to the posterior margin of the telson, was
measured to the nearest 0.5mm by straightening each animal out with micro forceps against graph
paper (as per Gross et al., 2001). Weight was measured by blotting excess IMS from each animal on
tissue before weighing (MSE324S Sartorius: Epsom, Surrey, UK) to the nearest 0.1mg (as per Hynes,
1955). Data were grouped into female, male, female intersex and male intersex (ovigarous and nonovigarous females were pooled).

2.2.5 Determination of sex
Sex identification was carried out according to Welton (1979) using a dissection microscope (Meiji
techno RZBD) with a magnification up to 30X. Females were distinguished by the presence of four
pairs of oostegites in the thoracic region and small propodus of the gnathopods (
Figure 2.11 Underside of female G. pulex. (a) Marsupium - note oostegites with setae. Orange
embryos can be just seen within
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and 2.10).

Figure 2.11 Underside of female G. pulex. (a) Marsupium - note oostegites with setae. Orange embryos
can be just seen within
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1mm

Figure 2.12 Lateral view of female G. pulex. Note small gnathopods (a)

Males, in contrast, bare two genital papillae between the last pair of walking legs and a larger
propodus of gnathopods 1 and 2 (
Figure
and

2.13
2.12).
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Figure 2.13 Underside of male G. pulex. (a) Paired genital papillae

1mm

1mm
Figure 2.14 Lateral view of male G. pulex. Note larger propodus of gnathopods (a)
Intersex specimens (Figure 2.15 and 2.14) were categorised as intersex male if they had both genital
papillae as well as rudimentary oostegites, whereas intersex females displayed oostegites with setae
as well as one (or two) genital papillae (Ford et al., 2003a).
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Figure 2.15 Underside of female intersex G. pulex. (a) genital papilla; (b) oostegites with setae

Figure 2.16 Underside of male intersex G. pulex. (a) undeveloped oostegites without cetae (b) genital
papilla

Females were distinguished as ovigarous or non-ovigarous depending on whether they were carrying
eggs within their marsupium (brood pouch). External sexual features are not developed in G. pulex
until after the fifth moult (Gross et al., 2001) therefore any juvenile specimens which could not be
sexed (typically < 4mm) were discounted from the study.

50

The proportion of Gammarus in a pre-copulatory embrace can be used as a measure in environmental
ecotoxicology (Poulton & Pascoe, 1990). However, precopula pairs will inevitably have separated
when caught and transported to the lab which would lead to an underestimation of the proportion of
precopula pairs in the population, therefore, this metric was not taken.

2.2.6 Measurement of egg production
The terms egg and embryo are used interchangeably since it is not possible to confirm if all eggs are
fertile (namely stage 1). Embryos were removed from ovigarous females by careful separation from
the brood-pouch with fine forceps, then counted and photographed (Infinity Analyse, Lumenera Corp,
Canada). Lengths of embryos were measured with UTHSCSA Image tool (version 3.0, University of
Texas, USA) and Image J (version 1.48i, U. S. National Institutes of Health, Maryland, USA) (depending
on software compatibility) and their volume was calculated as that of a prolate spheroid (Steele &
Steele, 1991a; Sutcliffe, 1992), that is:

Vol (µm3) = (Π*4/3) * ((0.5*width)2) * (0.5*length)

The average volume taken from all eggs in each female’s clutch was used in the analysis of egg size.
Clutch volume was calculated as the sum of all embryos’ volume carried in a female’s marsupium.
Egg development was quantified into six stages based upon Sheader and Chia (1970), Bach et al. (2010)
and (Ford et al., 2003b) (Figure 2.17).
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Figure 2.17 G. pulex. Stages of embryonic development (after Sheader & Chia 1970; Ford et al., 2003
& Bach et al., 2010). (1) Early cleavage stages with no clear structure; (2) development of germinal
disc/rudimentary caudal furrow; (3) development of caudal furrow and appearance of rudimentary
appendages; (4) segmentation of all appendages; (5) appearance of pigment spots on rudimentary
eyes, (6) hatched juveniles

Embryos are known to be selectively ejected from the marsupium (by the female) as they get larger
(more developed) (Sutcliffe, 1993) so ‘early’ (stages 1-3) and ‘late’ (4-5) were analysed separately (as
per Ford et al., 2003b) to remove this confounding effect. Stage 6 (hatched) embryos were discounted
from the fecundity analysis as, being motile, they could have escaped from the marsupium before
being counted.
To allow for greater interpretation of the data, the egg volume data were also split between ‘early’ (13) and ‘late’ stages, though in the latter’s case hatched juveniles (stage 6) were also included in the
data as the issue of them emerging from the brood pouch would not confound any effect on volume.

2.2.7 Statistical analyses
The critical level for significant differences in all tests was set at 00.05. All statistical analyses were
carried out using SPSS for Windows (version 22).
The length data were heteroscedastic as assessed by Levene's test for equality of variances, (p < .001),
however the variance ratio between Chickenhall and Fullerton sample points was 1.2 and 1.3
respectively (meeting the homogeneity criteria of Hartley's Fmax test, Field, 2013). The distribution of
the data were not normal, as assessed by Shapiro-Wilk test (p > 0.05). Non-parametric tests (such as
Kruskal-Wallis ANOVA), though impervious to the assumption of normality, do assume
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homoscedasticity and indeed may be more unreliable than parametric tests when analysing
heteroscedastic data (McDonald, 2014).
Though a speculative two-way ANOVA found the interaction of sex and sample point on length and
found to be significant (p = 0.00006 and p = 0.0002 at Chickenhall and Fullerton respectively), ‘sex’
was of very low effect (partial η2 of 0.004 at both sites). Therefore, differences in length between sex
and between sample points were pooled and analysed using a Welch’s ANOVA which is robust to
heteroscedasticity and some deviation from normality (Laerd Statistics, 2015). In case of significant
ANOVA results, post hoc testing was done with Tamhane’s T2 test for unequal variances. The same
logic was applied for weight data.
For brood size, initial investigations showed there was a linear relationship between the weight and
brood size for each sample site; the number of embryos per mg was strongly positively correlated with
the females’ weight at Chickenhall (‘early’ stages: rs (849) = 0.559, p <0.001; ‘late’ stages: rs (160) =
0.514, p <0.001) and Fullerton (rs (916) = 0.441, p <0.001). There was homogeneity of regression slopes
as indicated by a non-significant interaction term (weight * brood size). Data were not normally
distributed for every group, as assessed by Shapiro-Wilk test (p > 0.05) neither did the data meet the
assumptions of normal distribution after transformations (log, squared, or square root). There was
homoscedasticity, as assessed by visual inspection of the standardized residuals plotted against the
predicted values for every sample point, but Levene’s test for equality of variance of the residuals
failed to reject the null hypothesis (p < 0.001 for both early and late at Chickenhall, <0.001 and 0.007
for early and late stages at Fullerton, respectively), moreover the Variance Ratio exceeded the F

crit

(2.04) at Chickenhall (2.48 and 3.96 for early and late respectively) though not at Fullerton (1.868 and
1.70 for early and late respectively). The lack of homogeneity of regression slopes, normal distribution,
and equality of variance precluded the use of an ANCOVA (with weight as a covariate for brood size).
However, since there was a strong correlation between fecundity and weight, the number of eggs per
female was normalised for female body weight (Ford et al., 2003a; Ford et al.) and analysed using a
one-way Welch’s ANOVA. In case of significant ANOVA results, post hoc testing was done with
Tamhane’s T2 test for unequal variances.
An independent-samples t-test was used to determine if there were differences in the relative broodsize of intersex compared to non-intersex females (pooled for sampling point). The brood-size scores
for non-intersex data were not normally distributed, as assessed by Shapiro-Wilk's test (p < 0.05),
however the distributions of the samples were similar to intersex (positive skewness (± SD) between
0.2 ± 0.07 and 0.4 ± 0.4 of for non-intersex and intersex respectively) and the t-test is not sensitive to
deviations from normality in such circumstances (McDonald, 2014). There was homogeneity of
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variances, as assessed by Levene's test for equality of variances (p = 0.602 and 0.378 for Chickenhall
and Fullerton respectively).
A chi-squared test of homogeneity was used to test for differences in the frequency of males to
females (pooled for presence of intersex) at sample points. The same analysis was conducted to test
the significance of sample point on the frequency of and intersex vs non-intersex animals (male and
female pooled). Where appropriate, post hoc analysis involved pairwise comparisons using the z-test
of two proportions with a Bonferroni correction.
Effect sizes were interpreted as described in Table 2.8:
Table 2.8 Statistical interpretation of effect sizes
Name of
effect size

Est. ω2

Statistical test

Welch’s analysis of variance

Effect size*

Reference

Small

Medium

Large

0.01

0.06

0.14

Field (2013), Kirk
(1996)

(ANOVA)
η2

Two-way ANOVA

0.01

0.06

0.14

Cohen et al. (2013)

Cohen's ω

chi-square

0.1

0.3

0.5

Cohen et al. (2013)

* NB Interpretation of effect sizes is not absolute (Field, 2013)

2.3 Results

2.3.1 Length
Length was significantly different between different sexes at Chickenhall (Welch's F (3, 208.2) = 667.0,
p < 0.001, ω2 = 0.05 and Fullerton (Welch's F (3, 320.6) = 266.9, p < 0.001, ω2 = 0.09). Post hoc testing
revealed that at both sites male and male intersex were significantly larger than female and female
intersex (p <0.05) and that female intersex were larger than females at Chickenhall (p = 0.018) and
Fullerton (p < 0.001). There was no significant difference in length between males and intersex males
at either site. Gammarus were marginally (5.7%) larger at Fullerton (Figure 2.18).
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Figure 2.18 Length (mean ±2xSE) of G. pulex at Chickenhall and Fullerton WwTW sites. Annotated
numbers denote n. Letters denote means that are significantly different (Tamhane p <0.05)

Significant differences were observed between lengths of G. pulex between sample points at both
Chickenhall (Welch's F (4, 3844.9) = 6.890, p < 0.001, ω2 = 0.003) and Fullerton (Welch's F (4, 4270.2)
= 20.48, p < 0.001, ω2 = 0.008). Post hoc tests showed G. pulex collected 5m below the effluent point
(at ‘high down 5m’) were significantly shorter than animals at both points upstream of the effluent
point (p < 0.001) at Chickenhall. Whereas at Fullerton, animals at the effluent point and 10-15m
downstream were significantly larger than at any other point (p < 0.001) (
Figure 2.19).

Figure 2.19 Length (mean ± 2SE) of G. pulex at sample points at Chickenhall and Fullerton WwTW.
Annotated numbers denote n. Letters denote means that are significantly different (Tamhane p <0.05)
Season of sampling had a significant effect on length (pooled for sex) at both sites (Chickenhall:
Welch’s F (3, 3702.0) = 134.1, p < 0.001, ω2 = 0.05; Fullerton, Welch’s F (3, 4221.9) = 112.8, p < 0.001,
ω2 = 0.03). Predictably, the lengths were greatest in summer (average ± SD of 9.4mm ± 1.9 and 9.5mm
± 2.1 at Chickenhall and Fullerton respectively) and reached their shortest in spring/winter (8.8mm±
1.7 and 8.6mm ± 1.7) (Figure 2.20).
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Figure 2.20 Seasonal changes in length (mean 2±SE) of G. pulex (sexes pooled) at Chickenhall and
Fullerton WwTW sites.

2.3.2 Weight
As with length, weight was significantly different between sexes at Chickenhall (Welch's F (3, 205.50)
= 480.5, p < 0.001, ω2 = 0.147). The mean weight of males and intersex males was significantly greater
than that of females (p < 0.001) and intersex females (p = 0.004), and intersex females were on average
15.9% larger than females (p = 0.004). At Fullerton, females were significantly different to all other
sexes (Welch's F (3, 302.01) = 121.5, p < 0.001, ω2 = 0.037), but there was no difference in weight
between males, male intersex, and female intersex (
Figure 2.21). Females intersex were typically 14.4% heavier than females (p < 0.001).
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Figure 2.21 Mean (±2SE) weight (µg) of G. pulex sexes at Chickenhall and Fullerton WwTW (n as for
Figure 2.18). Letters denote means that are significantly different (Tamhane p <0.05)

Weight was significantly different between sample points at Chickenhall (Welch's F (4, 3864.3) = 18.31,
p < 0.001, ω2 = 0.008). Animals 5m above and 5m below the sample point were significantly smaller
than at all other points (p < 0.05) (Figure 2.22). There was no significant difference between weight of
G. pulex at sample points at Fullerton (Welch's F (4, 4243.3) = 2.092, p = 0.079, ω2 = 0.000).

Figure 2.22 Mean (±2SE) weight (µm) of G. pulex at sample points at Chickenhall and Fullerton WwTW.
n as in
Figure 2.19. Letters denote means that are significantly different (Tamhane p <0.05)
Like length, weight showed clear seasonality: Gammarus were heaviest in summer (19.9mg ± 9.7 and
22.1mg ± 10.4 at Chickenhall and Fullerton respectively), decreasing to their lowest average weight in
winter (16.8mg ± 6.8 and 15.9mg ± 7.5). The effect of season was significant at both sites (Chickenhall:
Welch’s F (3, 3771.143) = 75.02, p < 0.001, ω2 = 0.03; Fullerton, Welch’s F (3, 4258.1) = 224.6, p <
0.001, ω2 = 0.06) (Figure 2.23).
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Figure 2.23 Seasonal changes in weight (mean±2SE) of G. pulex (sexes pooled) at Chickenhall and
Fullerton WwTW sites.

2.3.3 Brood size
A Welch’s ANOVA test was conducted to determine if there were differences in Gammarus brood size
between points upstream and downstream of the discharge point at each sample site. Data is
presented as mean ±SD. For the Chickenhall data, the ANOVA test indicated that relative brood size
(egg per mg body weight) was significantly different between sample points for ‘early’ stage embryos
(Welch's F (4, 398.23) = 6.120, p < 0.001, ω2 = 0.019) but not for ‘late’ stages (Welch's F (4, 62.86) =
6.120, p = 0.080). Post hoc tests of ‘early’ embryo stages revealed that females were significantly more
fecund 5m downstream of the discharge point (1.03 ± 0.26) than 10-15m or 5m upstream of it (p
<0.001 and 0.037 respectively) (Figure 2.24). There was no significant difference found between
relative brood size at ‘late’ stages.
At Fullerton, the pattern was very similar for early stages. Brood size was significantly different
between sample points (Welch's F (4, 229.16) = 8.208, p < 0.001, ω2 = 0.05), with females 5m
downstream of the effluent discharge point having a greater relative brood size (1.09 ± 0.35) than at
any other point. For ‘later’ stages, relative brood size was also significantly different between sample
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sites (Welch's F (4, 97.111) = 9.280, p < 0.001, ω2 = 0.09); females 5m above the effluent point had a
relative brood size (1.08±0.89) that was significantly higher (p < 0.001) than any other point except
5m downstream of the effluent point (0.87± 0.42) (Figure 2.25).

Figure 2.24 Relative brood-size (mean ± 2SE) of G. pulex at sampling points at Chickenhall WwTW.
Labels indicate number of females sampled. Letters denote means that are significantly different
(Tamhane p <0.05)
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Figure 2.25 Relative brood-size (mean±2 SE) of G. pulex at sampling points at Fullerton WwTW. Labels
indicate number of females sampled. Letters denote means that are significantly different (Tamhane
p <0.05)

At both WwTW, relative brood size was found to be significantly higher in spring and winter compared
to summer and autumn (Figure 2.26 and 2.25) except for the late stages of eggs collected from females
at Chickenhall where there was no significant difference between season.
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Figure 2.26 Seasonal variation in relative brood size at Chickenhall WwTW (mean±2SE). Letters denote
means that are significantly different (Tamhane <0.05). No significant difference in late stage brood
size
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Figure 2.27 Seasonal variation in relative brood size at Fullerton WwTW (mean ± 2SE). Letters denote
means that are significantly different (Tamhane p <0.05)

2.3.4 Volume of embryos
Embryo volume increased with developmental stage at both Chickenhall and Fullerton, though for
every stage the average embryo volume was significantly larger (between 4.0 – 15.0%) at Chickenhall
than at Fullerton, F (1) = 4.867, p < 0.001, partial η2 = 0.013 (Figure 2.28).

62

Figure 2.28 Mean volume (µl) (±2SE) of egg stages at Chickenhall and Fullerton WwTW

At Chickenhall and Fullerton, egg volume was correlated to female body weight for egg stages 1-4 but
not 5-6 (Table 2.9). A Welch one way ANOVA was used analyse the effect of sample point on the egg
volume (not normalised for body weight) of early and late stages.

Table 2.9 Correlation (rs) of embryo volume with female body weight
Egg stage

Chickenhall

Fullerton

N

rs

p

N

rs

p

1

327

0.319

<0.001

217

0.360

<0.001

2

268

0.181

0.003

188

0.244

0.001

3

226

0.247

<0.001

179

0.306

<0.001

4

116

0.305

0.001

158

0.180

0.024

5

43

0.082

0.603

79

0.160

0.159

6

78

0.032

0.778

97

0.104

0.309
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A Welch ANOVA indicated there was a significant effect of sampling point on egg volume (Chickenhall:
Welch F (4, 530.40) = 15.460, p < 0.001; Fullerton: Welch F (4, 232.85) = 18.661, p < 0.001). At
Chickenhall the only significant (p < 0.001) difference between sample points for early stage egg
volumes was found between 5 and 15m above the effluent point (with the former being larger); for
late stage embryos, those from 5m above and 15m below the effluent point were significantly smaller
than at other points (Figure 2.29). At Fullerton, egg volume of early stages was significantly less 5m
below the effluent point than at any other sampling point (p <0.001). For late stages, there was not
significant effect (Figure 2.30).

Figure 2.29 Difference in egg volume at sampling points at Chickenhall WwTW. Letters indicate means
with significant difference (Welch p < 0.05)
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Figure 2.30 Difference in egg volume at sampling points at Fullerton WwTW. Letters indicate means
with significant difference (Welch p < 0.05)

2.3.5 Stages of development
There was no significant difference in the proportions of early and late stage embryos between the
sample points at Chickenhall (χ2 (4, N = 4) = 5.579, p = 0.233) or Fullerton (χ2 (4, N = 4) = 4.190, p =
0.250) (Figure 2.31).
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Figure 2.31 Proportion of egg stages according to sampling points at Chickenhall and Fullerton WwTW

To assess for a difference in the brood-size between early and late stages of development (evaluating
the number of eggs lost) the Scheirer-Ray-Hare extension of the Kruskal-Wallis test was used (Dytham,
2011) due to the non-parametric data. Changes in brood-size between stages were compared
between sample points upstream of the discharge points and those at/below it. Though relative
brood-size generally decreased from early to late stages (Figure 2.32) there was no significant
difference between stages, nor between sample points upstream versus at/below the discharge point,
and there was no interaction (Chickenhall: Scheirer-Ray-Hare test (1, 42628.1) = 0.1978, p = 0.656;
Fullerton (1, 75886.1) = 1.08 p = 0.2987).

66

Figure 2.32 Mean relative brood-size (±2 x SE) in early (stage 1-3) and late (stage 4-5) stages at
Chickenhall and Fullerton WwTW sample point

2.3.6 Sex ratio
For the purposes of investigating the sex ratios, the intersex (male/female) and non-intersex were
pooled. At Chickenhall, the male:female ratio (0.99±.03) did not change significantly between sample
points χ2(4, N = 8427) = 4.255, p = 0.373, Cohen's ω = 0.02. At Fullerton, the male:female ratio was
biased towards females (0.64(±0.04):1) and did vary significantly between sample points χ2(4, N =
9442) = 30.10, p < 0.001, Cohen's ω = 0.06. There were significantly fewer males (33.7%) collected 5m
below the effluent point compared to any other point apart from 15m upstream (p < 0.01) (Figure
2.33). Sex ratio varied seasonally; the frequency of females was highest at both sites during the winter.
Indeed, at Fullerton, 70.4% of gammarids sampled during winter months were female.
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Figure 2.33 Proportion of Males:Females at Chickenhall (N = 8427) and Fullerton (N = 9444). Letters in
Fullerton chart represent statistical difference between groups (Chi-squared p < 0.01)

2.3.7 Intersex frequency
There were consistently more female intersex than male intersex at both sites (
Table 2.10). This difference was significant at Fullerton F (1, 8.196) = 20.955, p = 0.002, but not at
Chickenhall F (1, 8.196) = 1.297, p = 0.287. There was not a significant interaction between male or
female intersex and sample points so both intersex were pooled for the remaining analyses.
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Table 2.10 Percentage frequency of male and female intersex at Chickenhall and Fullerton WwTW
Sample point

Chickenhall
Male intersex
Female intersex
0.25
0.83
0.38
0.75
1.64
1.93
0.98
0.98
0.75
1.38

10-15m upstream
5m upstream
Point
5m downstream
10-15m downstream

Fullerton
Male intersex
Female intersex
0.37
1.54
0.77
1.89
1.04
2.48
1.26
2.15
1.30
2.59

In total, 8427 Gammarus were sampled at Chickenhall. Intersex frequency was generally very low
(averaging 2.1%) though there was a statistically significant difference in proportion (χ2(4, N = 8427) =
30.21, p < 0.001, Cohen's ω = 0.06). Pairwise comparisons indicated the proportion of intersex G. pulex
was statistically significantly higher at the discharge point than at sampling points upstream of it (p <
0.01). Sample points downstream were not statistically significantly different to higher upstream (
Figure 2.34).
At Fullerton, of 9442 G. pulex sampled, an average of 3.5% were intersex though there was significant
difference in the distribution between sample points χ2(4, N = 9442) = 35.63, p < 0.001, Cohen's ω =
0.06. Pairwise comparisons revealed the proportion of intersex Gammarus was significantly higher at
the discharge point than at sampling points upstream of it, though not significantly different from the
downstream points (
Figure 2.34).
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Figure 2.34 Percentage of intersex found at Chickenhall (N = 8427) and Fullerton (N = 9442). Letters
represent statistical difference between groups (Chi-squared p < 0.01)

2.3.8 Intersex brood-size
Relative brood-size (given as N, mean ± SD) did not differ between intersex (42, 0.94 ± 0.38) and nonintersex (1127, 0.94 ± 0.40) at Chickenhall and was marginally less in intersex (53, 0.84 ± 0.39) than
non-intersex (865, 0.89 ± 0.35) at Fullerton - though at neither site were the differences significant
(Chickenhall, t (1167) = -0.032, p = 0.974; Fullerton, t(916) = 1.008, p = 0.314) (Figure 2.35).

Figure 2.35 The brood size of intersex and non-intersex females at Chickenhall and Fullerton WwTW

There was no correlation between brood-size and egg stage at Chickenhall (rs (1168) = -0.008, p = 791)
or Fullerton (rs (916) = -0.025, p = 443).
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Table 2.11 Summary of results
Parameter

Difference between WwTW

Other

Chickenhall

Fullerton

observations

Length

P + d/s < u/s

P + d/s > u/s

♂, ♂i > ♀, ♀i

Weight

Variable

nsd

♂, ♂i > ♀i > ♀

general

Brood size
-

Early stages

5m d/s > others

5m d/s > others

Winter>summer

-

Late stages

nsd

5m u/s < others

Winter > summer

Egg volume

5m d/s > p, 15m d/s > 5m d/s < others

Increases with stage

u/s
Egg development
Eggs

lost

nsd

nsd

between nsd

nsd

early/late stages
♀ : ♂ ratio

nsd

5m d/s > others > 5m High ♀:♂ ratio at
u/s

Intersex frequency

p> d/s > u/s

Fullerton

p + 15m d/s > 5m d/s > Low frequ:
u/s

2.1% Chickenhall
3.5% Fullerton

Intersex:

non-intersex nsd

nsd

brood size
(p: point: u/s upstream; d/s downstream; ♀i Female intersex, nsd no sig. difference)

2.4 Discussion
The aim of this investigation was to evaluate effects of two WWTW on natural Gammarus populations
in terms of their size, reproduction and sexual development. Overall, the picture is a mixed one: there
are few consistent effects seen between or within sites, which emphasises the importance of taking a
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long term, broad view in evaluating potential environmental impacts of WwTW. Where there were
differences seen between Chickenhall and Fullerton, this is unlikely to be due to any of the natural
variation measured in the physiochemical environments as these were all consistent with similar
habitats selected for G. pulex studies (Welton, 1979; Maltby et al., 1990b; Wood et al., 2000; Macneil
& Dick, 2014).

2.4.1 Size
Gammarus length differed between up- and down-stream of effluent at both Chickenhall and
Fullerton sites with a medium to large effect size, however the difference was not consistent between
sites. At Chickenhall, Gammarus upstream of the effluent point were of greater length than
downstream; at Fullerton, they were relatively smaller. Though there was a slight increase in the
proportion of males (that were longer) upstream at Chickenhall, this had a very small effect (partial η2
of 0.004) on the overall size increase, and at Fullerton the average length was greater downstream
despite having relatively fewer males. The effluent input at Fullerton discharges almost twice as much
relative to the river flow compared with Chickenhall (23% vs 13%) which might explain differences in
effects. However, weight showed a less distinctive difference between sample points at Chickenhall
and Fullerton: only at the former was there was a significant difference between points though the
effect size was very small (ω2 = 0.008).
Reduced size in crustaceans has been associated with toxic conditions due to the metabolic cost of
detoxification, a direct endocrine effect, an indirect effect on other water quality parameters, or a
decrease in feeding/energy intake (Rodriguez et al., 2007). Other authors have implicated an
antagonistic interaction between effluent chemicals and ecdysteroid receptors, which play an
essential role in moulting (Ladewig et al., 2006). A decrease in moulting frequency is associated with
a slower growth rate and thus reduced size.
Perhaps due to one or more of these causes, some WwTW effluents have been associated with a
decrease in size in amphipods (Chung et al., 2008; Bundschuh et al., 2011c), other studies have found
no relationship between effluent exposure and amphipod size (Silva et al., 2004), whilst Schneider et
al. (2015) found a positive effect of WwTW effluent on G. pulex under laboratory conditions, which
they attributed to increases in food availability (DOM). Costa et al. (2005) reports an apparent
hormetic response in contaminated sediments: one of the sediments was acutely toxic at 50% dilution,
but in contrast stimulated amphipod growth when diluted 75%. As in the current study, Ladewig et al.
(2006) found that Gammarus fossarum was smaller below one WwTW, but larger below another.
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Sewage treatment effluents are a primary cause of eutrophication in rivers (Conley et al., 2009),
particularly in their release of phosphate. Up to a point, eutrophication, and the concomitant increase
in food sources, has been associated with an increase in size among benthic invertebrates (Schneider
et al., 2015). On the other hand, increased organic enrichment elevates biological oxygen demand
which can reduce oxygen to levels that retard amphipod growth (Wu & Or, 2005) – though there was
no indication of oxygen depletion in any measurements of this study. Ultimately, the differences in
organic and toxic content of the effluent will produce a complex and inconsistent effect between sites.
Thus Ladewig et al. (2006) found no clear correlation between amphipod size and eutrophication (in
terms of phosphate concentration). The variation in WwTW influent and effluent content, treatment
processes, and volume of effluent and receiving waters may explain the wide variation seen between
their environmental impact, though Crane and Maltby (1991) failed to find any causal explanation for
the variations found (in size and population density) over 5 sites differently affected by pollution.
Furthermore, there can be significant variation between populations of Gammarus, including
differences of sensitivity to pollutants (Adam et al., 2010). Other factors, such as season, have an effect
on size (Nygård et al., 2010) . The results of this present study emphasise the importance of taking a
long-term view in assessing potential environmental impacts and the variability seen between sites.
To summarise, the conclusions in terms of H1 (the size of G. pulex will not vary upstream of WwTW
effluent discharge compared to downstream) is inconsistent between WwTW.
The relative size of G. pulex sexes was consistent with the literature on other amphipod species: males
were significantly larger than females and intersex females were larger than non-intersex females
(though only significantly so at Fullerton) (Ford et al., 2004; Jungmann et al., 2004; Kelly et al., 2004).
Intersex males were not significantly larger than non-intersex males, as reported in G. fossarum
(Ladewig et al., 2002) though unlike in Echinogammarus marinus (Ford et al., 2003a; Ford et al., 2004).
This study is the first report of intersex size in G. pulex: within the literature, G. pulex intersex females
have only been recorded in one (museum) specimen (Ford & Fernandes, 2005b); intersex males are
mentioned only in a 1955 study (Hynes) - in neither report is size investigated.
An increase in size in intersex females relative to non-intersex might be a cause or a consequence of
intersex. That is: intersex females might be larger due to delayed maturation and resultant longer
period of somatic growth, or only larger females might develop intersexuality. The presence of
intersex in a range of sizes would suggest the former hypothesis. Additionally, rudimentary androgenic
glands have been found in female intersex amphipods (Ford et al., 2005) – which are thought to
stimulate growth (Sagi et al., 1990; Manor et al., 2004).
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2.4.2 Brood-size
The results of the study correspond with others in that the influences on brood-size are complex:
female weight, the stage of the embryos and season all may have a significant effect on brood-size
(Sundelin et al., 2008; Hodgson et al., 2014). There was also significant variation between sites: on
average, females had 8.5% more eggs (per mg of BW) at Chickenhall than Fullerton, suggesting their
relative smaller size at the former site is not reflected in their fecundity. Differences between sample
points were generally clearer in early stage embryos, where females collected 5m below the effluent
point showed significantly greater brood size. Several investigations of amphipod brood-size have
shown a deleterious effect of pollutants (Gale et al., 2006; Chung et al., 2008), including downstream
of WwTW (Peschke et al., 2014; Wigh et al., 2017), which were not evident at either Fullerton or
Chickenhall. However, because of the complex interaction between many influencing factors, it is not
unusual to find a high variability within and between populations that can obscure individual effects
(Mazurová et al., 2010). Other studies have found an increase in egg production after exposure to
WwTW effluent (Schneider et al., 2015) and their potential components (Watts et al., 2002). Indeed,
studies have shown prolonged exposure to contaminated sites encourages life-strategies
characterised by higher fecundity and early maturation (Li et al., 2005) (whether this impacted sexual
behaviour will be investigated in chapter 3). On the other hand, Gross et al. (2001) did not find a
difference between G. pulex brood-size upstream and downstream of sewage works and Schirling et
al. (2005), in a comparison between G. fossarum brood-size below several WwTW, concluded that the
complexity and variability in various determiners obscured significant differences being apparent in
most cases. Whether due to interference from confounding influences or a genuine lack of effect of
effluent, there are no grounds to reject the null hypothesis H2 based on the results of this study.
A positive correlation between female size and brood-size is well established in amphipods (Sundelin
et al., 2008; Mirzajani et al., 2011) and supported by this study.
It is difficult to separate changes in size from changes in egg production, but the number of eggs
produced per mg female peaked over the winter/spring and reached its nadir in autumn at both sites.
Sutcliffe (1993), in a review of several UK G. pulex populations described the same pattern.
Interestingly, the pattern of relative egg production seen through the seasons is effectively opposite
to the pattern shown by body size. There is a trade-off between somatic and gonadal growth (Naylor
et al., 1989; Maltby, 1994), but whether increased relative egg production is a cause or an artefact of
smaller body size in the current study is not clear. The importance of seasonality is emphasised in the
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conclusions of Schirling et al. (2005) who, after a two year study on the impact of WwTWs on G.
fossarum, determined that seasonal effects predominated over proximity to effluent discharge points.
The data shows intersex G. pulex females are able to produce as many eggs as non-intersex. The
impact of intersexuality on brood-size has not been investigated before in G. pulex; indeed, it has only
been studied in three amphipod species: in the marine E. marinus, intersex specimens were
significantly less fecund than non-intersex females (Ford, 2004; Ford et al., 2004; Ford et al., 2005). In
the brackish Gammarus duebeni some authors have found a reduction in the brood-size of intersex
(Kelly et al., 2004), but others have not (Dunn et al., 1990). In the freshwater G. fossarum - which G.
pulex is more closely related to (Hou et al., 2007) - there was no significant difference between intersex
and non-intersex brood-size (Ladewig et al., 2007). Rudimentary vas deferens, presumptive
androgenic glands, and testicular tissue has been found in intersex females of E. marinus (Ford et al.,
2003a; Ford et al., 2005) and G. duebeni (Dunn et al., 1994) which might impede brood-size either
physically – by reducing the space for ovarian tissue (Ford et al., 2003a) or physiologically, by inhibiting
vitellogenesis (Ford et al., 2005). G. fossarum intersex females possess only ovarian tissue: there is no
male reproductive tissue (Ladewig et al., 2002) which might explain the apparent lack of brood-size
effects seen in G. pulex. Further study on the reproductive anatomy of intersex G. pulex is needed to
support this theory.
As embryos develop in the marsupium, some species are thought to eject them causing a reduction in
brood size. This may be passively - due to the lack of space for all the growing embryos, or actively:
where the mother selects and ejects non-viable embryos (Dick et al., 1998). Ford et al. (2003a; 2003b;
2004) found that not only was the loss of embryos related to their developmental stage, but that
intersex females lost more than non-intersex (30% compared with 20% respectively), and females
from polluted sites lost more (approximately 25%) than those from non-polluted sites. Quite
reasonably, this was suggested as a good bio-indicator of environmental pollution. However, such a
pattern was not observed in the current study: there was no difference in the loss of embryos between
upstream/downstream or indeed between intersex/non-intersex (data not included). In the study of
Dick et al. (1998), active ejection of non-viable embryos was ascribed to the pressures of “harsh”
environments like waters with extreme changes of temperature or oxygen concentration and was
absent in the freshwater species G. pulex which is unlikely to develop strategies in hypoxic
environments since it is intolerant of such conditions (Maltby, 1995). Ladewig et al. (2007) also found
no evidence of egg ejection in G. fosssarum which has similar environmental constraints. Thus, embryo
rejection may be an interspecific difference among amphipods or other, unknown factors might also
be responsible, but exposure to effluents is not a significant cause based on the current study.
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2.4.3 Embryo volume
Egg volume varied with the sampling points - though the nature of the effect differed between sites.
At Chickenhall, embryos appeared to increase in size at or below the effluent, whereas at Fullerton
they appeared to reduce. Maltby and Naylor (1990a) found that heavy metal exposure reduced the
size (but not the number) of embryos in G. pulex, whereas Costa et al. (2005) found no impact of
industrially contaminated substrates on egg size in G. locusta. Given the range of environmental
influences known to affect embryo size, to attribute the patterns seen downstream of the discharge
to the effluents themselves is unfounded, but it is interesting that the negative effect on embryo
volume was found on the site where the relative volume of effluent discharge was much higher.
As with brood-size, the size of the embryos produced by females was not significantly affected by
whether they were intersex or not. This is the first time that embryo volume has been investigated in
any intersex amphipods. A negative effect of intersex on egg volume might be predicted for several
reasons: sex allocation theory predicts that in gonochoristic species, intersex individuals should have
reduced fitness and biological capacity (Ford & Glazier, 2008; Martins, Ford, et al., 2009). Secondly,
vitellogenesis (the process whereby yolk is apportioned to the developing embryo and thereby
intrinsically related to its size) is under endocrine control; endocrine modifications have been
suggested as a possible cause of intersex in amphopods (Ford et al., 2006). Specifically androgenic
glands - that may be present in intersex female amphipods (Ford et al., 2005) - have been implicated
in vitellogenesis inhibition in other intersex crustaceans (De Bock & Greco, 2010). Thirdly, Sainte-Marie
(1991) proposed that the physical space taken up by gonads in the body cavity might limit egg size,
and arguably rudimentary testes could reduce the space available for egg formation. However, in G.
pulex at least, the current study shows intersex specimens do not produce significantly smaller
embryos. Ultimately, embryo volume is limited by the quantity of energy devoted by the females to
reproduction which depends, in turn, on growth (Sutcliffe, 1993) – which evidently is not deleteriously
effected in intersex females. Intersex females in this study produced marginally (not significantly)
smaller embryos per unit of body weight, but their larger size may compensate any other negative
impacts of intersexuality. Though Dunn et al. (1990) did not specifically investigate embryo size in their
review of reproductive fitness in intersex amphipods, they concluded that intersex specimens were
reproductively identical to non-intersex in every way except behaviour (pairing success).
The positive relationship between embryo volume and developmental stage is well documented in
the literature (Ford et al., 2003b; Habashy et al., 2012), though differences in volume between sites
are much less reported. In this study, embryo volume was routinely larger (between 4.0 and 15%
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depending on egg-stage) at Chickenhall than at Fullerton – the relative discharge volume at the former
was almost half that at Fullerton. However, crustaceans are known to adapt to a wide range of
environmental variables by the variation in reproductive parameters such as egg volume (Terossi et
al., 2010). Thus, embryo volume might be affected by a diverse range of parameters such as
temperature, latitude, depth, salinity or exposure to predators (Strathmann, 2017). Larger eggs are
often associated with cooler temperatures because of the extended development time (Glazier, 2000),
though Chickenhall, typically 2C warmer than Fullerton, routinely showed larger embryos in the
current study. Equally, food availability can influence egg size (Pavanelli et al., 2008) . Kolding and
Fenchel (1981) reviewed reproductive traits including embryo volume in a range of amphipod species
across various sites and concluded that the determination of volume was complex and multifarious
and any consideration on the mechanisms for differences between sites would be speculative. So,
whilst it is possible through this investigation to fail to reject the null hypothesis H2 (reproductive
output will not be significantly affected by proximity to the discharge point) further, controlled
exposure is required to excluded ‘external’ sources of error.
The egg volume also showed distinct seasonality: as with other amphipod species, (Glazier, 2000) egg
volume was largest in winter (as found by Pöckl, 1993; Sutcliffe, 1993), either due to the availability of
autumn-shed leaf fall, or linked to the lower brood-size.

2.4.4 Sex ratio
Amongst all the measurements taken, the sex ratios showed one of the most consistent relationship
with the sample point: there were generally more females at or below the sample point than above
it, thought the effect was minimal at Chickenhall. Interestingly, there was a clear weighting of female
predominance generally in the population at Fullerton (irrespective of the sample point). Femalebiased populations in apparently uncontaminated sites have been recorded in several Gammarus
species including G. duebeni (Jones & Johnson, 1992) G. fossarum (Beracko et al., 2012) and G .pulex
(Duran, 2007), though males were found to dominate sex ratios in 6 out of 7 gammarid species (not
including fossarum, duebeni or pulex) studied by (Mirzajani et al., 2011). An increase in the proportion
of female crustaceans (relative to reference sites/controls) has been found in polluted sediments
(Costa et al., 2005), downstream of WwTW (Ladewig et al., 2006; Peschke et al., 2014), controlled
exposure to effluent components (Watts et al., 2002), and to whole effluents (Schneider et al., 2015).
On the other hand, an increase in the percentage of males has been found downstream of other
sewage effluents (Ladewig et al., 2006), and Gross et al. (2001) found a 1:1 ratio regardless of
orientation to effluent discharge points.
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In addition to the influence of sex genes (Sutcliffe, 1993), it is widely reported that gammarids
demonstrate environmental sex determination. Most studies, as in this investigation, show a
predominance of females over autumn/winter months (Duran, 2007; Peschke et al., 2014), although
Welton (1979) found it to vary erratically: the ratio in G. pulex could change from 0.5 (m:f) to 1.5 in
the space of a month. Other, related, influences include climate (Mohammadi et al., 2010) and
nutritional input (Kneib et al., 1997). Unlike the temperature-sensitive oestrogen mediation typically
associated with environmental sex determination (Simpson et al., 1994), sexual differentiation in
amphipods is regulated mainly by the peptide hormones vitellogenin stimulating ovarian hormone
and androgenic hormone (Charniaux-Cotton, 1965; Charniaux-Cotton & Payen, 1988). As such,
amphipods may be affected by endocrine disrupting chemicals in effluents (Ford, 2014) though
whether through direct manipulation of arthropod hormones or other toxic effects is not clear
(Hutchinson, 2002). In any case, whether, or how, the increase in female preponderance seen
downstream at Fullerton is due to effluent discharge requires further investigation. However, there is
sufficient evidence based on this extensive study to fail to reject the null hypotheses H2 (population
structure will not vary upstream versus downstream in terms of sex ratios).

2.4.5 Intersex
Aside from a slightly ambiguous mention in a 1955 survey (Hynes), this is the first time that
intersexuality has been reported in wild populations of G. pulex. Intersexuality is found in many
amphipod species, though it’s frequency is extremely variable (Dunn et al., 1990). Reported
proportions vary from 0.5% (Bulnheim, 1965) to 10% (Dunn et al., 1990) in G. duebeni, around 5% in
E. marinus (Ford et al., 2003a; Ford et al., 2006), and from 0% to 60% in different populations of G.
minus (Buikema Jr et al., 1980) (for a detalied review, see Ford & Fernandes, 2005b). So, the range of
frequencies found in the current study (0.8-4.9%) are not exceptional. The possible causes of
intersexuality amongst arthropods are similarly varied and include infection with parasites (Bulnheim,
1978; Ginsburger-Vogel, 1991; Kelly et al., 2004; Yang et al., 2011), and bacteria (Rigaud & Juchault,
1998), environmental cues (Buikema Jr et al., 1980), genetic control (Lebedeff, 1939; Parnes et al.,
2003), and pollution (Takahashi et al., 2000; Ford et al., 2004; Ford et al., 2006) – notably, exposure to
oestrogens (Vandenbergh et al., 2003). Yet, despite long running studies of amphipods around WwTW
(Jungmann et al., 2004; Ladewig et al., 2006) and overwhelming evidence linking sewage effluent with
intersex frequency in fish populations (Williams et al., 2009; Tetreault et al., 2011), this is the first time
an increase in intersex frequency has been found in amphipods at WwTWs. Indeed, at both WwTW,
the frequency of intersex specimens increased at the point of effluent though the change was greatest
at Fullerton which also had the greatest volume of discharge relative to the river flow.
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If the frequency varied between sites then there arguably could be some environmental mechanism:
Dunn et al. (1993) suggests that intersexuality is more abundant in populations with a high level of
environmental sex determination. This might also explain the observed increase within the sites,
specifically around the discharge points, if environmental sex determination is more plastic and liable
to interference. Temperature, one of the main forces of environmental sex determination (Duran,
2007), was not different at the effluent points to up or downstream, though it was generally about
2C warmer at Chickenhall. Thus, there may be a temperature effect between sites, and a predisposing
influence with sites cannot be ruled out. There may be an interaction between sexual development
and parasite numbers, which can increase around polluted sites (Lafferty & Holt, 2003) or there may
be chemicals in the effluent that are having a direct influence on sexual development. Though
Schneider et al. (2015) attributed sewage effluent with ‘feminisation’ (increasing the number of
females – intersex were not recorded) of G. pulex, they were careful to clarify that any component of
the effluent might have produced the feminisation, including xeno-oestrogens and anti-androgens.
Moreover, neither Jungmann et al. (2004) nor Ladewig et al. (2002; 2006) found an increase in intersex
downstream of WwTW, despite the latter predicting an oestrogenic potential being 22-35 fold higher
at exposure sites. Indeed Hutchinson (2002) suggests that if there is an effect of endocrine disrupting
chemicals on arthropods, it is probably not directly via hormone systems at all. Finally, there are
unknown interactions between parasite infections and sensitivity to endocrine disruption (Ford &
Fernandes, 2005a).
Therefore, looking at the data it is possible not to accept the null hypothesis (H3) (there is no effect of
proximity to effluent discharge on the intersex frequency), but due to the very low frequency of
intersex specimens and uncertainty of other influencing factors it is not possible ascribe a causality to
the observations. Further work is required in assessing the parasite load of Gammarus around the
WwTW to confirm whether parasites alone account for the intersex frequency or if, as Ford et al.
(2006) and Schirling et al. (2005) found, there is another unknown factor involved.

2.4.6 Critique of methodology
The selection of the sampling points was determined with consideration of practical access, exposure
to the effluent, and the aim of sampling discrete populations. The distance between discrete
populations is variable since the migration and drift of lotic invertebrates between populations,
though well studied, is inconclusive. Certainly, upstream and downstream drift does occur in
amphipods (Beketov & Liess, 2008) – population studies indicate movements of a few cm (Humphries
& Ruxton, 2002) to many meters (Elliott, 2002). Indeed the substantial distances reported in some
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studies may be exceptional (Humphries & Ruxton, 2002). In a study measuring the movement of a
range of aquatic macroinvertebrates, Elliot (2003) found that Gammarus were amongst the least
motile of all species studied and although up to 40% of the initial population could migrate up to 7m
over 24 h, 90% of the population rarely dispersed further than 1m. Most studies concur that the stimuli
to migration are multimodal and capricious: Elliot (2003) found movement to be unaffected by season
or flow but related to population structure and density. Pearson and Jones (1987) and Rawer-Jost et
al. (1998) found that migration was affected by flow (and substratum), but the former observed there
were major inconsistencies in any overall pattern. Another study (Elliott, 2002) found that the
relationship to velocity and substratum was only significant at night. Hughes (1970) also found that
movement was affected by flow but that when food was available all movement (up- and
downstream) decreased considerably. Elliot (2003) found predominantly upstream drift; Pearson and
Jones (1987) predominately downstream. Other factors inducing movement include photoperiod,
rapid changes in temperature, turbidity, predation pressure or competition (reviewed by Allan &
Castillo, 2007; Kennedy et al., 2014) and indeed by pollution itself (Nørum et al., 2011; Berghahn et
al., 2012). In summary, the distance between sampling points that is required in order to collect
distinct sub-populations is moot, as is the difference in exposure to effluents. The fact that significant
differences between sampling points were found is proof that the whole population around the
discharge point is not a homogenous mix, but the causes of observed differences, as in any
environmental study, are not indubitable.
Though residual low levels of pharmaceuticals have been detected tens or hundreds of kilometres
downstream of STP outfalls (Waiser et al., 2011) by far the majority of studies collect samples less
than 1km from the discharge point (Hughes et al., 2012b). The potential benefit of recording the
attenuation of ecotoxicological impact (itself highly variable, Radke et al., 2010) is diminished as one
progresses down river since it is likely that the diluted effluent is replaced by additional inputs (Ellis,
2006).
For these reasons, there is a wide range of distances between up- and down-stream sampling points
seen in the literature, from several km (Jungmann et al., 2004; Schirling et al., 2005), 1km (Ashton et
al., 2004), 100s of m (Morrissey et al., 2013; Peschke et al., 2014), 15-20m (Winder et al., 1997; Gross
et al., 2001) to immediately around the discharge point (Purdom et al., 1994; Williams et al., 2003).
The intervals between sample points in the current study, then, may be debatable but they are within
the range of others. Other effluent plumes have been delineated with the use of dyes (e.g. Hunt et al.,
2010), but there was no such historical data available on Chickenhall nor Fullerton, nor was it
acceptable to the fishery owners of either site to undertake such a survey.

80

2.4.7 Conclusion
In conclusion, the aims of the study were achieved: the protracted study of both streams yielded
information on the size, sex, population, and reproductive variation between different populations
and the frequency of intersex. It showed that populations vary both between and within sites. It
established the infrequency of the intersex phenotype – an artefact that might have contributed to its
lack of reporting in other studies. Indeed, only by pooling data over an extended period was it possible
to validate the scarcity of the phenotype and its possible relationship with effluent discharge.
Taken as a whole, it appears that G. pulex downstream of Chickenhall WwTW are smaller but produce
more, larger eggs than their upstream counterparts, whereas at Fullerton the response is opposite.
Indeed, many of the variables measured: length, relative brood-size, relative egg volume, volume of
embryo relative to development, number of females, and frequency of intersex, appeared to show a
greater response relative to the discharge at Fullerton than at Chickenhall. The fact that the volume
of discharge (relative to the river flow) at Fullerton is almost double that at Chickenhall should be
considered. Given the variability of the data, it might be imprudent to draw conclusions linking all
these observations, though the work of Schneider et al. (2015) indicates that, in terms of energy
partitioning, investment in reproduction has a cost borne by somatic growth. There may be metabolic
costs or indeed benefits associated with effluents and their components. Energy input (e.g. feeding
rate) might be affected, thereby impacting reproduction (Maltby & Naylor, 1990a; Schneider et al.,
2015). Changes in moulting frequency might be seen due to increased growth or endocrine
perturbation, which again might influence reproduction. Further work on the impact of effluents and
their components on energy reserves and their expenditure would help clarify the possible routes of
energy partitioning and the impact of effluents on them.
Arguably, the distances between sample points could have been greater: to sample an ‘upstream’
reference point, Ladewig et al. (2006) took reading 6km above the effluent discharge. However, both
rivers in the current study are used throughout their length for effluent disposal (Figure 2.4); 3km
above the Fullerton sites lies Andover and in the 11km between Chickenhall and the next major
conurbation/WwTW (Winchester), there is almost continual urbanisation. Where both rivers rise
might be considered a valid ‘pristine’ site, but with the well-established environmental influences on
Gammarus and its adept ability to respond to these pressures, it would be imprudent to contrast
WwTW sites with these sites and assume the presence of effluent was responsible for any observed
differences.
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There appears to be an impact of WwTW on sexual development, but whether this is direct or indirect
could not be established. The cost associated with repeatedly testing for the presence of feminising
parasites was prohibitive, but does encourage future work in this area.
What is clear is that, predictably, a host of factors can cause variation in Gammarus populations which
may obscure the effects of the effluent themselves. Overall, it would appear the effects of the latter
are not gross. There is no evidence suggesting the effluents are having an acute effect on G. pulex.
Other, subtler responses could be identified only if all other variables were controlled for in an ex-situ
study. Similarly, the effects on brood-size and somatic growth might be clearer in controlled, direct
exposure trials, which would be the subject of subsequent investigations.
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Raw effluent effects
3.1 Introduction
3.1.1 Significance of sewage effluent
The aquatic environment is under increasing pressure as a resource (Vörösmarty et al., 2010; Loeb,
2016) with pollution being one of the main threats (Woodward et al., 2012) . Though many
industrialised countries have made substantial progress in improving the quality of aquatic habitats,
the most recent assessments identify there are still considerable improvements to be made, including
in Europe (EAA, 2015; Harrabin, 2015). One of the main sources of water pollution is the effluent of
waste water treatment works (WwTW)(Wigh et al., 2017), the regulation and monitoring of which is
under increasing scrutiny (Marques, 2010; Crabtree et al., 2016).

3.1.2 Control and monitoring of effluent effects
A growing number of pollutants are controlled through their Environmental Quality Standard (EQS) one of the legislative devices used to reduce their impact in the aquatic environment. However, an
EQS takes time and investment to formulate and new chemicals are continually developed,
consequently the overwhelming majority of compounds have not yet been designated their EQS
(Crane et al., 2009). Though WwTW effluents are likely to contain chemicals that should have an EQS,
the effluents are complex and inherently inconsistent, and therefore investigation of the effluent itself
can be a useful study. Such a measure is taken by a ‘Direct Toxicity Assessment’ (DTA); one of a series
of protocols that characterise the aggregated effects of unknown contaminants in environmental
samples (Gruiz et al., 2016). An equivalent test: Whole Effluent Toxicity (WET), has been sanctioned
by the US EPA for over 30 years (Chapman, 2000). Such tests offer the advantage that they measure
the total effects of the discharge (including interactions between components) as well as having direct
ecological relevance (Picado et al., 2008); the disadvantage is that any measured toxicity cannot be
expressed in concentration of any components, thus it does not fit into the model-based risk
assessment - the foundation of regulatory guidelines. Nevertheless, DTA has been endorsed by the EA
for over 10 years to characterise, assess and monitor effluents and their potential impact on receiving
waters (MCERTS, 2011; Gruiz et al., 2016) and the European Commission (2000) requires such tests
on algae, invertebrates and fish to evaluate any residual toxicity in treated WwTW effluent.
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The Urban Waste Water Treatment Directive was commissioned in 1991; it sets standards for sewage
treatment throughout the EU, and protects sensitive waters from the impact of domestic effluents. In
the UK, the authority to monitor and enforce these standards is the responsibility of the EA, which
administers its duties under UK laws such as the Water Resources Act (1991) and the Salmon and
Freshwater Fisheries Act (1975). One of the mechanisms with which the EA controls the impacts of
WwTW on rivers is through the issuing of discharge licences (Appx 1). These licences consider such
variables as the discharge point, seasonality, content and volume of discharge and dictate the
permissible volume of effluents that can be released (DEFRA, 2016). Specifically, the licence stipulates
the percentage of the receiving river’s flow that the discharge can add. Therefore, any studies on the
impacts of effluents must reflect that there will typically be some dilution of the effluent and
organisms might only be exposed to 100% effluent immediately around the discharge point, if at all.

3.1.3 Relevance of amphipods as indicator species
Amphipods are widely accepted as indicator species of environmental impacts (Kunz et al., 2010;
Pelletier et al., 2010; De-la-Ossa-Carretero et al., 2012). Effects on their population around WwtW
have been reported by several authors (Gross et al., 2001; Schirling et al., 2005; Ladewig et al., 2006).
These studies do not report evidence of lethal levels of contamination, prompting questions over
whether lethality endpoints (the established measurement of DTAs, for instance) are the most reliable
in detecting long-term and potentially subtle effects (Gavrilescu et al., 2015). The impact of whole
WwTW effluent on amphipod osmoregulation (Johnson & Jones, 1990), metabolism (Agnew & Jones,
1986), food consumption (Maltby et al., 2002; Bundschuh & Schulz, 2011b; Bundschuh et al., 2011c),
reproduction (Schneider et al., 2015; Wigh et al., 2017), genotoxicity (Wigh et al., 2017) and survival
(Woodworth et al., 1999) has been investigated through direct exposure assays and produced mixed
results. Many of these endpoints might first impinge on the behaviour of the amphipod which can
provide further insights onto the total toxicity (Hellou, 2011).

3.1.4 Use of behaviour in ecotoxicology
By definition, behaviour is the external manifestation of an organism’s response to physiological and
environmental factors (Dell'Omo, 2002) so it is somewhat surprising that behavioural aquatic
ecotoxicology is such a comparatively young research area. However, the exploration of this area has
developed significantly over the last decade: for excellent reviews, see Melvin and Wilson (2013) and
Brodin et al. (2014). Behaviour offers many benefits as an ecotoxicological endpoint. For example, it
is a more sensitive indicator of toxicity than mortality (perhaps by 10-1,000 times) (Nassef et al., 2010;
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Hellou, 2011) – an advantage particularly key when investigating the potentially subtle effects of
contaminants which are typically found in the environment at levels well below lethal concentrations
(Luo et al., 2014). Behavioural observations are non-invasive so measurements can be repeated,
permitting longer term studies. Behaviour represents the final combined manifestation of biochemical
and physiological processes and so offers a potentially more useful and comprehensive measure than
many sub-organismal effects (Warner et al., 1966; Hellou, 2011). It typically precedes those
physiological sequences which are triggered by external stimuli (Weber & Spieler, 1994), which in turn
may be retarded or accelerated by environmental contaminants (Scott & Sloman, 2004). Furthermore,
changes in behaviour have very wide implications - effects seen on the individual can be used to make
inferences for the population (Boyd et al., 2002) and entire ecosystem (Brodin et al., 2014).
Nevertheless, there are reasonable concerns about measuring behavioural endpoints: it is easy to
make a priori assumptions that changes in behaviour will be deleterious; every species (and arguably
every individual) may react in a very different way to a stimulus so the variation and range of responses
may obscure an actual effect; with the paucity of species currently used in the literature it is very
difficult to develop baseline data; and behaviour can be subtle - so by definition its evaluation can be
subjective and hard to quantify (Dell'Omo, 2002; Brooks, 2014; Sumpter et al., 2014). For the latter
point, at least, there is some resolution: automated recording techniques such as the Multispecies
Freshwater Biomonitor (MFB) and DanioVision TM offer a standardised, unambiguous, and objective
evaluation of locomotory behaviour and have been used in several ecotoxicology assays (e.g. De Lange
et al., 2009; Nørum et al., 2010; Nørum et al., 2011; Bossus et al., 2014; De Castro-Català et al., 2017).
Alternatively, manual methods for binary, unbiased assessment of behaviour have been successfully
developed (Franceschi et al., 2007; Guler & Ford, 2010; Franceschi et al., 2010a).
Previous studies on the effect of sewage effluent on behaviour is limited. Most commonly, it has been
investigated in fish (e.g. Sebire et al., 2011; Brodin et al., 2013; Melvin, 2016; Melvin et al., 2016), and
a few invertebrate genera; namely polychaetes (Dauer & Conner, 1980) and cladocerans (van Veen et
al., 2002; Mannarino et al., 2010). Amongst amphipod studies, behavioural effects have been
documented in animals exposed to contaminated sediments (Oakden et al., 1984; Hellou, 2011;
Rastetter & Gerhardt, 2017) and potential components of sewage effluent (De Lange et al., 2006a; De
Lange et al., 2009; Guler & Ford, 2010; Dietrich et al., 2010a; Bossus et al., 2014), but not in terms of
the effluent itself.
One of the characteristics of amphipods that predisposes them to behavioural studies is that they
demonstrate several discrete behaviours. Gammarids display a pre-copulatory amplexus where the
male clasps and guards the female immediately before she can mate (post-moult). Since reproduction
(and ecdysis) is coordinated by endocrine control and environmental factors, any disruption of these
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stimuli by environmental contamination might be detected behaviourally (Dietrich et al., 2010a; Hyne,
2011). Thus, ‘pre-copulatory guarding’ has been measured in an endpoint for environmental
contaminants (Negro et al., 2013; Pedersen et al., 2013; Wisniewska & Szaniawska, 2015) and its
frequency measured in amphipods after exposure to treated WwTW effluent (Bundschuh & Schulz,
2011a), but not previously in G. pulex.
Amphipods are generally negatively phototaxic (Rauque et al., 2011), a behaviour influenced by
serotonin and, by extension, the endocrine system. Several studies have found an impact of
pharmaceuticals at environmentally relevant levels on phototaxic behaviour of amphipods (Guler &
Ford, 2010; Bossus et al., 2014) presumably through interference with serotonergic pathways.
Pharmaceuticals, among many chemicals, are ubiquitous in WwTW effluent (Ashton et al., 2004;
Owens, 2015) yet there have been no studies investigating the effect of effluents on phototaxis.
Among all the responses to environmental contaminants, feeding rate is perhaps the most variable. It
rate has been shown to be deleteriously impacted by sub-lethal concentrations of contaminants
(Ferreira et al., 2008; Pestana et al., 2009) though it can show an increased response (Solé et al., 2010),
presumably due to compensatory mechanisms. However, not only is it clearly of crucial intrinsic
importance, it also can be quantitatively related to other life history traits, such as reproduction and
growth (Baird et al., 2007). Perhaps because of this (and the relative ease of a quantitative
measurement) a ‘feeding assay’ in Gammarus is well established in the literature (Coulaud et al., 2011;
Coulaud et al., 2015) including after exposure to WwTW effluents (Maltby et al., 2002).
Given that there is empirical precedence on the effect of sewage (in terms of in situ studies, sediments
and its potential components) on amphipods, it is not unreasonable to expect a behavioural effect of
the effluent itself, perhaps at concentrations much lower than those of the individual components
(Wigh et al., 2017). In some cases, it is the metabolic products of the chemical (Kelce et al., 1994; Tyler
et al., 2000) or products of its environmental degradation (Jobling et al., 1996) that have elicited
effects, rather than the parent compounds themselves. On the other hand, mixtures, metabolised,
and decomposed contaminants may show a reduced toxicity (Ericson et al., 2010; Franzellitti et al.,
2013) or contaminants might be so diluted in effluent that they have no effect at all (Borgmann et al.,
2007; Dietrich et al., 2010a; Oskarsson et al., 2012).
Therefore, the purpose of this investigation was to determine the impact of WwTW effluents on the
behaviour of the freshwater amphipod Gammarus pulex.
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3.2 Aims and hypotheses
Specifically, three hypotheses were to be tested:
H1 - there is no effect of WwTW effluents on the activity and phototaxis of G. pulex assessed though
automated and direct observation.
H2 - There is no effect of WwTW effluent on pairing behaviour.
H3 - There is no effect of WwTW effluent on food consumption.

3.3 Methods and materials
3.3.1 Effluents used
The effluents of two WwTW were selected for the assay. Chickenhall WwTW (NGR SU468 178)
discharges into the River Itchen at Eastleigh, UK; Fullerton WwTW (NGR SU365 414), discharges into
the Test 3km south of Andover, UK. Both effluents undergo the same treatment (primary, secondary
and chemical phosphate stripping), the population equivalents served are 101,692 and 62,194 for
Chickenhall and Fullerton respectively (D. Clarke, pers comm.; CEFAS, 2015). Chickenhall WwTW is one
of the sites selected for scrutiny of its effluent by the Chemical Investigations Project, a national
undertaking to measure the prevalence of micro pollutants in the UK (ALS, 2014).

3.3.2 Test animal collection, selection and acclimation
Adult G. pulex were collected from the source of the River Test; a spring rising near Overton, UK
(Latitude: 51.245584, Longitude: -1.239073). The site shares similar physiochemical characteristics
with the locations that the effluents were discharged into, and when last assessed it was given the
highest grade for its ‘chemistry’ (water quality) and biology (EA, 2009a). Thus, the animals could be
regarded as naïve to effluent contaminants and lacking tolerance or weakening due to prior exposure.
Adults were selected and any parasitised with acanthocephalan parasites (indicated by the orange
acanthella visible in the ventral pereon, Guler & Ford, 2010) were rejected (
Figure 3.1).
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Figure 3.1 G. pulex infected with an acanthocephanlan parasite: note orange area in the ventral
pereon (arrowed)

Before the exposure period, gammarids were acclimated at University Centre Sparsholt, Hampshire in
cages 60 x 30cm food-grade fiberglass fish egg baskets (AquaTech, Austria) with sediment (chalk
gravel) and Ranunculus aquatilis (for refuge) – both obtained from the collection site. The baskets
were maintained in 2 x 0.3 x 0.3m troughs with a tap and train at either end, and along which borehole
water flowed continually. The baskets were perforated with 1mm holes allowing water to flow
through whilst retaining the sediment and animals. Water flowed through the baskets at a rate of 2
litres per minute. Temperature and dissolved oxygen (DO) were measured weekly and were
consistently 11.3±0.2C and over 90% saturation (data not shown). Whilst under acclimation, 5 alder
(Alnus glutinosa) leaves (conditioned as per Bloor and Banks, 2006) were added to each cage every
week. At least 7 days acclimation was allowed before the experiments.

3.3.3 Effluent collection and storage
Effluent was collected in the morning from the discharge channels at Chickenhall and Fullerton WwTW
in 25 litre food grade polyethylene carboys (Nalgene, Rochester, NY, USA) and immediately
transported back to the laboratory. For the first (1 week) trial it was stored at 4C; for the second, it
was subdivided into 5 litre polyethylene bottles and frozen at -20C. In both trials, samples were
allowed to return to 11C before use.
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3.3.4 Automated behavioural observation
After acclimation as detailed in 3.3.2, animals were transported to the Institute of Marine Science,
Portsmouth (in polystyrene transport boxes) in borehole water and allowed to recuperate in a climate
controlled room (10±0.5C) for 24h before being exposed to the effluents. Groups of 20 male
gammarids were selected (by presence of genital papillae, Welton, 1979) and then allocated to each
group. Groups were exposed to spring water from the collection point (control), or 100% and 50%
effluent. Effluent was diluted with the same water from the control treatments. Animals were
maintained in static 50ml food-grade pots (Fixnfast, Berks, UK), fed ad libitum with conditioned alder
leaves, and maintained at 10±0.5C in the climate controlled room with a photoperiod of 12:12 light
dark. Mortality and moulting was recorded daily and water was renewed every 3 days by gently
pouring it out whilst retaining the animals and leaf portion, and refilling the containers. Immediately
after exposure to the effluents/control water, the behaviour of the Gammarus was measured.
Gammarus behavioural analysis was performed using DanionVisionTM (Noldus Information
Technology, Wageningen, The Netherlands) and its software EthoVision® XT. Individual animals were
each put in one well of 6-well plates and placed within the DanioVision tracking area for 1 minute to
allow to acclimate prior to recording. The velocity (mm/s) and distance (mm) of the amphipods were
recorded every 0.016 seconds during 60 second light: dark intervals for 4 minutes (Figure 3.2). Shrimp
were individually labelled allowing repeated measures analyses. After testing, Gammarus were
replaced in their individual pots, and returned to the climate controlled room. The test was repeated
after 2h, 24h and 7 days’ exposure.

a

b

Figure 3.2 Image of EthoVision interface showing (a) detection of test animals and (b) tracking
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3.3.5 Manual Behaviour Observation
Behavioural observations were based on procedures of Guler and Ford (2010) and undertaken at
University Centre Sparsholt facilities. Animal were acclimated as detailed in 3.3.2. At the start of the
trial, groups of 20 male Gammarus (>8mm) were selected and individually placed in 50ml food-grade
pots (Fixnfast, Berks, UK) that contained 25ml of spring water, a 50:50 mix of spring water and final
effluent, or 100% effluent (as described in 3.3.4). All solutions were changed twice per week. Pots
containing individual gammarids were held in 60 x 30cm food-grade fiberglass fish egg baskets
(AquaTech, Austria) in 2m troughs (as in 3.3.3). A 1cm layer of borehole water (11.5±0.3C) trickled
around the pots which maintained constant temperature. Dissolved oxygen levels inside the pots were
measured daily using a hand-held oxygen meter (model HQ-40D, Hach, USA) (data not shown). Test
conditions were maintained under 24h darkness as per Zubrod et al. (2015b).
Manual behaviour observations were taken by a method adapted from Guler and Ford (2010).
Immediately after exposure to the effluents/control water, each animal was placed in a 15cm glass
tube filled with test medium and stoppered with a bung. At 7.5cm along the test chamber a line was
marked (Figure 3.3).

Figure 3.3 Testing chamber for manual activity and phototaxis observation

After a minimum of 2 minutes acclimation time, the activity of the shrimp was measured by counting
the number of times the amphipod moved over the halfway line in 60 seconds. Then, with the
specimen still in the chamber, half of the chamber was enclosed in an opaque cover, excluding light.
The position of the Gammarus was taken every 10 seconds for 2 minutes. If the animal was in the light
side it received a score of 1, if it was in the dark, a score of 0. Therefore, a score of 12 indicated highly
90

positive phototaxic behaviour, and a score of 0 very negatively phototaxic. The process was repeated
weekly for 3 weeks.
Some animals were observed to be very inactive and therefore generated very high - or low - scores
depending on which side they ‘landed’ on. To clarify the situation a ‘preference’ index of the animal
was calculated:
P = 1-(A (6 - L))
Where P was the preference (whether they ‘preferred’ to be in the light or dark), A = activity score
(from the activity test result), L = photoperiod score (a maximum of 12, therefore equal time spent in
both areas would generate a score of 6).
Thus, a high positive number indicated an animal that was active and remained in the light, a highly
negative number indicated an animal that was active and yet remained in the dark. The nearer the
value was to 0 the less extreme the reaction.

3.3.6 Feeding rate

Calculation of feeding rate was based on the methods of Maltby et al. (2002). Twenty food grade 50ml
pots (Fixnfast, Berks, UK) were filled with 25ml of spring water, 50% effluent (diluted with spring
water), or 100% effluent (sixty pots in total). Conditioned alder leaves were cut into approx. 2cm
square portions (removing the mid-rib), dried at 60C for 48h and placed in these pots with the
exposure medium for 24 (before the Gammarus were added) to rehydrate. Five leaf portions were
also left in each exposure medium, without Gammarus, to account for decomposition (’correction
factor’).
At the start of the exposure, twenty male animals were placed in each pot with the leaf potion. After
a week’s exposure, each Gammarus and remaining leaf matter were dried at 60C for 48h and
reweighed. Feeding rate (FR, mg dry wt food/mg dry wt animal/d) of each G. pulex was calculated
using equation:

where L1 is the dry weight of food material initially supplied (mg), L2 is the dry weight of leaf material
remaining after 6d (mg), W is the dry weight of G. pulex (mg), and CL is the leaf weight change
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correction factor given by the mean of the ratio of the final to initial weight of control leaves (e.g. a
95% retention in weight after 6 days would give a factor of 0.95).

3.3.7 Pre-copulatory mate guarding
The precopulatory guarding experiment was based on Watts et al. (2001). Groups of approximately
20 males were distributed in 500ml food-grade trays (Fixnfast, Berks, UK) in spring water, 50% effluent
(diluted with spring water), or 100% effluent, with 5 conditioned alder leaves per tray. Similar sized
males (>8mm length) were selected (from the stock population – see 3.3.2) for the assay since male
size has been shown to affect pairing success (Cothran, 2008; Franceschi et al., 2010b).
For the mate guarding assay, precopulatory pairs from the stock population (3.3.2) that had been
maintained in flowing borehole water were selected and separated by placing on paper towel and, if
necessary, gentle separation with tweezers. Immediately, the female of the pair was placed in 50ml
pots in clean borehole water. After a minimum of 2min acclimation, a male from the population
maintained in 100%, 50% or control treatments was introduced to the pot. Males were placed at
opposite sides of the vessel to the female to bias due to proximity. The two animals were timed until
amplexus was achieved.

3.3.8 Statistical analyses
Velocity (mm s-1) data from the DanioVision was averaged for every 60 second light and dark exposure
for each animal. The initial 60 seconds (dark) were not included in the analysis as the data suggested
shrimp were still acclimating to the container and their behaviour was erratic. A three-way mixed
(repeated measures) ANOVA was used to test whether there was a main effect of exposure to effluent,
and interaction between the within-subject factors of exposure duration (time) and illumination
(light/dark) and between-subject factors of effluent concentration (50%, 100% effluent and control).
Normality of distribution of the velocity data was confirmed by Shapiro-Wilk's test (p > 0.05). Outlying
data points (as assessed by inspection of a boxplot) were kept in the analysis because they did not
materially affect the results as assessed by a comparison of the results with and without the outliers.
Homogeneity of variances was assessed by Levene's test for equality of variances (p > 0.05). Sphericity
in the three-way interaction was assessed with Mauchly's test; within-subject factors were tested
using the Greenhouse-Geisser adjustments when the assumption of sphericity was violated.
Further inspection of the data indicated differences particularly in the initial reaction to changes in
light, which might not be apparent in the average of 60 seconds. Therefore, a one way ANCOVA was
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used to check for effects of treatment (effluent concentration) on velocity using the distance
parameter as a covariate (which negated some of the variation caused by short bursts of speed). The
velocity of each animal over the initial 5 seconds of ‘light-on’ or ‘light-off’ was taken (an average of
300 measurements). The assumptions of the ANCOVA (linearity between dependent variable and
covariate, homogeneity of regression slopes, normal distribution of residuals, homoscedasticity,
homogeneity of variances, and absence of outliers) were checked before using the test. Where a
significant effect was indicated, post hoc analysis was performed with a Bonferroni adjustment.
Data from manual observations were analysed with a two-way mixed ANOVA where within-subject
factors were the time of exposure (initial readings and weekly measurements for 3 weeks). Normality
of the data was assessed by Shapiro-Wilk's test (p > 0.05) and observation of residual Q-Q plots. There
were no outliers, as assessed by examination of studentised residuals for values greater than ±3.
Levene’s test indicated homogeneity of variance (p > 0.05) but there was not homogeneity of
covariance (Box's test p < 0.001) therefore any interaction terms should be interpreted judiciously.
Mauchly's test of sphericity indicated that the assumption of sphericity was violated for all two-way
interactions, therefore the Greenhouse-Geisser correction was applied to the degrees of freedom.
The time taken for pairing of exposed males with unexposed females was statistically assessed with
a Welch’s ANOVA after Levene’s test indicated heteroscedasticity. Post hoc differences were assessed
with a Games-Howell test. Feeding rate was assessed with a one-way analysis of variance (ANOVA)
after assumptions of normal distribution of residuals and homogeneity of variance were met.
Since some expected cell count were less than five, Fisher's exact test (2 x c) was conducted between
moulting, and mortality, frequency and concentration of effluent exposure.

3.4 Results
3.4.1 Trial 1. Effect of 2 x STW effluents at 2 concentrations on activity of G. pulex
(DanioVision observation).
A three-way mixed ANOVA was run to understand the effects of exposure time (time), light (light/dark)
and the effluent concentration on the average velocity of Gammarus (mm per second) over 60
seconds.
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For Chickenhall effluent, there was no statistically significant effect of concentration on average
velocity (p > 0.05). Mauchly's test of sphericity indicated that the assumption of sphericity was
violated, χ2(5) p <0.05 for all interactions, so the Greenhouse-Geisser adjustments were made to all
degrees of freedom. The three-way interaction between the exposure duration, light/dark conditions,
and effluent concentration on the average velocity of G. pulex was not significant, F (4.949, 141.06) =
0.934, p = 0.460, partial η2 = 0.032. There were however significant two way interactions for different
treatments (
Table 3.1), particularly the response to light/dark over time: animals became increasingly faster in the
light exposure (compared to the dark) through the duration of the trial (
Figure 3.4).

Table 3.1 Analysis of variance of G. pulex velocity (N = 60) over 60s light:dark photoperiods and
measured at 0h, 2h, 24h and 7d of exposure to 0, 50% and 100% Chickenhall WwTW effluent
Dependent variable: velocity (mm s-1)
Source
Overall
Concentration
Light:dark
Exposure time
Error
Control
Exposure time
Light:dark
Time*light:dark
Error(time*L:D)
50% effluent
Exposure time
Light:dark
Time*light:dark
Error(time*L:D)
100% effluent Exposure time
Light:dark
Time*light:dark
Error(time*L:D)

df
2.000
1.000
2.798
57
2.706
1.000
2.263
43.005
2.442
1.000
2.341
44.476
2.205
1.000
2.331
44.294

Mean square
180.987
3937.29
95.588
73.722
28.596
898.298
120.144
33.287
145.471
1679.751
266.837
14.046
11.498
1423.257
241.103
10.628

F
2.453
221.94
3.571

P
.095
<.001
.059

.865
70.995
3.609

.456
<.001
.031

7.240
100.529
18.997

.001
<.001
<.001

.294
59.654
22.686

.767
<.001
<.001
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Figure 3.4 Velocity (mean±2SE) of G. pulex over 60 seconds of light and dark regime. Measurements
taken after 0h, 2h, 24h and 7d exposure to Chickenhall WwTW effluent. White bars: control, mid grey:
50% dark grey: 100% effluent

For Fullerton effluent, effluent there was no statistically significant variation in average velocity
between effluent concentrations (p > 0.05). As before, the assumption of sphericity was not met.
There was no statistically significant three-way interaction between exposure time, light/dark and
effluent concentration on the velocity of Gammarus, F (5.525, 157.47) = 2.075, p = 0.065, partial η2 =
0.068. Again, there were significant two-way interaction terms for all effluent concentrations’ (Table
3.2) response over time. As with the Chickenhall effluent, all animals became significantly more
reactive to light through the duration of the exposure, leading to a significant interaction term
between these variables.
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Table 3.2 Analysis of variance of G. pulex velocity (N = 60) over 60s light:dark photoperiods and
measured at 0h, 2h, 24h and 7d of exposure to 0, 50% and 100% Fullerton WwTW effluent
Dependent variable: velocity (mm s-1)
Source
df
Overall
Treatment
2.000
Light:dark
1.000
Exposure time
1.164
Error
57
Control
Exposure time
2.238
Light:dark
1.000
Time*light;dark
2.238
Error(time*L:D)
42.522
50% effluent
Exposure time
2.542
Light:dark
1.000
Time*light;dark
2.031
Error(time*L:D)
38.595
100% effluent Exposure time
2.505
Light:dark
1.000
Time*light;dark
2.448
Error(time*L:D)
46.513

Mean square
118.33
9099.23
343039.2
242.25
40.458
748.936
141.235
31.704
83.466
1285.438
125.216
28.573
201.956
1207.039
131.952
19.527

F
2.612
63.565
768.64

P
.121
<.001
<.001

.842
16.816
4.455

.449
.001
.015

2.902
71.676
4.382

.052
<.001
.019

5.338
60.519
6.757

.005
<.001
.001

Figure 3.5 Velocity (mean 2±SE) of G. pulex over 60 seconds of light and dark regime. Measurements
taken after 0h, 2h, 24h and 7d exposure to Fullerton WwTW effluent. White bars: control, mid grey:
50% dark grey: 100% effluent
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Further investigation of the data indicated a difference in the reaction of animals immediately after a
change in light regime (Figure 3.6) that may have been obfuscated by taking the velocity averaged
over 60 seconds. Analysis of this data with a one way ANCOVA (for each light regime and exposure
duration) showed, however, that there was little statistically significant difference between treatment
groups (ANCOVA p < 0.05) (Figure 3.7).

Figure 3.6 Change in average velocity of G. pulex after exposure to light (example is after 0h exposure
to Fullerton effluent)
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Dark
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Figure 3.7 Velocity (mm s-1) (mean ± 2SE) of G. pulex exposed to effluent over 7 days. Velocities were
taken over 5 seconds after a change in light regime (light: dark). White bars = Control, pale grey = 50%,
dark grey = 100% effluent. * Significantly difference to control (ANCOVA p<0.05)
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3.4.2 Trial 2 Effect of 2 x STW effluents at 2 concentrations on activity and
phototaxis (manual observation)
3.4.2.1 Fullerton ‘activity’
Activity counts of G. pulex exposed to 50 and 100% effluent were less than those in control water and
the effect was greater with time (Figure 3.8). This interaction (between ‘concentration’ and ‘time’)
was statistically significant (even allowing for heterogeneity of covariance): F (4.633, 132.03) = 7.538,
p < 0.0001, partial η2 = 0.209. However, the difference in activity between control and effluent
exposures was significant only after 3 weeks of exposure, F (2, 57) = 17.151, p < 0.0001, partial η2 =
0.376. There was no significant difference in activity between amphipods exposed to 50 and 100%
effluent.
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Figure 3.8 Activity count of G. pulex (mean ± 2SE) after exposure to Fullerton WwTW effluent

3.4.2.2 Fullerton ‘photo-sensitivity’
No significant differences in phototaxis were observed between controls and amphipods’ exposure to
effluent (p > 0.05). However, there was a significant effect of ‘time’ with animals becoming less
attracted to the light during the three-week exposure (F (2.398, 136.70) = 17.53, p < 0.0005, partial η2
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= .799, ε = 0.899). No significant interactions were observed between concentration and time (p =
0.923) (Figure 3.9).
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Figure 3.9 Phototaxis score of G. pulex (mean ± 2SE) after exposure to Fullerton WwTW effluent

3.4.2.3 Fullerton preference index
Again, the effect of time on the preference score of Gammarus was significant (F (2.247, 128.10) =
12.323, p < 0.0005, partial η2 = 0.178, ε = 0.749) (Figure 3.10); that is, animals increasingly
demonstrated an active preference for the dark as the trial proceeded. This was regardless of effluent
concentration for which there was no significant main effect (p = 0.766) nor any interaction effect (p
= 0.586).
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Figure 3.10 Preference index (mean ± 2SE) of G. pulex after exposure to Fullerton WwTW effluent

3.4.2.4 Chickenhall ‘Activity’
The main effect of treatment was not significant (p = 0.821) but time had a significant effect (F (2.596,
147.99) = 22.78, p <0.001) with activity declining over the duration of the trial (Figure 3.11). There was
not a statistically significant interaction between the effluent concentration and exposure time on
activity (p = 0.109).
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Figure 3.11 Activity count of G.pulex (mean ± 2SE) after exposure to Chickenhall WwTW effluent

3.4.2.5 Chickenhall Phototaxis
As with activity scores, there was a significant main effect of time - all tested individuals showed a
reduced phototaxis score as the experiment continued (F (2.711, 154.40) = 28.802, p < 0.0005, partial
η2 = 0.336, ε = 0.904), irrespective of effluent concentration (p = 0.614) (Figure 3.12). There was not a
statistically significant interaction between the effluent concentration and exposure time on
phototaxis score (p = 0.814).
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Figure 3.12 Phototaxis score of G. pulex (mean ± 2SE) after exposure to Chickenhall WwTW effluent.

3.4.2.6 Chickenhall ‘preference’
There was no significant difference in preference scores between effluent concentrations (p= 0.925).
However, time, again, had a significant effect with all animals showing lower scores with time F (2.919,
166.36) = 18.036, p < 0.001, partial η2 = 0.240. This effect was not consistent between concentrations
(Figure 3.13) leading to a significant interaction term - F (5.838, 166.36) = 2.417, p = 0.030, partial η2 =
0.078. However, pairwise comparisons did not identify any statistically significant differences between
scores.
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Figure 3.13 Preference index (mean+ 2SE) of G. pulex after exposure to Fullerton WwTW effluent.

3.4.2.7 Pairing time
The time taken for males (exposed to effluent for 21 days) to pair with unexposed females was
statistically significantly different between controls and exposure to Fullerton (Welch's F (2, 33.638) =
9.216, p = 0.001) and Chickenhall (F (2, 33.709) = 4.345, p = 0.021) effluent. In both cases, the effluentexposed males were significantly (p < 0.05) quicker at pairing with females than the control males;
there was no significant difference between 50% and 100% effluent (Figure 3.16 and Figure 3.15).
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Figure 3.14 Time (mean ± 2SE) taken for male G. pulex exposed to Fullerton WwTW effluent (for 21
days) to pair with (unexposed) females (* indicates significant differences following Welch’s ANOVA
and Games-Howell post hoc test, p <0.05)
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Figure 3.15 Time (mean ± 2 SE) taken for male G. pulex exposed to Chickenhall WwTW effluent (for 21
days) to pair with (unexposed) females (* indicates significant differences following Welch’s ANOVA
and Games-Howell post hoc test, p <0.05)

3.4.2.8 Feeding rate
Feeding rate was normally distributed (Shapiro-Wilk’s test p > 0.05) and there was homogeneity of
variances (Levene’s test p<0.05). There was no statistically significant difference in feeding rate
between the effluent exposed and control groups for Fullerton F (2, 57) = .212 p = 0.810 or Chickenhall
F (2, 57) = 0.019 p = 0.981 effluent (Figure 3.16 and Figure 3.17). Similarly, final body weight was not
significantly different between treatments (p > 0.05) (data not shown).
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Figure 3.16 Mean (±2 SE) feed rate of G. pulex exposed to Fullerton WwTW effluent over 7 days
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Figure 3.17 Mean (±2 SE) feed rate of G. pulex exposed to Chickenhall WwTW effluent over 7 days

3.4.3 Mortality and moulting frequency
There was no difference (Fisher's exact test, p > 0.79) in the frequency of moults or mortalities
between the treatments in the first (1 week) trial, nor the second (3 week) trial (data included for
information, Table 3.3).

Table 3.3 Mortality and moulting frequency (n = 20)
Trial
1 (1 week)
2 (3 week)

Effluent
Chickenhall
Fullerton
Chickenhall
Fullerton

Control
0
1
5
5

Moults
50%
2
0
4
2

100%
1
2
1
2

Mortalities
Control
50%
100%
0
1
0
0
0
1
0
1
2
1
0
1
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3.5 Discussion
The aim of this experiment was to evaluate, for the first time, the effects of whole WwTW effluent on
amphipod behaviour and feeding. Variable effects of effluent were observed in the behavioural
endpoints but there was no significant difference between mortality (or moulting frequency) in any
treatment, so there is no indication of acutely toxic effects of the effluents.

3.5.1 Behaviour

3.5.1.1 Short term exposures
The behavioural responses might be usefully differentiated into those seen after the short and longer
term exposures. In the short term – 7 day - (DanioVision) responses, there was an initial burst of
velocity seen in the 0h ’Fullerton’ treatments. Animals were significantly more active, or reactive, in
the effluent than in the control. Such a reaction is not without precedent. A motile response of
amphipods in response to effluent exposure has been reported in other studies, though usually in
terms of escaping from, or avoiding, the contamination (De Lange et al., 2006b; Tidona et al., 2009).
A compulsion to escape might lead to greater activity, at least in the short term: Nørum et al. (2011)
describe an atypical initial increase in amphipod activity after exposure to toxins. Peeters et al. (2009a)
found this atypical behaviour to continue for up to 7h post exposure and concluded that at least 2h
was required for acclimation. On the other hand, acclimatised animals may lack the sensitivity of their
‘naïve’ counterparts (Timofeyev et al., 2006). When viewed in the context of the subsequent
responses, the initial burst of velocity is not maintained or repeated – even only two hours later –
suggesting that if this was avoidance behaviour it dissipates rapidly and there is no long term
physiological change.
It is not clear why activity generally increased through the duration of the experiment, but within their
habitat many variables have been found to affect amphipod behaviour such as sediment, water depth
and flow, and refuge abundance (Vadher et al., 2015; Vander Vorste et al., 2016; Maazouzi et al., 2017)
so a change in all of these factors may well have had behavioural implications which may have
interacted with the effluent effects.
In this study a degree of variation was seen in the initial velocity of Gammarids in different effluents:
activity of animals in the Chickenhall effluents (and their control) at the 0h measurement was
approximately twice that of their Fullerton counterparts. The reaction of the control animals precludes
a contaminant effect, therefore other variables must be considered. One of the primary merits of
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evaluating behavioural change in ecotoxicology is its sensitivity to environmental variation (Hellou,
2011), however, that sensitivity may be manipulated by other influencing factors whose influence
needs to be controlled to reduce error. Therefore, in this study, other variables that are known to illicit
a behavioural response were kept consistent in all treatments: namely maturity (Maltby, 1995), sex
(McCahon & Pascoe, 1988c; Maltby & Naylor, 1990a; Peeters et al., 2009a; Sornom et al., 2010; Barros
et al., 2017) and parasitism (Franceschi et al., 2010a). Costa (1967) found that G. pulex behaviour was
impacted by low dissolved oxygen, whilst other studies have found temperature significantly affects
the response of amphipods to contaminants (Neuparth et al., 2002; Vellinger et al., 2012a). In the
current investigation, oxygen levels did not fall below 80% saturation in any treatment and pH and
temperature of the maintenance conditions were consistent and optimal (Wijnhoven et al., 2003).
However, it is possible that the increased activity in the Chickenhall trial was due to the animals
warming on the bench before their measurement (in later readings familiarisation with the procedure
expedited this delay) - subsequent statistical results showed the same results regardless of whether
the 0h data were included or not.

3.5.1.2 Long-term exposures

For the long-term (3 week) assay, activity was seen to decrease regardless of treatment. Other studies
have similarly reported a decline in G. pulex activity with time (Peeters et al., 2009a; De Castro-Català
et al., 2017), though the cause or mechanism remains unclear. It is unlikely to be an effect of the
contaminant since the effects were also noted in control treatments. There was also a significant effect
of the effluent treatments on activity, though this was only significant in the 3rd week of the Fullerton
trial. If this is a response to contaminants in the effluent the delay could be due to what has been
characterised as ‘loading stress’ (Wilson et al., 1994; Gerhardt, 1995), indicating an exhaustion of the
compensatory responses engaged to maintain homeostasis. Therefore, very low levels of
contaminants typically take time to have an effect (Roex et al., 2000; Liess & Ohe, 2005). It is
interesting that the effluent which showed significant (perhaps avoidance) responses in the shortterm trial was also associated with long term diminution in activity. A decline in activity is a common
response to toxicity – due to direct sensory or neurological impediment, or metabolic disruption with
a concomitant drain on the energy budget (Scott & Sloman, 2004). Amphipod behaviour has been
observed to decline in response to contaminated sediments (Morris & Keough, 2001; De Lange et al.,
2006b), acid mine effluent (de Bisthoven et al., 2006), lead and copper (Gerhardt, 1995), cadmium
(Felten et al., 2008b), xenoestrogens (Gerhardt, 2007) and pesticides (Nørum et al., 2010; Nørum et
al., 2011; Berghahn et al., 2012).
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Some chemicals can elicit a hormetic response (with a stimulatory effect at low concentrations, and
an inhibitory one at high concentrations) including zinc (Faimali et al., 2006; Ma et al., 2009),
pharmaceuticals (De Lange et al., 2009; Garaventa et al., 2010; Guler & Ford, 2010), and a wide range
of other potential contaminants exposed to an array of taxa (Chapman, 2000; Calabrese & Blain, 2005).
In the current investigation, G. pulex exposed to the 50% concentration of Fullerton effluent showed
a marginally higher activity than 100% or controls immediately after exposure to the effluent (week
0). Unfortunately, a detailed analysis of the effluents could not be completed in this study, though
Chickenhall effluent has been measured over the course a year as part of the CIP (Table 2.4, Chpt 2)
and the impacts of some of these compounds are investigated in chapters 4 and 5.
Variation was also evident in the individual responses of the amphipods in all trials. Arguably, this may
have masked the effect of the effluents. In the only study specifically addressing the intraspecific
variation in amphipod behaviour, Peeters et al. (2009a) found within males a distinction could be
made between very active and less active specimens, and though 70% of tested individuals behaved
similarly, 20% showed no consistency and 10% routinely showed behaviour opposite to the rest of
their cohort. Leading them to conclude that ‘inter-individual variation in behaviour must be taken into
account when using behaviour as an endpoint in ecotoxicological bioassays’. Certainly, other trials
have observed the issue (de Bisthoven et al., 2006; Guler & Ford, 2010). Possibly, such variation might
be attenuated by trimming, winsorising or otherwise transforming the data, but this would be done
to remove a characteristic of the data, and therefore render them less representative (Field, 2013).
Increasing N could reduce statistical variance if it were still possible to test all specimens at the same
time points, or even the use of clones has been proposed (de Bisthoven et al., 2006) – clearly more
straightforward in a hermaphroditic test organism such as Daphnia.

3.5.1.3 Phototaxis
An invariable observation in all pertinent studies is that light is an overwhelmingly strong influence on
amphipod behaviour (e.g. Holmes, 1901; Peeters et al., 2009a; Guler & Ford, 2010; Bossus et al., 2014)
which is supported by this investigation. Test animals were up to 23.9% more active under light
conditions than dark in equivalent treatments, which might be interpreted as a predator avoidance
(Boyd et al., 2002; Guler & Ford, 2010) and, as such, an vital response, any impact on which could
produce wider populational effects.
Fortunately, no single effect of effluent could be seen in the current studies over the short or long
term. However, this might have been masked by the aforementioned decline in general activity. The
‘preference’ measurement shows that time has a significant effect in increasing the negative
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phototaxis of all specimens, which could have been an artefact of the 24h dark conditions the
amphipods were maintained in. However, similar patterns can be seen in the observations of de
Bisthoven et al. (2006) who found that under control conditions, G. pulex became more active at night
after 7 days of 12:12 light:dark conditions, (though the cause or mechanism behind this pattern was
not established). Guler and Ford (2010) also found a decline in the phototaxis score in their controls
and treatments after 3 weeks exposure in 12:12 L:D photoperiod. Indeed, Michels et al. (2000) found
the same pattern in D. pulex after only 6 hours exposure, though they attributed this to hunger. What
is more interesting is the interaction seen between time and treatment, seen regularly in the current
trials. In other words, although all animals got progressively less phototaxic, the degree to which this
happened was subtly different between exposures. This suggests the effluent, or its components, may
be having an influence on the preference of G. pulex for light. Whilst this is not surprising - there are
many studies demonstrating an impact on phototaxis on crustaceans after exposure to low pH
(Gerhardt et al., 2006), dissolved metals (Saunders et al., 1985; Wu et al., 1997; Michels et al., 1999;
Michels et al., 2000), pesticides (Martins et al., 2007) and pharmaceuticals (Guler & Ford, 2010; Bossus
et al., 2014) – it is the first time it has been reported in response to effluent. The causes of the change
have been attributed to alterations in serotonergic pathways (McPhee & Wilkens, 1989; Fong & Ford,
2014), or broader neurotoxic and metabolic impairment (Wu et al., 1997). It is here suggested that
these may have ultimately caused the significantly reduced phototaxic behaviour seen after three
week’s exposure to Fullerton effluent.
In summary, the two WwTW effluents tested appears to have subtle and inconsistent impacts on the
behaviour of G. pulex, so while the hypothesis H1 is not accepted there is no universal response.
However, this is based on exposure to spot samples which may not reliably represent the potential or
‘true’ effect of the effluents. Samples were collected in the morning which is often associated with the
most acute change in effluent composition (Henze & Comeau, 2008), but different components of
effluents, and therefore its toxicity, varies throughout the day (Aguayo et al., 2004). Future work could
expose amphipods to chemicals at ranges typically found within the effluents to confirm any potential
effects.

3.5.2 Pairing behaviour
The precopulatory disruption assay was established by Poulton and Pascoe (1990) who proposed that
the time taken for precopula amphipods to separate is indirectly correlated with the concentration of
pollutant to which they are exposed. As a measure of toxicity variations on this test have been
repeatedly used in measuring the effect of heavy metals (Poulton & Pascoe, 1990; McCahon &
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Poulton, 1991), herbicides (Pascoe et al., 1994), and pesticides (Negro et al., 2013; Pedersen et al.,
2013) and they all concur that re-pairing is less likely after exposure to toxins. The results of the current
study show emphatically the opposite: male G.pulex exposed to either effluents took significantly less
time to pair than controls; the first time such a reaction has been seen in response to effluents. H2 is
accepted but not in common with other toxicity experiments.
The cause of impeded re-pairing is not clear (indeed, the stimulation for pairing itself is unclear) but is
generally assumed to be toxic stress (Poulton & Pascoe, 1990; Malbouisson et al., 1995), endocrine
disruption (Wisniewska & Szaniawska, 2015) or a secondary effect from a decline in feeding and
energy intake (Bundschuh & Schulz, 2011a): broadly, then, toxic effects. However, where less noxious
chemicals have been exposed to amphipods, the precopulatory test is less categorical. For instance,
in Gammarus tigrinus, Wisniewska and Szaniawska (2015) found significant separation effects only at
near lethal ethinylestradiol concentrations. Watts et al. (2001) found no effect of environmentally
relevant concentrations of the xenoestrogens ethinylestradiol (EE) and bisphenol A on pair re-forming
of G. pulex, so the reported effect of other environmental contaminants is particularly interesting.
Pascoe et al. (1994) found G. pulex placed downstream of discharge points (for 24h) separated more
quickly – though the results were not significant due to wide confidence intervals. Other studies have
shown a deleterious impact on sperm integrity in caged amphipods downstream of WwTW (Lacaze et
al., 2011) or when directly exposed to effluents (Wigh et al., 2017). Bundschuh and Schulz (2011a)
found a reduction in the proportion of precopula pairs in effluent exposed Gammarus fossarum, but
only after 8 weeks’ continual exposure to effluents. Trials on fish have also shown a lack of effect of
WwTW effluent on reproductive behaviour (Schoenfuss et al., 2002; Sebire et al., 2011). There is little
indication from the other metrics taken in this study that the effluents were toxic, or had any impact
on feeding rate, so it is not unreasonable to find a lack of effect on reproductive behaviour. Why the
effluents appear to have a stimulatory effect is less clear, particularly since the ‘treatment’ males were
relatively less active, but it is presumably an effect on the endocrine or reproductive system.
Typically, contaminants are reported to have an inhibitory effect on reproduction (Lagadic et al., 1994;
Baird et al., 2007). Other trials report a stimulatory (Schneider et al., 2015) as well as inhibitory
(Ladewig et al., 2006) effect on the proportion of ovigarous females after exposure to WwTW effluent,
though this is typically attributed to alterations of the female reproductive physiology. In a similar
vein, environmentally relevant concentrations of PPCPs such as fluoxetine, fluvoxamine, and
paroxetine have been found by numerous studies to stimulate reproduction in bivalves (Fong &
Molnar, 2008; Lazzara et al., 2012), including reproductive behaviour (Bringolf et al., 2010), and
increase fecundity in Daphnia (Flaherty & Dodson, 2005). In chapter 2, increased clutch size was found
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downstream of both effluent points. There are some studies showing an increase in reproductive
behaviour after exposure to sewage effluents (Schröder & Peters, 1988b, 1988a), though their
experimental design and conclusions have been criticised (Jones & Reynolds, 1997). More likely, then,
is that there is another, unknown stimulus is having an effect on the G. pulex in this trial. An increased
male body size is known to encourage pairing (Bollache & Cézilly, 2004; Wellborn & Bartholf, 2005),
but there was no significant difference found in the body weight of the treatments in this trial.
Alternatively, some studies have reported that invertebrates in contaminated sites show earlier
maturation and increased reproductive effort (Donker et al., 1993; Spurgeon & Hopkin, 1999; Li et al.,
2005). There was increased fecundity downstream of the effluent points (chapter 2). The size of
maturity was not measured, but could form future investigations.
Reproduction in amphipods is cued by many things, but photoperiod plays an important role (March,
1977; Kruschwitz, 1978). It is possible that the different reactivity to light of effluent exposed animals,
observed in the phototaxis assays, may cascade down to reproductive effects. Helluy and Holmes
(1990) concluded that the pre-copulatory clinging behaviour in Gammarus lacustris was modulated
by the alteration of neural activity in some serotonin-sensitive or serotonergic central pathway.
Finally, PPCP and effluents are known to affect other behaviours such as aggression and ‘anxiety’
(Chen & Hsieh, 2016), and amphipods are well known to engage in cannibalistic behaviour (Lewis et
al., 2010) (particularly whilst within amplexus), so it is possible the observed pairing was not a
reproductive behaviour at all.

3.5.3 Feeding rate
Though a common biomarker in toxicological studies, the effect of WwTW effluent on feeding rate of
amphipods has only hitherto been studied in microcosm or in-situ studies (caged shrimp around the
WwTW effluent point). Of these, some investigations (Maltby et al., 2002) found feeding rate was
always reduced downstream of WwTW, whereas others (Crane & Maltby, 1991; Bundschuh & Schulz,
2011a, 2011b) found the rate varied with WwTW and treatment process: feeding responses being
more, less, or no different to controls. This variation has been partially attributed to the source of
Gammarus, intra-specific variation, or indeed the testing laboratory (Crane & Maltby, 1991; Agatz &
Brown, 2014) but is largely thought to be due to the toxicity and concentration of the effluent itself.
In the current study, there appears to be a slight increase in feeding rate in individuals exposed to
100% effluent, perhaps indicating compensatory feeding to chronic toxins (Agatz et al., 2014) or an
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increase in the metabolism (Andersson et al., 1988). However, there is no significant effect and the H3
hypothesis is not accepted. Future testing could investigate the effect of known components of the
effluent on feeding rate to confirm the nature of the response.
In all trials the effects are limited to a single sample of effluent. Obtaining a ‘representative’ sample is
practically impossible because of the dynamic nature of the effluent. Effluent composition has been
shown to change significantly within hours (Kanda et al., 2003; Zhou et al., 2009; Hughes, 2014). Some
components of Chickenhall WwTW, for example, increased by over 24 times within a month (Table
2.4; Chpt 2) Fullerton and Chickenhall WwTW can treat up to 453 and 788 L s-1 respectively (D. Clarke,
pers comm), confounding any attempt to characterise the effluent. It is common in toxicity tests for
effluents to be spot sampled with one or two samples over 24h (Woodworth et al., 1999; Lundström,
Adolfsson-Erici, et al., 2010; Wigh et al., 2017), though Aguayo et al. (2004) found that depending on
the time of day, the toxicity to Daphnia varied from a LOEC at 8.1% to 68% effluent concentration.
Therefore, the conclusions based on the current study’s samples are valid and comparable with similar
studies within the literature, whilst acknowledging that any wider implications are predicated on the
limitations of the sampling method.

3.6 Conclusion
In summary, the apparent lack of toxicity in G. pulex exposed to 100% final effluent is remarkable and
an indication of the improvements made to WwTW effluent over the last twenty years. As such, it is
not without precedent: other studies have found no significant negative impact of WwTW effluent on
algae, invertebrates or fish (Dauer & Conner, 1980; Hoeger et al., 2004; Santos et al., 2008; Lundström,
Björlenius, et al., 2010; Bundschuh & Schulz, 2011a). Nevertheless, there were impacts: there appears
to be a subtle effect of effluent on the light tolerance of the animals. In contrast, there is a very
prominent effect on their reproductive behaviour.
Perhaps the variability of the responses is to be expected given the nature of the contaminants.
WwTW effluents contain a complex and infinitely variable mixture of chemicals (Jones et al., 2002)
that may cause very different reactions , or, indeed, antagonistic interactions may cancel individual
effects (Ericson et al., 2010; Franzellitti et al., 2013). By testing some of the individual components in
their environmental ranges it will be possible to elucidate the full potential of these chemicals on lotic
invertebrates.
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The testing of all hypotheses was achieved, namely: H1 (there is no effect of WwTW effluents on the
activity and phototaxis of G. pulex assessed though automated and direct observation), H2 (there is no
effect of WwTW effluent on pairing behaviour) and H3 (there is no effect of WwTW effluent on food
consumption).
By repeating behavioural observations through automatic and manual means it helps validate the
methods and demonstrates repeatability of the results. Nevertheless, these conclusions are based on
a sample of effluent that might be unrepresentative. Repeating the method with known components
of the effluent would lend greater confidence to conclusions made about the whole effluent.
Pairing behaviour was not expected to increase, but this may be due to impacts on the endocrine
system.
There was no impact of any effluent tested on feeding rate, which concurs with the behavioural
effects.
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Effects of pharmaceuticals on behaviour
4.1 Introduction
4.1.1 Pharmaceuticals in the environment
The presence and potential effects of pharmaceuticals and personal care products (PPCPs) in the
aquatic environment has been a matter of increased scientific interest for the last 20 years, with good
cause: their production is growing (Ellis, 2006; Nikolaou et al., 2007) they are increasingly found in
fresh and marine waters (Ebele et al., 2017), and anthropogenic demands on these habitats is
estimated to increase by 55% in the near future (Loeb, 2016). Furthermore, PPCPs are often designed
to resist biological breakdown so persist in the environment (Snyder, 2008), though typically found at
trace levels they can bioaccumulate (Mimeault et al., 2005; Vernouillet et al., 2010), and they are
designed to illicit effects at very low concentrations (Ferrari et al., 2003; Sanderson et al., 2003).
By far the most likely exposure to PPCPs in the aquatic environment is via effluent from waste water
treatment works (WwTW) (Focazio et al., 2004), characterised by continuous, low level concentrations
(Daughton & Ternes, 1999). There is some difficulty, however, in ascertaining the ecological impact of
these contaminants. Standardised bioassays might underestimate effects or might not be sensitive
enough to reveal chronic toxicity (Kümmerer, 2009; Wigh et al., 2016). Helpfully, the assessment of
the impacts of PPCP and other potential contaminants has moved from acute regulatory tests (e.g.
Halling-Sørensen et al., 1998) to include longer term, chronic tests using concentrations several orders
of magnitude lower than lethal levels (e.g. Bound & Voulvoulis, 2006). Furthermore, chronic aquatic
toxicity tests – measuring extended stages of life cycles and sub-acute endpoints such as growth –
have been codified in the environmental risk assessment guidance document for human
pharmaceuticals produced by the European Medicines Agency (EMEA, 2006) and the European
Directive (2012/26/EU), significantly entitled ‘pharmacovigilance’ (EC, 2012b).
Another challenge in investigating the ecological impact of PPCPs is their overwhelming number and
diversity: one estimate is 6 million PPCPs worldwide (Daughton, 2004) – including around 9000
molecular entities (components of active ingredients) used in many tens of thousands of
pharmaceuticals (Daughton, 2007). In the UK alone, over 3000 active ingredients are licensed (Ellis,
2006). As a start, both the EU and USA developed priority pollutant lists which included a wide variety
of chemicals present in waste waters that might pose a threat to receiving water bodies. In the year
2000, an initial list of 33 priority substances was identified under the newly constructed Water
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Framework Directive (Directive 2000/60/EC). Since then, the priority substance list has been updated
as research and policy dictate, for instance, in 2007 several PPCPs such as diclofenac were identified
as emerging contaminants that should be added to the list (Table 2.1, Chpt 2).
In response to the growing concern of PPCPs in the environment, in 2008 the Chemical Investigations
Programme (CIP) was launched in the UK. This is a 12-year project to review the prevalence of a range
of PPCPs and the efficacy of their removal by conventional waste water treatment. One of the WwTW
monitored by the CIP is Chickenhall WwTW in Eastleigh, Hants, which therefore has documented
concentrations of seven PPCPs found over a year-long investigation (Table 2.4, Chpt 2.). These seven
chemicals narrowed down which products might be investigated in terms of their effects at
environmentally relevant concentrations in the current study. Of these, the three antibiotics were
deselected as their impacts on sub-lethal endpoints (such as feeding and growth) would likely be
inextricably linked with their effects on the microbial conditioning of the amphipods’ food (Bundschuh
et al., 2009; Waiser, 2013); an entire subject of its own that was being investigated by contemporary
studies. The remaining 4 chemicals, fluoxetine, ibuprofen, propranolol and triclosan were selected for
the current study and, in addition, diclofenac was included due to its emerging prominence as a
pharmaceutical of particular concern. In summary, the chemicals selected were fluoxetine, ibuprofen,
triclosan, propranolol and diclofenac.

4.1.1.2 Diclofenac
Diclofenac is a common non-steroidal anti-inflammatory drug (NSAID) administered orally, topically
or more recently through injection (Keating et al., 2015). Worldwide, it is available in prescribed and
non-prescribed human medicines (Memmert et al., 2013) though the oral form is a prescription only
medication in the UK (Gov.uk, 2015). It is also commonly used as a veterinary analgesic (Blanco et al.,
2016). Diclofenac is a sodium or potassium salt of 2-(2-(2,6-dichlorophenylamino) phenyl) acetic acid
that is used to treat a wide range of inflammatory disorders such as muscle strain and arthritis, but
also may be used to treat chronic pain associated with cancer (Zhang et al., 2008). Its widespread use
in treating farm animals, particularly cattle, has led to the near extirpation of three species of vultures
in the Indian sub-continent resulting in its veterinary licence being withdrawn there in 2006 (Prakash
et al., 2012). However, with the exception of old-world vultures, diclofenac has a well-known safety
profile and is one of the most popular NSAIDs available with an estimated worldwide annual
consumption (as a human and veterinary pharmaceutical drug) of over 1000 tons per year (Memmert
et al., 2013). After ingestion, diclofenac is partially biotransformed to its hydroxylated metabolites
(e.g., 4′-hydroxy (OH) and 5–OH diclofenac) and is excreted via urine and faeces, before reaching
wastewater treatment works (WwTW) and thereafter potentially the ecosystem. Depending on the
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route of administration, between 10 – 50% of diclofenac and its metabolites can be eliminated from
the body, in as little as two hours after application (Heberer & Feldmann, 2005; Wishart et al., 2006).
The proportion of diclofenac and its metabolites that are eliminated through the faeces and urine are
typically 35% and 65% respectively (Zhang et al., 2008). Once the diclofenac reaches WwTW, its
removal rate is notably variable, mostly due to the variation in the treatment regime used (that is, less
removal through activated sludge than filter beds). Rates of between 0 and 100% have been found
under different regimes (Zhang et al., 2008; Beltrán et al., 2009). Furthermore, rates vary according to
the time of year: Wiest et al. (2016), found that an average of 55% was removed in summer, dropping
to 1% in winter - due to differences in photolysis and oxidation. Generally, however, typical removal
values seem to lie between 21 – 40% (Paxéus, 2004; Zhang et al., 2008). Considering its frequency of
use, its high excretion rates and potentially low removal at WwTW, it is perhaps unsurprising that,
globally, diclofenac is one of the most frequently detected pharmaceuticals in surface waters
(Schwaiger et al., 2004; Zhang et al., 2008; Loos et al., 2009; Schmidt et al., 2011; Gonzalez-Rey &
Bebianno, 2014). Indeed, a recent report found that after testing the final effluent of 160 sewage
treatment works in the UK, diclofenac was one of several drugs present in concentrations apparently
high enough to potentially affect ecosystems (Boxall et al., 2014). Several studies have found
diclofenac in surface waters (Table 4.1) and the aquatic environment. Such is the concern of its
prevalence and potential environmental effects that it was due to be included in the of Priority
Substances list (Gonzalez-Rey & Bebianno, 2014) but currently it remains included in the EC’s ‘Watch
List’ of compounds that needs more data to support further prioritisation, along with 17-αethynilestradiol, and 17-β-estradiol (Pusceddu et al., 2017).
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Table 4.1 Concentrations of diclofenac found in effluents and receiving waters of Europe
Mean concentration (ng L-1)

Source

35–18,740 in different systems Spanish rivers

Reference
Boleda et al. (2014)

(range 13–22,000)
150 to 7100

Swedish WwTW effluent

Ericson et al. (2010)

290 (range 140 - 1480)

WwTW effluent of 5 EU countries

Paxéus (2004)

1500

WwTW effluent

Zhang et al. (2008)

<100

Surface waters

990,000

Swiss WwTW effluent

Tixier et al. (2003)

202 (max 2991)

Receiving waters of UK WwTW

Kay et al. (2017)

median=424

WwTW effluent

Ashton et al. (2004)

<20

Receiving stream

<8 - 195

UK Estuaries

350-460

WwTW effluents

<20

Upstream of WwTW

91

Downstream

<0.5-85

River Taff and River Ely, Wales, UK

17 (0-247)

EU rivers

Kasprzyk-Hordern et
al. (2008)
Loos et al. (2009)

260 (90 – 850)

WwTW effluent

Gardner et al. (2012)

150 (median) 800 (90th percentile) German rivers

Thomas and Hilton
(2004)
Hilton et al. (2003)

Ternes (1998)

1200 (max)
25-50

R Ouse, UK. Downstream of WwTW

Zhou et al. (2009)

Diclofenac is relatively water soluble (2.37 mg L−1 at 25 °C) (Gonzalez-Rey & Bebianno, 2014) and does
not tend to adsorb to organic matter (Johnson et al., 2007), therefore, it tends to remain in the aquatic
phase once in the environment (Ericson et al., 2010). It is bio accumulative (Schwaiger et al., 2004;
Ericson et al., 2010), fairly persistent in the environment (Bendz et al., 2005), and has been reported
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as progressing through the aquatic food chain to top-predators (Owens, 2015). In terms of potential
toxicity, diclofenac, like other NSAIDs, decreases the biosynthesis of prostaglandins from the
phospholipid arachidonic acid by non-selectively inhibiting the cyclooxygenase (COX)-1 and -2
isoforms (Fent et al., 2006; Schmidt et al., 2011). COX enzymes are found in all vertebrates and some
invertebrates, such as Gammarus species (Varvas et al., 2009). In reducing prostaglandins, NSAIDs
diminish the cellular response to injury and trauma and lessen pain and the inflammatory response
(Eades, 2012). However, prostaglandins are also involved in other critical physiological functions such
as reproduction, osmoregulation and immune defence (reviewed by Rowley et al., 2005) which may
be similarly diminished by the action of NSAIDs (Fent et al., 2006; Han, Choi, Kim, Ji, Kim, Ahn, Yun,
Choi, Khim, Zhang, et al., 2010). In addition, and unlike other NSAIDs, diclofenac has been shown to
inhibit the proliferation of progenitor cells and cause cell death (Ericson et al., 2010) which may
contribute to it being regarded as the most acutely toxic NSAID (Santos et al., 2010).

4.1.1.3 Fluoxetine
Fluoxetine is a selective serotonin reuptake inhibitor (SSRI) which is used to treat a wide range of
mental conditions such as bulimia nervosa and compulsive behaviour, disorders such as alcohol
dependence and obesity, and syndromes such as mild autism (Wise, 1992; Whittal et al., 2000;
Williams et al., 2013). However, it is most widely known as an antidepressant in products such as
Prozac – the most widely prescribed psychoactive drug on the market (Franzellitti et al., 2011). In 2011
over 43 million prescriptions for antidepressants were issued in the UK and about 14% (or nearly 6
million prescriptions) of these were for Prozac (Macnair, 2012), equating to about 50 tonnes per year
based on recommended dosage. Moreover, the prescription of antidepressants has recently been
reported as increasing at a rate of 20% every year across Europe as a whole, with 9% of the UK
population having taken them (Lewer et al., 2015). Of increasing concern is the potential of SSRIs to
get into the environment. Between 10 - 30% of the fluoxetine dose is excreted unchanged in the urine,
the remaining 70 - 90% is excreted as fluoxetine glucuronide and norfluoxetine, the active metabolites
(Hartke and Mutschler, 1993 in Nentwig, 2007; Luna et al., 2015). Within the sewage treatment
process, fluoxetine is thought to adsorb to sludge and/or fat and get degraded by microorganisms
(Vasskog et al., 2008) with the result that removal rates can be over 90% (Zorita et al., 2009). On the
other hand, the recent Chemical Investigations Programme found fluoxetine to have the third lowest
removal rates of any chemical investigated (Gardner et al., 2013). In any case, presumably aided by
the prevalence of its consumption, fluoxetine is increasingly reported in surface waters. In a metastudy of over 57,000 reports on pharmaceutical prevalence in freshwater ecosystems, Hughes et al.
(2012a) found fluoxetine to have median and maximum concentrations of 17.8 ng L-1 and 596.0 ng L-1
respectively, and was detected in 29.2% of samples where it was looked for. After sampling 139 US
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streams, Kolpin et al. (2002) estimated typical environmental levels to be in the order of 12 ng L -1.
Similar concentrations have been reported throughout Europe (Table 4.2).

Table 4.2 Concentrations of fluoxetine found in effluents and receiving waters of Europe
Mean concentration (ng L-1)

Source

Reference

3–66.1

Spanish rivers

Boleda et al. (2014)

23

(median),

69

(95th 162 UK WwTW effluent

Gardner et al. (2012)

percentile)
8-44 (median 14)

Downstream of 15 WwTW on Spanish
rivers

González Alonso et al.
(2010)

<5

Downstream of 3 WwTW on French
and Ukrainian rivers

Vystavna et al. (2012)

13.2-16.4

Effluent from WwTW on River Lis,
Portugal

Paíga et al. (2016)

3.3

River Lis

0-25

Swedish rivers

Lindim et al. (2016)

Fluoxetine, like other SSRIs, blocks serotonin reuptake thus increasing the extracellular serotonin (or
5-hydroxytryptamine, 5-HT) concentrations (Ranganathan et al., 2001). Specifically, serotonin (a
monoamine, like dopamine and histamine) is released by the pre-synamptic (afferent) neuron into the
synaptic cleft and, if threshold is reached, precipitates an action potential in the efferent neuron. It is
subsequently reabsorbed into the afferent neuron by a membrane-bound pump in preparation for
the next stimulus (Fent et al., 2006) – which is what SSRIs inhibit, thereby increasing the synaptic
concentrations of serotonin and expediting the stimulation of the neuron. In so doing, SSRIs are able
to manipulate the physco-physiological processes associated with the so-called serotonergic system
(Andrews et al., 2015).
Fundamentally, the serotonergic system is thought to be particularly involved in inhibition. It opposes,
in function, most of the other amine systems (such as that of histamine and dopamine) and it is
inhibitory both in terms of sensory input and in behavioural output (Robbins, 2015). Furthermore, its
routes are regarded as one of the oldest of the amine systems in the brain and it has been shown to
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be evolutionarily conserved across both vertebrates and invertebrates (Gillette, 2006; Fong & Ford,
2014), having comparable effects in such diverse processes as learning and memory, aggression, stress
responses, locomotion, and collective social behaviours (for a comprehensive review, see Swallow et
al. (2016).
Given the notable reach of the serotonergic system it is unsurprising that there is concern that nontarget animals may be affected in a wide range of ways from exposure to fluoxetine in the
environment (Van der Ven et al., 2005). Realistically, despite fluoxetine being repeatedly labelled as
the most acute toxic human pharmaceuticals reported so far (Fent et al., 2006; Oakes et al., 2010), it
is extremely unlikely that lethal effects would be seen at environmental concentrations. For instance,
survival of the amphipod Hyella azteca was not affected at levels up to 43 mg kg−1 sediment (10 day
exposure) (Brooks et al., 2003) – about a million times greater than recorded environmental levels.
However, fluoxetine is known to bioaccumulate: Meredith-Williams et al. (2012) found it to have a
bioaccumulation factor several orders of magnitude greater than other pharmaceuticals. Also,
because of the potency of SSRIs, there is growing evidence that they are able to elicit effects in
extremely low, environmentally relevant concentrations (Brooks et al., 2003; Ford & Fong, 2015).
Nevertheless, an understanding of the effects of SSRIs and other endocrine disrupters in invertebrates,
particularly crustaceans, remains limited and unclear (Geffard et al., 2010).

4.1.1.4 Ibuprofen
Ibuprofen, like diclofenac, is an NSAID. Its production and consumption is prodigious: it is one of the
few drugs in Europe that are consumed in amounts in excess of 100 tonnes annually (Bound &
Voulvoulis, 2005). Specifically, in 2004 its consumption in the UK alone was recorded at over 330
tonnes (Watts, 2007). In common with other NSAIDs, ibuprofen reduces the inflammatory response
by inhibiting COX-1 and COX-2 (Van Hecken et al., 2000) which, in turn, diminishes the formation of
prostaglandins involved in the processes such as reproduction, immune system and ion transport in
both vertebrates and invertebrates (Rowley et al., 2005).
After oral administration, the absorption of ibuprofen is generally rapid and complete (Davies &
Skjodt, 2000). Ibuprofen is highly bound to plasma proteins, specifically to albumin (>90%) and only 18% is typically excreted (Ternes, 1998). Furthermore, treatment in WwTW appears to eliminate the
vast majority of ibuprofen and its metabolites (hydroxy-ibuprofen and carboxy-ibuprofen) with
degradation rates (75 - >95%) exceeding most other drugs, including other NSAIDs (Atchison et al.,
1987; Buser et al., 1999). Therefore, its comparative abundance in surface waters (Table 4.3) is
testament to the considerable quantities consumed: in their study of EU rivers, Loos et al. (2009) found
it in higher concentrations than any other drug except caffeine, and Boleda et al. (2014) identifies it
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as the most common pharmaceutical found in Spanish, European, and North-American finished
drinking water (with maximum concentrations of 54, 28 and 1,320 ng L-1 respectively).

Table 4.3 Concentrations of ibuprofen found in effluents and receiving waters of Europe
Mean concentration (ng L-1)

Source

Reference

46–1,370 (range 44–16,886)

Spanish rivers

Boleda et al. (2014)

0.07 – 70 (median), 280 (90th
percentile), 530 (max)

German rivers

Ternes (1998)

1300

Swiss WwTW effluent

Tixier et al. (2003)

421 (max 4838)

Receiving waters of UK WwTW

Kay et al. (2017)

120 – 230

Swedish WwTW effluent

Ericson et al. (2010)

3086 (median)

UK WwTW effluent

Ashton et al. (2004)

826

Receiving stream

<8 – 928

UK Estuaries

Thomas and Hilton (2004)

1700-3800

WwTW effluents

Hilton et al. (2003)

<20

Upstream of WwTW

<20

Downstream

213 – 2100

River Thames

Bound and Voulvoulis
(2006)

330 (range 40– 3640)

WwTW effluent

Gardner et al. (2012)

<0.3-100

River Taff and River Ely, Wales, Kasprzyk-Hordern et al.
UK
(2008)

395 (range 0– 31,323)

EU rivers

Loos et al. (2009)

530

EU surface water

Paxéus (2004)

Once in the aquatic environment, there is some disparity about the persistency of ibuprofen; Ericson
et al. (2010) reported that it is considered to be fairly persistent, and it has been found throughout
lotic food chains (Owens, 2015). In contrast, Buser et al. (1999) found that it is less persistent than
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other pharmaceuticals. Loos et al. (2009) found that around 20% was degraded after 3 weeks and
Tixier et al. (2003) estimated its half-life to be 32 days in the field. In any case, ibuprofen appears to
be amongst the least toxic of the NSAIDs, with LC50 values for fish and invertebrates several orders of
magnitude higher than the greatest environmental concentrations (Kim et al., 2009). On the other
hand, a 2014 report by UK Water Industry Research found that in most of 160 sewage treatment works
studied, ibuprofen was one of several drugs present in the final effluent in concentrations apparently
high enough to potentially affect ecosystems (Boxall et al., 2014). Discrepancies like this are not easily
resolved when the effects of all NSAIDs on non-target organisms, notably invertebrates, are not well
understood (Fent et al., 2006; Wiklund et al., 2011).

4.1.1.5 Propranolol
Propranolol

(dl-propranolol

hydrochloride

1-isopropylamino-3-(l-naphthyloxy)

propan-2-ol

hydrochloride [C16H21NO2·HCl]) belongs to the class of beta adrenergic receptor antagonists (‘betablockers’) which are prescribed for the treatment of angina and hypertension (high blood pressure)
and also is used as a migraine prophylactic and to control symptoms of anxiety (Stanley et al., 2006).
It is effective against the latter because, like SSRIs, it also acts as a serotonin-receptor antagonist,
blocking serotonin reuptake by the pre-synaptic axon terminals (Alexander & Wood, 1987).
Presumably because of their broad benefits, beta-blockers are amongst the most commonly
prescribed pharmaceuticals (Corcoran et al., 2010), indeed, propranolol is on the World Health
Organization's ‘List of Essential Medicines’ - the most useful and cost-effective medicines needed in a
health system (WHO, 2015). The conditions it treats are some of the most common disorders of
modern times (Maryon-Davis & Stewart, 2005), and increasingly prevalent. For hypertension alone, a
2014 survey found the prevalence in adults of 16 years or older in England was 31.5% in men and
29.0% in women (Scantlebury & Moody, 2014). Within the UK, consumption values of 0.47–0.55 mg
head-1 d-1 have been reported for the 2000–2001 period (Ayscough, 2000), increasing to 0.65 mg head1

d-1 in 2003 (Johnson et al., 2007). It is very water soluble (100g/L) and thoroughly metabolised by the

body, though reported excretion rates vary between 1% and 18.5% of the ingested dose (Ternes, 1998;
Johnson et al., 2007). Removal rates at WwTW are variable: Fent et al. (2006) reports rates up to 96%,
whereas a recent report investigating 70 trace chemicals in WwTW effluent found that propranolol
had the lowest removal rate of any pharmaceutical – typically around 20% (Gardner et al., 2013) which
is similar to the findings of Maurer et al. (2007). In any case, it is one of the most common betablockers found in the environment, for example it was ubiquitous on 49 river sites below WwTW in
Germany and 5 in the UK (Ternes, 1998; Ashton et al., 2004). Typical environmental levels are in the
10-100ng L-1 range (Table 4.4). Propranolol is reported to bio-accumulate: reaching 360 μg/g w.w. in
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mussel tissues (Ericson et al., 2010), and values in the order of mg L-1 in fish blood (Giltrow et al., 2009;
Owen et al., 2009).

Table 4.4 Concentrations of propranolol found in effluents and receiving waters of Europe
Mean concentration (ng L-1) Source

Reference

10 (Max 165)

Receiving waters of UK WwTW

Kay et al. (2017)

2–54 (range 5–270)

Spanish rivers

Boleda et al. (2014)

12 (median), 590 (max)

23 German rivers

Ternes (1998)

10-30

Swedish WwTW effluent

Bendz et al. (2005)

76 (median)

UK WwTW effluent

Ashton et al. (2004)

29

Receiving stream

<4 – 56

UK Estuaries

Thomas and Hilton (2004)

<0.5-40

R Taff and R Ely, Wales, UK

Kasprzyk-Hordern et al.
(2008)

0 – 253

8 tributaries of the R Thames, UK

Miller et al. (2015)

16 – 284

WwTW final effluent

Hilton et al. (2003)

<10 – 115

Upstream of UK WwTW

<10 – 215

Downstream of UK WwTW

140

WwTW effluent

Gardner et al. (2012)

36

R Ouse, UK – downstream of WwTW

Zhou et al. (2009)

The adrenergic system that propranolol affects is involved in many physiological functions, including
the regulation of heart rate and oxygen requirements, vasodilatation of blood vessels and
bronchodilation in vertebrates (Fent et al., 2006). In invertebrates it is also related to the control of
heart rate (Villegas-Navarro et al., 2003) and plays a role in controlling larval development (Wang et
al., 2006) and a wide range of sensory perception and behaviour (Roeder, 2005), including feeding
(Teyke et al., 1993) and movement (Keshmirian & Nogrady, 1988; Rodriguez et al., 1993).
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Nevertheless, despite their ubiquity in the environment and physiological significance, the effects of
beta blockers on nontarget organisms, especially invertebrates, are not well understood (Cleuvers,
2003; Owen et al., 2007).

4.1.1.6 Triclosan
Triclosan (5-chloro-2-(2,4-dichlorophenoxy) phenol) is an antibacterial agent and preservative that is
very widely used in personal care products (including toothpastes, shampoos, soaps and deodorants,
cosmetics, textiles, household cleaning products, toys and kitchen utensils) (Bedoux et al., 2012). The
application of triclosan has been growing for 25 years and it has been estimated that the annual usage
is higher than 450 tonnes in Europe (SCCS, 2010). Approximately 85% of the triclosan is used in
personal care products in concentrations up to 0.3% by wet weight (Sutton et al., 2008). Almost all
(96%) of these products are thought to be disposed of through the domestic drainage system (Reiss
et al., 2002). A recent report on over 70 chemicals’ fates through WwTW found that tricolsan was one
of the few chemicals that were found in influent at concentrations exceeding 1µg L-1 (Gardner et al.,
2013). When passing through WwTWs, efficiency of triclosan removal can be highly variable (from
complete removal to 100% ineffective; Heidler & Halden, 2007) though it is typically in the range of
58-98% (Kanda et al., 2003; Thompson et al., 2004). It seems that the variance in effective removal of
triclosan is partly attributable to the many different treatment methods employed (McAvoy et al.,
2002). Triclosan will only degrade in an aerobic environment: in anaerobic environments it remains
intact. In a typical sewage treatment process, 79% of triclosan was degraded at the secondary
treatment stage through biological filtration, 15% was absorbed into sludge and the remaining 6% was
discharged in the effluent (Bester, 2003). Predictably, WwTW effluents are the main conduit for
triclosan reaching the environment (Rowett et al., 2016). It has been found in sediments and marine
waters at levels up to 53000ng g-1 and 28.9ng L-1 respectively (see Chalew and Halden (2009), Dann
and Hontela (2011) and Bedoux et al. (2012) for reviews), throughout European freshwater habitats (
Table 4.5), and has been found at levels of 10µg L-1 in North American WwTW effluent (Lopez-Avila &
Hites, 1980). It was one of the most frequently detected compounds in a survey of 139 streams
throughout the USA (Kolpin et al., 2002), despite being poorly soluble in water (12mg/L). Indeed, it
has been suggested that triclosan is probably among the most frequently occurring of all organic
wastewater contaminants (Halden & Paull, 2005).
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Table 4.5 Concentrations of triclosan found in effluents and receiving waters of Europe
Mean concentration (ng L-1)

Source

Reference

40

Spanish rivers

Boleda et al. (2014)

150 (range 40 – 780)

UK WwTW effluent

Gardner et al. (2012)

1100-340

Final effluent UK

Sabaliunas et al. (2003)

11-98

Swiss rivers

Singer et al. (2002)

44

3.5 km downstream of WwTW

Sabaliunas et al. (2003)

25-46

UK rivers

Price et al. (2010)

As a bactericide, triclosan inhibits bacterial fatty acid synthesis by inhibiting the enzyme ENR (enoylacyl carrier protein reductase) (Heath et al., 1999) and damaging cell membranes (Russell, 2004). In
this capacity, it is very effective: Ricart et al. (2010), looking at bacterial biofilms downstream of
WwTW, found a no effect concentration (NEC) of 210ng L−1. Somewhat surprisingly, it has a relatively
low toxicity to other microorganisms (inhibitory effects at concentrations from 25 – 80,000 µg L-1), and
to mammals it is generally accepted as well tolerated and safe (e.g. LD50 concentrations in rats of
1000mg kg-1) (Dann & Hontela, 2011). However, it is regarded as particularly toxic to algae and
crustacea: chronic toxicity effects are seen at 0.2 – 2.8 µg L-1 and 6 – 182 µg L-1 respectively in these
taxa (Chalew & Halden, 2009). Nevertheless, in a study exposing a range of taxa (bacteria, protozoa,
algae, crustaceans, and amphibians) to eleven PPCPs, triclosan was distinctive in being the only
chemical affecting all taxa (Harada et al., 2008). Presumably because of its toxicity and ubiquity it was
the only personal care product recommended for monitoring and control in the 2014 review of the
Water Framework Directive standards (Defra, 2014). Similarly, concern over triclosan (and its sister
compound, triclocarban) had been growing in the USA, with the Food and Drink Administration (FDA)
and Environmental Protection Agency being lobbied to regulate its use since 2010 (Cooney, 2010). In
2016, the FDA announced that triclosan and triclocarban must be removed from all antibacterial soap
products by late 2017 (Erickson, 2016).
Although ubiquitous and potentially toxic, Lowest Observed Effect Concentrations (LOEC) are
generally above environmental concentrations, but triclosan is a stable lipophilic compound and, as
such, it can be bioaccumulated (Coogan et al., 2007; Ricart et al., 2010). Moreover, concern has been
raised over triclosan's potential for endocrine disruption, as the antimicrobial has been shown to
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disrupt thyroid hormone homeostasis and possibly the reproductive axis (Dann & Hontela, 2011). It is
somewhat surprising then that there have been relatively few studies looking at effects at
environmentally relevant concentrations.

4.1.1.7 Mixtures
Realistically, pharmaceuticals are very unlikely to be present in the environment in isolation but rather
in a whole mixture of other chemicals, their transformative products, and metabolites (Cleuvers, 2004;
Fent et al., 2006; Ankley et al., 2007), and these mixtures may result in greater ecological risk than
exposure to individual chemicals at comparable concentrations (Schwaiger et al., 2004), yet the
literature investigating mixtures of pharmaceuticals is a fraction of the investigations on single
products (Dietrich et al., 2010a). Recent studies have indicated that when in a mixture, the effects
might display a range of different interactions. These interactions include additive – that is the effect
of the mixture of chemicals is equal to the response from each pharmaceutical taken separately
(Cleuvers, 2003; Richards et al., 2004; Ericson et al., 2010), synergistic, where the effect of the
chemicals taken together is greater than the sum of their separate effect at the same doses (Cleuvers,
2004; Christensen et al., 2007), antagonistic, where the effect of two chemicals is less than the sum of
the effect of the two drugs taken independently (Ericson et al., 2010; Franzellitti et al., 2013) or of
course there may be no effects at all (Borgmann et al., 2007; Dietrich et al., 2010a).
Broadly, pharmaceuticals with similar mechanisms of action (MOA) appear to show synergistic effects
when mixed, whereas those with dissimilar MOAs have been found to follow additive or antagonistic
action (Escher et al., 2005). Similarly, studies indicate that addition seems to be the typical mixture
model for antidepressants whereas synergistic effects are more typical of combinations of many
antibiotics (Christensen et al., 2006; Christensen et al., 2007). Furthermore, the number of chemicals
in the mixture appears to affect the toxicity: a study by Dyer et al. (2000) suggests that the
compounded toxicity of mixtures with a large number of components may dominate the individual
MOAs, particularly if the concentrations of the components are below individual effect thresholds.
In chapter 3, the effluent itself, a complex – and unquantified – mixture of chemicals, was exposed to
Gammarus pulex to ascertain any behavioural effects. As identified in that chapter, it is important to
measure the whole effluent as well as its components to give the overall picture of ecological impact.
Effects of the components might reflect those seen in the effluent and suggest mechanisms of
causality. Furthermore, given the characteristic variability of effluent, and the different interactions of
mixtures, it is valid to determine what effects each of the components might have at levels found in
the effluent. The investigation of effluent components subsequent to their identification in effluent
has been followed in a number of studies (e.g. Warne & Schifko, 1999; Guerra, 2001; Martins, Beatriz,
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et al., 2009; Melvin et al., 2016) with a variety of test species, but rarely with WwTW effluent and not
using amphipods.

4.1.2 Behaviour as an endpoint
The use and value of behaviour as an ecotoxicological endpoint has already been reviewed (Chapter
3), but it is particularly relevant in the current context: its sensitivity might be 10 – 1,000 times higher
than conventional LC50 tests (Hellou et al., 2008; Robinson, 2009) and represents a cumulative effect
that typifies PPCP exposure in the environment. For these reasons, Hellou (2011) advocated the
adoption of behavioural endpoints into ecotoxicological regulatory frameworks. Its sensitivity,
however, can also be problematic: there are many studies that have described behavioural effects on
amphipods in response to variables such as season, temperature, water depth and flow, substrate and
refuge type and presence of conspecifics and interspecifics (Halcrow & Boyd, 1967; Dahl & Greenberg,
1996; Wisenden et al., 1999; Ford & Paterson, 2001; Perrot-Minnot et al., 2007; Vadher et al., 2015;
Vander Vorste et al., 2016; Maazouzi et al., 2017), which may obscure or interact with toxic responses.
Careful experimental design needs to take these potential impacts into consideration.
The benefit of behavioural effects is that they are often initiated at very low, chronic exposures, which
is typical of the environmental pathways of PPCPs. Behavioural modifications also have very clear
individual and ecological implications, so it is surprising that there have been so few studies in the
area. G. pulex is regarded as a keystone species in many lotic habitats and is sensitive to chemical
contamination, therefore is ideally placed as a test subject.
G. pulex is particularly useful in behavioural monitoring because it displays several behaviours that are
discreet and unambiguous. Typical behaviours measured in Gammarus species are those associated
with feeding (Felten et al., 2008b; Alonso et al., 2009; Nyman et al., 2013), activity (Felten et al., 2008b;
De Lange et al., 2009; Vellinger et al., 2013) and phototaxis (Guler & Ford, 2010; Bundschuh et al.,
2011c) due to their unambiguous measurement and direct application to survival.
Although Whole Effluent Testing can be very helpful in evaluating toxic potential, it’s capriciousness
makes it impossible to characterise and replicate meaningfully. Furthermore, chemicals can behave
very differently when in a mixture so by testing individual chemicals at environmentally relevant doses
the potential effects may be clearer.
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4.1.3 Feeding
Feeding inhibition is typically one of the first observed responses to environmental pollution (Coulaud
et al., 2015) and can be seen at concentrations several orders of magnitude less than lethal levels
(Agatz et al., 2014). When investigating responses, Wilson et al. (1994) usefully categorised them into:
•

‘Loading stress’ – a subtle effect on physiology or behaviour which nonetheless increases the
cost of maintenance. A compensatory response.

•

‘Limiting stress’ – an overt effect at toxic concentrations above the regulatory capacity.

Gerhardt (1995) suggested that much of the routine biomonitoring of water pollution and effluent
(Chapter 3) might be more typical of the former, whereas toxicity tests would typically fall under the
latter category. As such, assays on feeding responses may demonstrate toxic effects – to heavy metals
(Pestana et al., 2007; Felten et al., 2008b; Dedourge-Geffard et al., 2009), acid drainage (MacedoSousa et al., 2007; Felten et al., 2008a), pesticides (Malbouisson et al., 1995; Blockwell et al., 1998a;
Bundschuh et al., 2013; Agatz et al., 2014) and ammonia (Alonso & Camargo, 2004) amongst other
pollutants; in such studies feeding rate is reduced. On the other hand, exposure to non-lethal
concentrations or chemicals – such as environmentally relevant concentrations of chemicals – have
increased feeding rate, presumably due to a compensatory mechanism (Bundschuh et al., 2009; Solé
et al., 2010; Brodin et al., 2013; Agatz et al., 2014). Moreover, organisms may adjust feeding rates
rapidly; Roddie et al. (1992) found as soon as toxic effects of zinc were removed, any effect on feeding
rate of G. pulex disappeared very quickly. Therefore, the toxicity, concentration and exposure duration
to any contaminant will determine whether feeding rate is elevated, depressed or unaffected.

4.2 Aims and hypotheses

The aim of this investigation was to establish if environmentally relevant concentrations of PPCPs were
capable of affecting lotic ecology. This was tested by using Gammarus pulex as a model organism and
measuring the behavioural responses of activity and phototaxis, and feeding rate, as endpoints. Five
PPCPs were tested (diclofenac, fluoxetine, ibuprofen, propranolol and triclosan) in a range of
concentrations from environmentally relevant to potentially toxic levels. The hypotheses were:
(H1) there is no effect of PPCP at environmentally relevant concentrations on the activity and
phototaxis of G. pulex.
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(H2) There is no effect of PPCP on food consumption.

4.3 Methods and materials
4.3.1 Test animals
Gammarus pulex were collected, transported and maintained as described in Chapter 3. For all trials,
male Gammarus over 8mm long, with no signs of acanthocephalan parasitism, were selected.

4.3.2 Test structure
Two experimental designs were used to test the effect of pharmaceuticals on behaviour. The first
consisted of a series of chronic (three week) exposures at environmentally relevant concentrations,
the second design was more acute: 1 week in duration and included higher doses.

4.3 2.1 Chronic exposure
The first experimental design was used in three consecutive trials. In each trial, activity, phototaxis
and feeding rate was measured weekly over 21 days. The trials differed in the pharmaceuticals
included and the number of replicates.
In the first trial, fifteen animals (or ten for the fluoxetine and triclosan assays for logistical reasons)
were exposed to pharmaceuticals and concentrations based on those recorded at Chickenhall
wastewater treatment works (by the UK Chemical Investigations Programme), and in addition,
diclofenac, which has been recorded within a similar range of concentrations throughout Europe
(Table 4.1).
Due to the high variability seen in the exposures using ten replicates (namely fluoxetine and triclosan),
these were retested in a second trial, each using 30 animals. All other conditions were identical to the
first trial.
In a third chronic trial, a mixture of pharmaceuticals was tested. The pharmaceuticals that had
demonstrated some of the most pronounced effects in trials 1 and 2; namely fluoxetine, triclosan and
diclofenac, were combined equally in three concentrations of 0.01, 0.1 and 10 µg L-1 (‘low’, ‘medium’
and ‘high’ treatments respectively) and exposed to twenty G. pulex per treatment.
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4.3.2.2 Acute exposure
A different experimental design was used where concentrations were adjusted to challenge the
testing methods: still including environmentally relevant concentrations but also including higher
concentrations levels of chemicals that were known to illicit an effect (Table 4.6). Twenty animals were
used per treatment and activity and phototaxis and were measured over 24 and 48 hours, and 7 days,
to assess if there were initial responses to contaminants that may have been missed by only measuring
after a week’s exposure. The exposure duration was set at one week in response to the more acute
likely toxicity. The feed rate after one week’s exposure was also measured.
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Table 4.6 Explanation of concentrations (µg L-1) used in trials
Chemical

Diclofenac

Fluoxetine

Ibuprofen

Propranolol

Triclosan

Max. European conc. (see

22

0.069

31.32

0.59

0.78

nt

0.032

0.701

0.344

0.34

10,0001, 2

0.01-0.11

0.001 - 0.011

501

2901

0.01-0.12

>10,0002

1002

3902

5,0003

3003

Table 4.1-5)
Max. Chickenhall conc.
(see Table 2.4)
Reported chronic
effect conc.

4473
Chronic exposure
Trial 1

0.01, 0.1, 1, 10

0.01, 0.1, 1, 10

0.01, 0.1, 1, 10

0.01, 0.1, 1

0.01, 0.1, 1, 10

Trial 2 (repeat)

nt

0.01, 0.1, 1, 10

nt

nt

0.01, 0.1, 1, 10

Trial 3 (mixture)

0.01, 0.1, 10

0.01, .1, 10

nt

nt

0.01, 0.1, 10

0.01, 1, 10,000

0.01, 0.1, 1

0.02, 2, 20

0.05, 0.5, 5000

0.03, 3, 300

1. Cleuvers (2004), 2.

1. Guler and Ford

1. De Lange et al.

1. Stanley et al. (2006),

1. Tatarazako et al.

Ericson et al. (2010)

(2010), 2. De Lange et

(2006a), 2. Oskarsson

2. Huggett et al. (2002),

(2004), 2. Orvos et al.

al. (2006a), 3. (Henry

et al. (2012)

3. Liu et al. (2009)

(2002), 3. Kim et al.

Acute exposure
Ref.

et al., 2004)

(2009)

nt: not tested
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4.3.3 Chemical preparation
Chemicals were obtained from Sigma Aldrich; stock solutions of fluoxetine (CAS no. 56296-78-7),
ibuprofen (15687-27-1), triclosan (03380-34-5), propranolol (00318-98-9) and diclofenac (15307-796) were made to nominal concentrations of 0.01, 0.1, 1, and 10µg L-1 and a solvent control (0.025%
ethanol). Diclofenac and ibuprofen are both weak carboxylic acids whereas propranolol is a base. All
have intermediate water solubility so to make stock solutions of diclofenac and ibuprofen the
chemicals were dissolved in dilute bisodium carbonate solution and the pH was adjusted to 7.0 by the
addition of dilute phosphoric acid. Whereas propranolol was dissolved in 1ml L-1 0.01M acetic acid and
the pH was adjusted to 7 by the addition of bisodium carbonate solution. Fluoxetine is relatively water
soluble (3.52 mg L-1) and did not require additional solvents. Triclosan was dissolved in a 0.2% ethanol
solution before preparation of the stock solution. A preliminary study (Appendix 2) had indicated
ethanol showed the lowest impact on Gammarus locomotory and feeding behaviour (compared to
industrial methylated spirits and acetone). All dilutions (and controls) were prepared with borehole
water. Test solutions were prepared weekly and stored in the dark at 4C until use; solutions holding
animals were changed every 3-4 days (after observations had been taken and allowing solutions to
achieve test temperatures). The pH of test solutions was taken (probe model HI 98-100, Hanna
Instruments, USA) and found to be well within the tolerances of G. pulex (Peeters, 1998): between
7.84-8.37.

4.3.4 Parameter measurement
Individual animals were maintained in static 50ml food-grade pots (Fixnfast, Berks, UK) filled with 25ml
of treatment solution or control water. Pots were lidded with air-holes. Animals were fed ad libitum
with conditioned alder leaves, and maintained in the dark (due to other trials in the room and as per
Zubrod et al., 2015b). Pots containing individual gammarids were kept on trays with a shallow layer of
flowing borehole water maintaining constant temperature at 11.8±0.2C. Activity, phototaxis and
‘preference’ were measured (as described in chapter 3) at the start of the exposure and then at weekly
intervals in the chronic tests, and at 0, 24, 48 hours, and 7 days in the acute test. Due to concerns over
the impact of warming whilst on the bench awaiting sampling, all measurements were taken in a
climate controlled room at 11C. Feeding rate was measured as described in chapter 3 with rate tested
over a period of 28 days in the chronic tests and 6 days in the acute test.
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4.3.5 Statistical analyses
Behaviour data did not meet all of the assumptions of a Two Way Mixed (repeated measures) ANOVA:
primarily, the variance of the residuals between groups was not equal in all cases. Though the
repeated measures ANOVA is somewhat robust to small deviations from this assumption, it is
particularly important to comply with it when sample sizes are not equal (Maxwell & Delaney, 2004),
which was frequently the case here due to mortalities. Secondly, the assumption of homogeneity of
covariances was not always met. Finally, with the irregular normality and homoscedacity of the data
sets it was decided to apply more robust tests. Therefore, a one-way ANOVA was used to test for
differences between treatments for each repeated measure. There were no outliers, as assessed by
examination of studentised residuals for values greater than ±3. Data were not always normally
distributed (as assessed by normal Q-Q plots), though Fisher’s (‘parametric’) one way ANOVA is fairly
robust to deviations from normality (McDonald, 2014). Data were usually heteroscedastic, however,
the one-way ANOVA is not very sensitive to heteroscedasticity, more so in balanced designs
(McDonald, 2014), and p-values calculated from pooled variances did not differ materially from those
calculated from non-pooled variances with the (less powerful) Welch-Satterthwaite correction to the
degrees of freedom (‘Welch’s test/ANOVA’). Where the p-values did differ, the more conservative
Welch ANOVA was used (indicated by the W statistic). Contrasts were made between treatment
groups and the controls with a Games-Howell post hoc test where the assumption of homogeneity of
variances was not met (α >0.05). Where the design was not balanced due to significant mortalities (e.g
in triclosan exposures), a Kruskal-Wallis test was also applied to the data, however the conclusions of
the non-parametric test did not differ fundamentally from the 1 way ANOVA in any case so only the
ANOVA result is reported.
In all trials, mortalities were removed and recorded daily. A binomial logistic regression was performed
to ascertain the effects of treatment and exposure duration (‘time’) on mortality. In the chronic tests,
mortalities were pooled into bins for week 1, 2 and 3, in the acute test the bins were 24, 48, 72 hours
and 7 days. Statistical significance for this and other tests was accepted at p < 0.05.
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4.4 Results
4.4.1 Mortality
The final mortality values of each treatment tested in the first chronic trial are presented in Table 4.7.
Binary logistic regression analysis showed the survival distributions between treatments were not
statistically significantly different to controls for any compound (p > 0.05) except 10µg L-1 triclosan p =
0.038). Some of the highest mortalities were seen in the control conditions in trial 1. It was not clear
why, nor were the mortalities seen in trials two or three.

Table 4.7 Final mortality values (%) and logistic regression of treatments in trial 1
Wald

df

p

Regression

Nagelkerke R2

0.01µg L-1

%
mort
7

3.151

1

0.076

χ2(6) = 22.129, p = 0.001

0.174

0.1µg L-1

33

0.331

1

0.565

1µg L-1

0

0.000

1

0.998

10µg L-1

27

0.699

1

0.403

Control

13
5.293

2

0.071
χ2(6) = 4.638, p = 0.591

0.035

χ2(6) = 32.210, p < 0.001

0.237

χ2(6) = 16.348, p = 0.012

0.116

Chemical

Effect

Diclofenac

Time
Fluoxetine

0.01µg L-1

20

1.050

1

0.306

0.1µg L-1

13

0.372

1

0.542

1µg L-1

13

0.890

1

0.345

10µg L-1

13

0.372

1

0.542

Control

20
3.100

2

0.212

Time
Ibuprofen

0.01µg L-1

33

1.611

1

0.204

0.1µg L-1

4

0.567

1

0.451

1µg L-1

27

0.567

1

0.451

10µg L-1

10

0.161

1

0.688

Control

13
8.171

2

0.017

40

3.568

1

0.059

0.1µg L-1

6

1.288

1

0.256

1µg L-1

6

0.530

1

0.467

Time
Propranolol 0.01µg L-1
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Solv contrl

13

Control

13

Time
Triclosan

0.121

1

0.728

3.165

2

0.205

0.01µg L-1

20

0.286

1

0.593

0.1µg L-1

20

1.633

1

0.201

1µg L-1

20

2.998

1

0.083

10µg L-1

90

4.291

1

0.038

Solv contrl

40

3.095

1

0.061

Control

25
4.291

2

0.062

Time

χ2(7) = 14.864, p = 0.021

0.121

In the second chronic test (repeating the assay on fluoxetine and triclosan), triclosan treatments were
again associated with mortalities (Table 4.8). Concentrations of 0.01, 0.1 and 10µg L-1were significantly
different to controls (p = 0.007, 0.043 and <0.001 respectively). Fluoxetine concentration was not a
significant effect (p > 0.05). With both treatments, time was a significant effect (Table 4.9).

Table 4.8 Cumulative mortality (%) of G. pulex exposed to Fluoxetine and Triclosan in trial 2
Fluoxetine (µg L-1)

Triclosan (µg L-1)

Week C

0.01

.1

1

10

SC

0.01

.1

1

10

1

0

5

5

5

0

0

5

5

5

25

2

5

10

5

15

5

5

30

15

15

50

3

10

15

15

25

5

15

40

30

35

70

C: control, SC: solvent control
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Table 4.9 Binary logistic regression analysis of mortality in trial 2
Chemical

Effect

Wald

df

p

Regression

Nagelkerke R2

Fluoxetine

0.01µg L-1

1.058

1

0.304

χ2(6) = 15.036, p = 0.020

0.107

0.1µg L-1

0.532

1

0.466

1µg L-1

3.101

1

0.078

10µg L-1

0.208

1

0.648

Time

7.002

2

0.030

0.01µg L-1

7.251

1

0.007

χ2(7) = 77.303, p < 0.001

0.291

0.1µg L-1

3.347

1

0.067

1µg L-1

4.088

1

0.043

10µg L-1

19.69

1

<0.001

SC

0.053

1

0.817

Time

24.15

2

<0.001

Triclosan

Contrastingly, in the third chronic test (a PPCP mixture), the lowest mixture concentration (0.01 µg L 1

) was associated with mortalities (Table 4.10). Only concentrations of 0.1 µg L-1were significantly

different to controls (p = 0.005). Again, time was a significant effect (Table 4.11).
Table 4.10 Cumulative mortality (%) of G. pulex exposed to a mixture of fluoxetine, diclofenac and
propranolol in trial 3
Concentration of each PPCP
in mixture (µg L-1)
Week C

SC

0.01

0.1

10

1

0

10

15

0

0

2

0

20

25

0

0

3

10

15

30

15

10

Table 4.11 Binary logistic regression analysis of mortality rate of PPCP mixture
Mixture

Wald

df

p

Regression

Nagelkerke R2

10 µg L-1 (‘High’)

0.208

1

0.649

χ2(5) = 25.474, p < 0.001

0.169

0.1µg L-1 (‘Medium’)

7.929

1

0.005

0.01µg L-1 (‘Low’)

2.319

1

0.128

Solvent control

0.009

Time

7.045

0.992
2

0.008
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In the acute trial, mortality rates were, generally, directly related to concentration levels. Twenty male
Gammarus were exposed individually to each PPCP, but additionally a separate, mixed sex group was
exposed in a concurrent trial (Chapter 5). Table 4.12 shows mortality rates of both populations for
comparison. Binary logistic regression showed all treatments except fluoxetine were associated with
significant moralities at one or more concentrations. Duration of exposure (‘time’) also was a
significant effect (Table 4.13).
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Table 4.12 Cumulative mortalities (%) of G. pulex after exposure to pharmaceuticals in trial 2. Data are provided for males in trial 2 as well as a mixed group
(males and females) that were studied for reproductive behaviour (Chpt. 5). Both mortality rates are provided for comparison

Control

Trial 2a (exposed individual males)
24h
48h
72h
0
0
0

7d
0

Trial 2b (exposed as a mixed group)
24h
48h
72h
0.0
0.0
0.0

7d
2.3

Solvent control

0

0

15

20

0.0

12.5

12.5

26.7

Diclofenac (10,000µg L-1)

0

0

30

80

13.5

40.5

62.2

67.6

Diclofenac (1µg L-1)

0

0

0

0

4.1

4.1

6.1

8.2

Diclofenac (0.01µg L-1)

0

0

0

10

4.2

6.3

12.5

27.1

Fluoxetine (1µg L-1)

0

0

10

20

0.0

0.0

5.9

5.9

Fluoxetine (0.1µg L-1)

0

0

0

0

0.0

0.0

0.0

9.5

Fluoxetine (0.01µg L-1)

0

0

10

0

2.2

2.2

6.7

8.9

Ibuprofen (20µg L-1)

0

0

0

0

0.0

0.0

1.8

5.4

Ibuprofen (2µg L-1)

0

0

0

10

10.5

12.3

14.0

22.8

Ibuprofen (0.02µg L-1)

0

0

0

10

0.0

0.0

2.9

8.8

Propranolol (5000µg L-1)

0

60

60

80

7.8

52.9

72.5

86.3

Propranolol (0.5µg L-1)

0

0

0

0

12.5

12.5

12.5

12.5

Propranolol (0.05µg L-1)

0

0

10

10

10.5

10.5

10.5

10.5

Triclosan (300µg L-1)

100

100

100

100

100.0

100.0

100.0

100.0

Triclosan (3µg L-1)

0

0

0

0

0.0

6.7

13.3

26.7

Triclosan (0.03µg L-1)

0

0

0

0

0.0

5.3

5.3

5.3

Treatment (conc.)

141

Table 4.13 Binary logisitic regression analysis of mortality rate over the acute (1 week) exposure
Chemical

Effect

Wald

df

p

Regression

Nagelkerke R2

Diclofenac

10,000µg L-1

23.84

1

<0.001

χ2(6) = 286.37, p <

0.464

1µg L-1

2.925

1

0.087

0.001

0.01µg L-1

7.019

1

0.008

Time

70.68

3

<0.001

1µg L-1

0.971

1

0.325

χ2(6) = 19.425, p =

.1µg L-1

0.624

1

0.430

0.004

0.01µg L-1

2.494

1

0.114

Time

10.49

3

0.013

20µg L-1

0.275

1

0.600

χ2(6) = 54.227, p <

2µg L-1

8.025

1

0.005

0.001

0.02µg L-1

0.960

1

0.327

Time

11.99

3

0.007

5000µg L-1

26.09

1

<0.001

χ2(6) = 208.233, p <

0.5µg L-1

6.313

1

0.012

0.001

0.05µg L-1

5.414

1

0.020

Time

45.90

3

<0.001

*

-

-

χ2(5) = 19.114, p =

3µg L-1

2.294

1

0.130

0.002

0.03µg L-1

6.500

1

0.011

Time

2.029

3

0.566

Fluoxetine

Ibuprofen

Propranolol

Triclosan

300µg L-1

0.136

0.203

0.535

0.207

* The 100% mortality in the 300µg L-1 triclosan treatment disrupted the regression model so it was not included

4.4.2 Activity
4.4.2.1 Diclofenac
The activity of G. pulex was not generally affected by exposure to diclofenac in the first two weeks of
the chronic assay (Figure 4.1), though after three weeks, activity was significantly lower in 10µg L-1
than in concentrations 0.01 and 1µg L-1 (F (4, 58) = 3.551, p = 0.017 and 0.019 respectively). A similar
response was seen in the acute exposure, with reduced motility only being seen in the highest
concentration (Figure 4.2).
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Figure 4.1 Mean (± 2SE) activity of G. pulex exposed to diclofenac over a 3 week period. * Significantly
different to control (ANOVA p <0.05)
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10
0h
24h

*

7d

Mean activity score

8

6

4

2

0
control

0.01

1

10000

Diclofenac conentration (µg /L)

Figure 4.2 Mean (±2 SE) activity score of G. pulex exposed to diclofenac over a 7 day period. *
significantly different to control (p < 0.05). NB The statistically different score of 10,000 µg L -1 (after
24h) was disregarded due to only 4 animals having survived to this point

4.4.2.2 Fluoxetine
In the first chronic exposure, activity of G. pulex exposed to fluoxetine was significantly higher after 3
weeks’ exposure to 0.01µg L-1 than in controls or 10µg L-1 (Figure 4.3) F (4, 59) = 4.068, p<0.001. This
was also found in the repeated test (Figure 4.4): the activity scores for fluoxetine exposed Gammarus
were significantly different between treatments in week 2 (F (5, 174) = 6.730, p < 0.001) and week 3
(F (5, 174) = 11.289, p < 0.001).
Under acute conditions, there was no significant difference between any fluoxetine treatments and
the control (Figure 4.5).
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Figure 4.3 Mean (± 2SE) activity of G. pulex exposed to fluoxetine over a 3 week period (trial 1). *
Significantly different to controls and 10ug L-1 (p <0.05)

10
Week 1
*

Week 2
Week 3

Mean Activity Score

8

*

6

4

2

0
Control

0.01

0.1

1

10
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Figure 4.4 Mean (±2 SE) activity score of G. pulex exposed to fluoxetine over three weeks’ exposure
(trial 2). * Significantly different compared with control (ANOVA p < 0.05)
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Figure 4.5 Mean (±2 SE) activity score of G. pulex exposed to fluoxetine over a 7 day period

4.4.2.3 Ibuprofen
There were few significant effects seen of ibuprofen on G. pulex activity under chronic (Figure 4.6) or
acute exposure conditions (Figure 4.7), though the mean scores of the 1 µg L-1 concentration in week
3 were significantly different to the controls F (4, 49) = 3.877, p= 0.008.
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Figure 4.6 Mean (± 2SE) activity of G. pulex exposed to ibuprofen over a 3 week period. * Significantly
different to controls (ANOVA p <0.05)

Figure 4.7 Mean (±2 SE) activity score of G. pulex exposed to ibuprofen over a 7 day period
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4.4.2.4 Propranolol
In the chronic assay, the highest concentration of propranolol was associated with significantly
increased activity after two- (F (4, 60) = 3.634, p = 0.01) and three weeks (F (4, 60) = 3.884, p = 0.007)
(Figure 4.8). In the acute exposure, higher concentrations of propranolol were associated with
increased activity but the scores were not significantly different from controls (Figure 4.9).

Figure 4.8 Mean (± 2SE) activity of G. pulex exposed to propranolol over a 3 week period. *
Significantly different to controls (ANOVA p <0.05)
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Figure 4.9 Mean (±2 SE) activity score of G. pulex exposed to propranolol over a 7 day period. NB Mean
for 5000 µg L -1 at 24h is based on just 4 animals so its significant difference to other scores has been
disregarded

4.4.2.5 Triclosan
G. pulex exposed to triclosan showed decreased activity after 2 weeks in the higher concentrations of
the first chronic trial (Figure 4.10), which was significantly different to controls F (4, 45) = 4.268, p=
0.005. Due to heavy mortalities (only one surviving animal) this concentration was excluded from the
week 3 analyses. The same response was seen the repeated trial, where activity generally decreased
with concentration, though scores were only significantly different to controls in week 2 (F (5, 174) =
11.704, p <0.001) (Figure 4.11).
In an acute exposure, activity of G. pulex was again significantly lower in the highest concentration of
triclosan (300 µg L-1) – indeed within minutes of exposure (F (3, 76) = 5.870, p= 0.001). After 24 hours
there was 100% mortality in this concentration (Table 4.12). The mean score of animals in 0.03 µg L-1
was significantly less than controls after 24h (F (2, 57) = 19.704, p<0.001) (Figure 4.12).
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Figure 4.10 Mean (± 2SE) activity of G. pulex exposed to triclosan over a 3 week period (trial 1). *
Significantly different to controls (p <0.05). NB, 10 µg L-1 data are based on one surviving animal in
week 3, significance disregarded
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Figure 4.11 Mean (±2 SE) activity score of G. pulex exposed to triclosan (repeat of trial 1) (n=30, except
10 µg L-1 concentration, where n=3 in week 3). * Significantly different compared with control (ANOVA
p< 0.05). 10 µg L-1 significance disregarded
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Figure 4.12 Mean (±2 SE) activity score of G. pulex exposed to triclosan over a 7-day period. *
Significantly different compared with control (ANOVA p< 0.05)

4.4.3 Phototaxis
4.4.3.1 Diclofenac
The phototaxis response of G. pulex to diclofenac appeared to show a non-monotonic response in
chronic conditions F (4, 59) = 9.728 p<0.001; scores were significantly less than the control exposure
at low (0.01µg L-1 (p = 0.003)) and high (10 µg L-1 (p =0.001)) concentrations after three weeks exposure
(Figure 4.13). There was notable variance in many groups. In the acute study there was no relationship
between dose and phototaxis (Figure 4.14). There appears to be a pronounced increase in the score
of animals in 10, 000µg L-1 after 24h but this is an artefact of only 4 animals having survived and those
were moribund and inactive.
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Figure 4.13 Mean (± 2SE) phototaxis score of G. pulex exposed to diclofenac over a 3 week period. *
Significantly different to controls (ANOVA p <0.001)
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Figure 4.14 Mean (±2 SE) phototaxis score of G. pulex exposed to diclofenac over a 7 day period. (NB
the statistically different score of 10,000 µg L -1, after 24h, was disregarded due to only 4 animals
having survived to this point)

4.4.3.2 Fluoxetine
Again, there appeared to be a non-monotonic pattern between phototaxis scores in the first chronic
trial, though there was a great deal of variance within the groups and no statistically significant
differences were found (
Figure 4.15). When the experiment was repeated with greater replication, the phototaxis scores for
fluoxetine exposed Gammarus were significantly different between treatments in week 1, (F (5, 174)
= 13.888, p <0.001), 2 (F (5, 174) = 19.420, p <0.001) and week 3 (F (5, 174) = 6.078, p <0.001) (
Figure 4.16). In the first two weeks, animals in 0.01, .1 and 1µg L-1 had significantly (p <0.05) lower
phototaxis scores than controls, but in week 3, .1 µg L-1 and 1µg L-1 had higher scores (p <0.001and p
= 0.001 respectively).
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Figure 4.15 Mean (± 2SE) phototaxis score of G. pulex exposed to fluoxetine over a 3 week period (trial
1)
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Figure 4.16 Mean (±2 SE) phototaxis score of G. pulex exposed to fluoxetine (repeat of trial 1). *
Significantly different compared with control (p<0.05)

In the acute exposure, as with activity scores, the most positive phototaxis score was found among G.
pulex exposed to 0.1µg L-1 (Figure 4.17), this was significantly different to controls after 24h F (3, 74)
= 10.181, p <0.001, but not subsequently.
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Figure 4.17 Mean (±2 SE) phototaxis score of G. pulex exposed to fluoxetine for 7 days. * Significantly
different compared with control (p<0.05)

4.4.3.3 Ibuprofen
In the phototaxis responses of the chronic exposure to ibuprofen there was notable variance in
responses of individuals (Figure 4.18) and no significant difference between treatments. In the acute
exposure, within 24h, the phototaxis score had decreased in animals exposed to all concentrations of
ibuprofen but particularly at concentrations of 2 µg L -1, whose score was significantly different to
controls F (3, 76) = 3.366, p = 0.023 (Figure 4.19). Again, there was notable variability in many groups.
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Figure 4.18 Mean (± 2SE) phototaxis score of G. pulex exposed to ibuprofen over a 3 week period

Figure 4.19 Mean (±2 SE) phototaxis score of G. pulex exposed to ibuprofen over a 7-day period. *
Significant difference to control (ANOVA p <0.05)
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4.4.2.4. Propranolol
There was no consistent effect on phototaxis of G. pulex exposed to propranolol and no groups were
significantly different to controls in the chronic (Figure 4.20) or acute (Figure 4.21) trials. There was
notable variance in the response data.

Figure 4.20 Mean (± 2SE) phototaxis of G. pulex exposed to propranolol over a 3 week period (trial 1)

159

10
0h
24h
7d

Mean Phototaxis Score

8

6

4

2

0
control

0.05

0.5

5000

Propranolol concentration (µg L -1)

Figure 4.21 Mean (±2 SE) activity score of G. pulex exposed to propranolol over a 7-day period.
Surviving animals in the 5000 µg L -1 were moribund and inactive by day 7 so their scores have been
disregarded

4.4.2.5 Triclosan
In chronic exposures, a similar pattern to the activity response was found in the phototaxic response
(Figure 4.22): both 1 µg L-1 and 10 µg L-1 showed significantly lower phototaxic scores from week 1
post exposure compared to controls in the first trial. In the repeated assay this pattern was confirmed,
the phototaxis score of Gammarus were significantly deleteriously affected after exposure to triclosan
(Figure 4.23). There were significant differences between test and control concentrations in week 1,
(F (5, 174) = 21.204, p <0.001), 2 (F (5, 174) = 25.072, p <0.001) and week 3 (F (5, 174) = 14.122, p
<0.001).
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Figure 4.22 Mean (± 2SE) phototaxis score of G. pulex exposed to triclosan over a 3 week period. *
Significantly different to controls (p <0.05). NB, 10 µg L-1 data are based on one surviving animal in
week 3

161

7
*

Week 1
week 2

6

Week 3

Mean phototaxis score

5

*

4

*
*

*

3
*
2
*
*
1

0
Control

solvent

0.01

0.1

1

10

Triclosan concentration

Figure 4.23 Mean (±2 SE) phototaxis score of G. pulex (repeat of trial 1) (n=30, except 10ug / L, week
2 and 3, where n = 3) exposed to triclosan. * Significantly different compared with control (ANOVA p
<0.05)

In contrast to chronic exposures, the reaction in the acute trial was the opposite: phototaxis scores
were significantly higher than controls immediately after exposure to 3 µg L-1 triclosan (W (3, 40.328)
= 12.053, p <0.001), but thereafter no significant differences between treatments were found (Figure
4.24).
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Figure 4.24 Mean (± 2SE) phototaxis score of G. pulex exposed to triclosan over a 7 day period. *
Significantly different to controls (ANOVA p <0.05)

4.4.4 Preference score
Preference scores, being a compound value of activity and phototaxis, are able to distinguish genuine
high (or low) phototaxis scores from animals that stayed in a light or dark zone simply because they
were inactive.

4.4.4.1 Diclofenac
Though there was a lot of variance within groups, the preference score of G. pulex exposed to 0.01 µg
L-1 was significantly more negative than the control group after three weeks (Figure 4.25). Higher
concentrations appeared to produce less negative responses. In the acute trial, this pattern was
repeated (Figure 4.26), again the 0.01 µg L-1 concentration was associated with the strongest
photonegativity, but there were no scores significantly different to the control.
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Figure 4.25 Mean (± 2SE) preference score of G. pulex exposed to diclofenac over a 3 week period. *
Significantly different compared with control (p<0.05)
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Figure 4.26 Mean (±2 SE) preference score of G. pulex exposed to diclofenac over a 7 day period

4.4.4.2 Fluoxetine
Echoing the phototaxis data, there appeared to be a non-monotonic response in preference scores
between various fluoxetine concentrations. After three weeks exposure in trial 1 the animals in 0.1
and 1 µg L-1 showed an active preference for light conditions (Figure 4.27), but there was a great deal
of variance within the groups and no statistically significant differences were found. In the repeated
trial, with a greater replication, this response was significantly different to that of control animals (F
(5, 174) = 6.246, p<0.001). (Figure 4.28). Gammarus in 0.01 µg L-1 showed an even more negative
phototaxic response than control animals which was significant in week 1, (F (5, 174) = 16.238,
p<0.001), and 2 (F (5, 174) = 12.017, p<0.001).
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Figure 4.27 Mean (± 2SE) preference score of G. pulex exposed to fluoxetine over a 3 week period (trial
1)
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Figure 4.28 Mean (±2 SE) preference score of G. pulex exposed to fluoxetine (repeat of trial 1). *
Significantly different compared with control (ANOVA p<0.05)

In terms of preference scores under acute exposure conditions, after 24h animals in 0.1 µg L

-1

fluoxetine showed a significant preference for light conditions F (3. 74) = 5.876, p = 0.001. However,
by 7 days all animals were very negatively phototaxic, with animals in 0.01 µg L

-1

and 0.1 µg L

-1

showing significantly more negative scores compared to control animals F (3. 70) = 3.472, p = 0.021
(Figure 4.29).
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Figure 4.29 Mean (±2 SE) preference score of G. pulex exposed to fluoxetine. * Significantly different
compared with control (ANOVA p<0.05)

4.4.4.3 Ibuprofen
There was no significant effect of ibuprofen on the preference scores over the long term (Figure 4.30).
Over the short-term, the preference scores of G. pulex in 0.02 and 2 µg L -1 were more negative than
control or 20.0 µg L -1 treatments (Figure 4.31), though responses were only significantly different to
control animals in week 2, F (3, 76) = 6.183, p = 0.001.
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Figure 4.30 Mean (± 2SE) preference score of G. pulex exposed to ibuprofen over a 3 week period

Figure 4.31 Mean (±2 SE) preference score of G. pulex exposed to ibuprofen over a 7 day period. *
Significant difference to control (ANOVA p<0.05)
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4.4.4.4 Propranolol
The preference score of G. pulex exposed to propranolol was variable and, though slightly more
negative than controls (i.e. more negatively phototaxic), the effect was not significant in chronic
(Figure 4.32) or acute (Figure 4.33) exposures.

Figure 4.32 Mean (± 2SE) preference score of G. pulex exposed to propranolol over a 3 week period
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Figure 4.33 Mean (± 2SE) preference score of G. pulex exposed to propranolol over a 7 day period

4.4.4.5 Triclosan
Preference scores of G. pulex after exposure to triclosan was highly varied and did not show any
significant difference between groups in either chronic trial (Figure 4.34 and Figure 4.35). In the acute
exposure, the response was still irregular; animals exposed to 0.01, 0.1 and 10 µg L -1 triclosan were
associated with significantly stronger negatively phototaxic behaviour in week 1 (F (5, 174) = 9.007,
p<0.001) and then appeared to display a non-monotonic response in week 2 and 3, though the scores
were not significantly different to controls (Figure 4.36).
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Figure 4.34 Mean (± 2SE) preference score of G. pulex exposed to triclosan over a 3 week period (trial
1)
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Figure 4.35 Mean (±2 SE) preference score of G. pulex (repeat of trial 1) (n=30, except 10ug / L, week
2 and 3, where n = 3) exposed to triclosan. * Significantly different compared with control (ANOVA
p<0.05)

173

10
*

0h
24h
7d

Mean Preference Score

0

-10

-20

-30
control

0.03

3

300

Triclosan concentration (µg / L)

Figure 4.36 Mean (± 2SE) preference score of G. pulex exposed to triclosan over a 7 day period. *
Significantly different compared with control (ANOVA p<0.05)

4.4.5 Feeding rate
4.4.5.1 Diclofenac
There was no significant effect of diclofenac on feeding rate over the long term (Figure 4.37). Over the
short term, feed rate was significantly higher in G. pulex exposed to 1 µg L -1 than controls F (3, 76) =
8.739, p <0.001 (Figure 4.38).
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Figure 4.37 Mean (± 2SE) feeding rate of G. pulex exposed to diclofenac over a 3 week period

Figure 4.38 Mean (±2 SE) feed rate of G. pulex exposed to diclofenac over a 7 day period
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4.4.5.2 Fluoxetine
There was no significant effect of fluoxetine on feeding rate of G. pulex in either chronic trial (Figure
4.39 and

Figure 4.40), though in the 7 day trial (Figure 4.41), feeding rate of animals in the 0.1 µg L -1 treatment
was significantly higher than that of the control treatment (W (3, 41.005) = 5.095, p = 0.004).

Figure 4.39 Mean (± 2SE) feeding rate of G. pulex exposed to fluoxetine over a 3 week period (trial 1)
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Figure 4.40 Mean (2xSE) feeding rate of G. pulex exposed to fluoxetine for 21 days (repeat of trial 1)

Figure 4.41 Mean (± 2SE) feed rate of G. pulex exposed to fluoxetine over a 1 week period. *
significantly different to control group (ANOVA p<0.05)
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4.4.5.3 Ibuprofen
There was no significant effect of ibuprofen on feeding activity in the long term or short term study
(Figure 4.42 and Figure 4.43 respectively).

Figure 4.42 Mean (± 2SE) feed rate of G. pulex exposed to ibuprofen over a 3 week period
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Figure 4.43 Mean (±2 SE) feed rate of G. pulex exposed to ibuprofen over a 7 day period

4.4.5.4 Propranolol
There was no significant effect of propranolol on feed rate over the three week study (Figure 4.44).
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Figure 4.44 Mean (± 2SE) feeding rate of G. pulex exposed to propranolol over a 1 week period

After the acute exposure, feed rate was significantly different between treatments (W (3, 38.426) =
44.633, p<0.001). Post hoc analysis revealed that the feed rate was significantly higher in G. pulex
exposed to 0.05 µg L -1 than other groups (p ≤ 0.04), and that it was significantly lower in 5000 µg L -1
than all other treatments (p ≤ 0.003) (Figure 4.45).
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Figure 4.45 Mean (± 2SE) feed rate of G. pulex exposed to propranolol over a 7 day period

4.4.5.5 Triclosan
In trial 1 feeding rate was significantly higher in 1 µg L-1 than controls (W (4, 20.879) = 21.047, p <0.001)
(Figure 4.46), but in other trials there was no clear or significant effect (Figure 4.48 and Figure 4.47).
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Figure 4.46 Mean (± 2SE) feeding rate of G. pulex exposed to triclosan over a 3 week period (trial 1). *
significantly different to control (ANOVA p <0.05)
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Figure 4.47 Mean (2xSE) feeding rate of G. pulex exposed to triclosan for 3 weeks (repeat of trial 1)
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Figure 4.48 Mean (± 2SE) feed rate of G. pulex exposed to triclosan over a 7 day period

4.4.6 Chronic exposure to a PPCP mixture
PPCP mixtures were used in ‘low’, ‘medium’ and ‘high’ concentrations (0.01µg L-1, 0.1µg L-1, and 10µg
L-1 of diclofenac, fluoxetine and triclosan respectively). Activity scores generally increased with
pharmaceutical concentration (Figure 4.49) though only ‘high’ concentration was significantly
different to controls after one week’s exposure F (4, 90) = 3.930, p = 0.005.
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Figure 4.49 Mean activity scores (±2SE) of G. pulex exposed to PPCP mixtures. C = control, SC =
Solvent control. *Statistically different to controls (ANOVA p <0.05)

Phototaxis scores generally diminished during the three week exposure to PPCP mixtures (Figure 4.50)
and there was notable variability between the individual scores. However, in week 2, the average
scores of the ‘medium’ dose were significantly higher than controls after one week’s exposure (F (4,
90) = 5.388, p = 0.001). Whereas the scores of the ‘low’ dose were significantly lower than the nonsolvent control after 2 weeks (though not significantly different from the solvent control) (F (4, 90) =
5.221, p = 0.005).
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Figure 4.50 Mean phototaxis scores (±2SE) of G. pulex exposed to PPCP mixtures. C = control, SC =
Solvent control. *Statistically different to control (ANOVA p <0.05)

G. pulex exposed to ‘medium’ and ‘high’ concentrations of pharmaceuticals showed a preference for
light in most samplings (Figure 4.51) unlike other low exposure levels, but, with considerable variance
in the responses, this dissimilarity was not significant different to controls.
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Figure 4.51 Mean preference scores (±2SE) of G. pulex exposed to PPCP mixtures. C = control, SC =
Solvent control

Feed rate was lower after exposure to all pharmaceutical concentrations, but not significantly so
(Figure 4.52), indeed between concentrations feed rates were notably consistent.

187

Figure 4.52 Mean feed rate (±2SE) of G. pulex exposed to pharmaceutical mixtures

4.5 Discussion

The benefit of conducting repeated trials is that the consistency in results affords credibility in their
evaluation and it circumvents complications of confounding variables. Where minor differences were
found, it may be due to seasonal variation in sensitivity which has also been recorded in molluscs
(Sheehan & Power, 1999; Manduzio et al., 2004) and crustaceans (Gerhardt et al., 2004), largely due
to the changes in physiology involved in detoxification. By comparing responses with controls the
effect of seasonality on the parameter itself can be effectively removed.
In many cases, there was very high variability seen in the individual responses of G. pulex. In some
instances, this appeared to be counteracted by larger replication, but the wide individual variability
remains an issue that may increase the type II error rate. This will be reviewed later.
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4.5.1 Diclofenac
After ingestion, diclofenac is partly metabolised to hydroxylated versions which are equally or
potentially more toxic than their parent compound (Islas-Flores et al., 2013), so the products found in
effluent might be different to a ‘pure’ exposure, however, Oviedo-Gómez et al. (2010) found
physiological responses to diclofenac and some of its metabolites were similar so arguably the
behavioural effects found in this trial are representative of environmental exposure.
In the current series of assays, there were significant mortalities at 10mg L-1 (Table 4.12). Despite being
regarded as one of the most toxic of NSAIDs (Santos et al., 2010) and of particular environmental
concern (Fent et al., 2006), diclofenac is not widely studied in ecotoxicology so there are few studies’
results with which to contrast this value. Acute tests have suggested relatively low toxicity of the
chemical for fish, Daphnia, and algae: for Daphnia, reported ‘no observed effect concentrations’
(NOEC10) are >1.0 mg L-1, and effective concentration for 5% (EC5) are 15.2 mg L-1 (Cleuvers, 2003;
Ferrari et al., 2003; Cleuvers, 2004; Lee et al., 2011). Ericson et al. (2010) found the highest mortalities
in mussels at 10mg L-1, though even so mortality was only 14%. None of which fully explains the high
toxicity (67-80%) seen in the current series of studies. Even at 10µg L-1 there is a significant decline in
activity after 3 weeks, which may reflect chronic toxicity. Guler and Ford (2010) also observed reduced
locomotion and increased lethargy in the amphipod Echinogammarus marinus at concentrations of
10µg L-1. This is of concern for two reasons. Firstly, because it identifies a potential disparity between
results of regulatory tests and realistic exposure scenarios. The aforementioned EC5 and NOEC values
lasted for 72 hours and 7 days respectively which is arguably insufficient time for toxic responses to
accumulate or materialize (after 1 week, activity of amphipods in this (and Guler and Ford’s, 2010)
trial was unaffected). Secondly, although diclofenac was not tested for at Chickenhall WwTW, typical
values within Europe are in the 0.05-0.5 µg L-1 range (Table 4.1), and levels up to 18.74 µg L-1 have
been recorded; concentrations that might have serious long term effects on aquatic biota.
In reviewing the sub-lethal toxicity of concentrations in the µg L-1 range, mussel species show
physiological biomarkers of stress (such as glutathione S-transferase and metallothionein) in response
to diclofenac concentrations of 0.25 - 1µg L-1 (Quinn et al., 2011; Schmidt et al., 2011; Gonzalez-Rey &
Bebianno, 2014). Amongst the crustaceans, in Daphnia magna, long term, mutigenerational studies
have found concentrations of 0.355 µg L-1 to have a stimulatory effect on body length but a retarding
effect on maturation (Dietrich et al., 2010b). Eades and Waring (2010) found an effect on the
osmoregulatory capacity of Carcinus maenas at concentrations of 0.01- 0.1 µg L-1 though there was no
effect on the endpoints of oxyhaemocyanin or lactate concentrations, indicating that the
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osmoregulatory effect was due to a direct impact on ion transportation (presumably as a result of
reduced prostaglandin synthesis) rather than a general stress response. Several studies have reported
histopathological and immunological effects on fish at 1-5 µg L-1 after long term exposure (Schwaiger
et al., 2004; Triebskorn et al., 2004; Hoeger et al., 2005; Hong et al., 2007) - effects that could be
expressed in a general behavioural response. That said, Nassef et al. (2010) found no effect on
swimming speed of Japanese medaka Oryzias latipes after 9 days exposure to diclofenac
concentrations of 1mg L-1. Furthermore, levels of 10µg L-1 had no effect on the respiration or ammonia
excretion rate of Gammarus species after four and eight weeks exposure (Oskarsson et al., 2012) and
in the decapod Palaemon serratus there was no effect on growth, development or survival at
concentrations up to 900 µg L-1 (González-Ortegón et al., 2013) - though the duration of exposure is
not clear.
Nevertheless, in the only two studies observing the effect of diclofenac on activity (the current trials
and the observations of Guler and Ford, 2010), environmentally relevant concentrations were
associated with a reduction in activity. Given the pre-eminence of locomotion as a behavioural
endpoint – in terms of its effects on foraging and reproduction, among others (Mesquita et al., 2011)
further studies are warranted on this effect.
Diclofenac did not appear to elicit a consistent phototaxic effect. This was also found in the similar
study by Guler and Ford (2010) on E. marinus and was expected as diclofenac is not known to have
any direct effect on serotonergic pathways. Arguably, however, any taxis effect may have been
obfuscated by the lack of activity. However, in a measurement of the true response to light, the
preference scores also show no clear effect, though the most negative preference in both trials was
found in concentrations of 0.01 µg L-1.
The highest feeding rate in both chronic and acute experiments was seen in G. pulex exposed to 1 µg
L-1, though this was only significantly different to controls in the acute assay. When exposed to
diclofenac concentrations of 100 and 1000 and 5000 µg L-1 food consumption in mussels was not
significantly affected (Ericson et al., 2010). Diclofenac has been demonstrated to have inhibitory
effects on feeding in medaka, but this was at concentrations of 1mg L-1 (Nassef et al., 2010).

4.5.2 Fluoxetine
Short term – over 7 days – there was very little effect of fluoxetine on activity in any of the trials.
Similarly, Rivetti et al. (2016) found that behavioural responses of D. magna to very low concentrations
of fluoxetine took more than a week to show, which they attributed to fluoxetine’s slower mode of
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action in Daphnia. That said, behavioural responses of the amphipod E. marinus were most apparent
after one day’s exposure (Bossus et al., 2014).
Over the longer term, there was a progressive decrease in activity with increasing concentration:
indeed, scores were remarkably consistent in both chronic trials. The highest activity was seen in
nominal concentrations of 0.01 µg L-1; similar concentrations to those recorded in the effluent of
Chickenhall WwTW (Table 2.4, chapter 2). Both Guler and Ford (2010) and Bossus et al. (2014) record
peak activity levels at 0.1 µg L-1 fluoxetine in E. marinus. However, thresholds for acute toxicity, and
stress responses, have been shown to differ between amphipod species (King et al., 2006), different
populations of the same species (Schill et al., 2002), and the same populations in different
environmental conditions (Vander Vorste et al., 2016), so a peak response within one order of
magnitude of concentration is not unreasonable. Furthermore, activity has been shown to increase in
response to selective serotonin reuptake inhibitor (SSRI) exposure in a wide range of other
invertebrates and vertebrates (De Lange et al., 2009; Mesquita et al., 2011; Brandao et al., 2013;
Lopes, 2015; Melvin et al., 2016).
The most positive phototaxes were seen at concentrations of 0.1 µg L-1; this was consistent across
both chronic and the acute experiments and was particularly evident in the positive preference scores
(though photopositive behaviour declined after 1 week in trial 2 and only emerged after 3 weeks in
trial 3). Concentrations of 0.1 µg L-1 fluoxetine also induced significantly photopositive behaviour E.
marinus (Guler & Ford, 2010). Although levels of 0.1 µg L-1 are over three times higher than levels
recorded at Chickenhall WwTW, Gardner et al. (2012) found levels up to 0.095 µg L-1 in WwTW
effluents around the UK so these behavioural impacts could potentially affect ecosystems. An increase
in photopositive behaviour has also been seen after exposure to SSRIs in Daphnia (Rivetti et al., 2016),
and sunfish (Lepomis gibbosus) (Brandao et al., 2013) indicating the mechanism for these responses
is wide-reaching. Moreover, Guler and Ford (2010) identify the potential ecological consequences of
a photo-negative species increasing its tolerance (let alone preference) of light.
It has been recognised for over 20 years that invertebrate behaviours such as activity and phototaxis
are initiated, maintained, altered, or terminated by the action of monoamine (and peptide)
neurotransmitters, such as serotonin and dopamine (Pires & Woollacott, 1997). In crustaceans,
evidence suggests it is primarily serotonin that modifies locomotion and photosensitivity and, by
extension, circadian rhythm (Strauss & Dircksen, 2010; Mesquita et al., 2011), and it is by this mode
of action that SSRIs are thought to produce their effects.
However, one of the more intriguing features of Selective SSRIs is not particularly their effect, it is the
shape of the response curve associated with their exposure. After exposing a variety of organisms to
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SSRI (particularly fluoxetine) at a range of concentrations, notably very low concentrations, some of
the concentrations have elicited effects that disappear at higher doses. This has been seen in
cephalopods (Di Poi et al., 2014), bivalves (Fong, 1998), amphipods (De Lange et al., 2009; Guler &
Ford, 2010; Bossus et al., 2014), cladocerans (Rivetti et al., 2016), decapods (Rodrigues, Santos, et al.,
2015), fish (Painter et al., 2009; Weinberger Ii & Klaper, 2014; Yang et al., 2014; Melvin, 2017) and
amphibians (Barry, 2014). This effect ‘window’ of concentrations has been linked to the mechanism
of the dopamine receptors (Guler & Ford, 2010; Ford & Fong, 2015). A lack of response - at exposure
levels below this ‘window’- is easily explained by threshold levels for stimulation not being achieved;
the decline in response at high concentrations is less easily attributable but may involve cytotoxicity,
cell and tissue-specific receptors and cofactors, receptor selectivity, receptor down-regulation and
desensitization, receptor competition, and endocrine negative feedback loops (Vandenberg et al.,
2012).
A more defined categorisation of this bi-phasic response, known as hormesis (Figure 4.53), has been
interpreted as a reaction to a perturbation in homeostasis, manifesting itself as an over-compensation
- often at the expense of growth or other health parameters, which ultimately lead to a decline in
performance (Calabrese & Baldwin, 2002). Specifically, the hormetic range is defined as a stimulatory
response on a given endpoint of 30 to 60% above the controls, extending over a 10-fold range below
the no observed effect concentration (Calabrese et al., 1999).
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Figure 4.53 Graphical representation of hormetic dose responses a) showing response relative to a
reference level, with a region of apparent improvement (e.g., reduction in dysfunction) as well as a
region of toxic or adverse effects. (b) Reciprocal of the same curve showing a region of apparent
enhancement (e.g., increase above normal level of function) as well as a region of toxic or adverse
effects (adapted from Davis & Svendsgaard, 1990)

The hormetic response is arguably more common than frequently assumed (Renner, 1998; Garaventa
et al., 2010), indeed, after a review of toxicological literature, Calabrese and Baldwin (2003) concluded
that hormesis, rather than monotonic dose-response curve, was the dominant model in toxicology.
Yet despite the number of experiments reporting this effect, whether or not such models apply to SSRI
and other endocrine disrupters remains both controversial and unclear (Chapman, 2000) and indeed
publications deviating from monotonic dose-responses have been regarded with scepticism on the
robustness of the experimental method and interpretation (Sumpter et al., 2014). Moreover, there
are many experiments on SSRIs that demonstrate a monotonic response (e.g. Henry & Black, 2008;
Fong & Hoy, 2012; Di Poi et al., 2013; Lopes, 2015). Sumpter et al. (2014) concluded that the majority
of studies on fish reported effects only at higher concentrations of fluoxetine, and effects showed a
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dose-dependent relationship. Furthermore, they propose the wide range of effective concentrations
seen among invertebrate phyla are an artefact of differences in taxonomic sensitives rather than direct
evidence of hormesis. Further research using repeated studies on a range of concentrations is required
to support the latter hypothesis, they argue. The results of the current series of experiments hardly
settle the debate, but characterisation of the photo/preference responses is irrefutably nonmonotonic, and repeated.
Though not significantly different from other concentrations, the highest level of feeding rate was
recorded at 1 µg L-1 in chronic and acute experiments. Serotonin is well known for its involvement in
the control of food intake (Valassi et al., 2008; Lam et al., 2010) so SSRIs unsurprisingly affect feed
consumption. Reductions in feeding rates, generally associated with higher concentrations, have been
documented in fish (Stanley et al., 2007; Weinberger Ii & Klaper, 2014; Kellner et al., 2015) and
mosquito larvae (Kinney et al., 2014) but do not appear to have an effect in daphnia (Stanley et al.,
2007) or polychaetes (Méndez et al., 2013). Recently, De Castro-Català et al. (2017) found exposure
to 0.1µg L-1 fluoxetine had an inhibitory effect on feeding in G. pulex. A true effect of fluoxetine on
feeding rate is difficult to evaluate in the current trials due to the possible impact of SSRIs on biofilms
(Richmond et al., 2016), known to be important in leaf litter consumption in amphipods (Bundschuh
et al., 2009), compounded with the variability seen within the feeding rate (discussed later). However,
given the consistency of the response it bares further investigation.

4.5.3 Ibuprofen
Lethal toxicity levels of ibuprofen are not established for any amphipod, but the 24 hour LC50 values
for D. magna and Moina macrocopa are 51.4 and 72.6 mg L-1 respectively. The highest concentration
used in the current study was 0.02 mg L-1, so the lack of mortalities in any exposures was as expected.
Ibuprofen did not produce clear effects on Gammarus behaviour even at concentrations 10-20 times
greater than those recorded at Chickenhall and equalling some of the highest levels found in Europe
(Loos et al., 2009). There is evidence that low concentrations (ng L-1) can produce sub-lethal effects
(such as reduced scope for growth and modulating oxidative stress biomarkers) in invertebrates
(Ericson et al., 2010; Gonzalez-Rey & Bebianno, 2011). Specifically regarding amphipods, similar
concentrations to the ones used in the chronic and acute experiments (e.g 0.05-500ng g-1 of spiked
sediment) have had considerable effect on the activities of antioxidant and detoxifying enzymes in the
Gammarid Ampelisca brevicornis (Maranho et al., 2014). Interestingly, De Lange et al. (2006a) found
concentrations of 1 and 10ng L-1 ibuprofen affected a reduction in activity (locomotion and ventilation)
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of G. pulex, which were not seen at higher concentrations (up to 1mg L-1). With further analysis of the
data, 1, 10, and 100 ng L-1 principally increased ventilation, whereas higher and lower concentrations
increased locomotion (De Lange et al., 2009).
On the other hand, higher (mg L-1) concentrations usually have little effect, at least on
behavioural/reproductive metrics. Pascoe et al. (2003) found concentrations several orders of
magnitude greater than typical environmental levels (i.e 1-20mg L-1) had no effect on the cnidarian
Hydra vulgaris, though Quinn et al. (2008) demonstrated that exposure to 10 mg L–1 for 96 h
significantly reduces the time for prey ingestion for Hydra attenuata. High (1-20mg L-1) concentrations
had no significant effect on crustaceans such as Daphnia magna (Han et al., 2006; Heckmann et al.,
2007) and the Beavertail Fairy Shrimp (Thamnocephalus platyurus) (Kim et al., 2009). In amphipods,
Wiklund et al. (2011) found no effect on the feeding rate, activity, habitat section or respiration of
Gammarus spp. at doses of 1-10,000µg L-1. Similarly, Oskarsson et al. (2012) found no effect on the
respiration or ammonium excretion of Gammarus spp. at 10-1000 µg L-1. Borgmann et al. (2007) found
no effect on survival, mating, body size or reproduction over three generations of the freshwater scud,
Hyalella azteca, exposed to 236ng L-1 (though this was in a mixture of pharmaceuticals). Indeed,
Heckmann et al. (2007) conclude that long-term population consequences of a chronic ibuprofen
exposure at environmentally realistic concentrations (ng l−1 to μg l−1) would, most likely, be of minor
importance. The results of the current trials provide nothing to challenge that conclusion, though
there appears to be a gap in the literature investigating biochemical biomarkers in combination with
‘macro-indicators’ (activity etc.) at ranges of concentrations from ng to mg L-1; perhaps there are
hormetic responses involved.

4.5.4. Propranolol
At the highest concentration pf propranolol – 5 mg L-1 – there was clear evidence of lethal toxicity with
mortality levels of 80 - 86% (In the acute trial, mortality rates were, generally, directly related to
concentration levels. Twenty male Gammarus were exposed individually to each PPCP, but
additionally a separate, mixed sex group was exposed in a concurrent trial (Chapter 5). Table 4.12
shows mortality rates of both populations for comparison. Binary logistic regression showed all
treatments except fluoxetine were associated with significant moralities at one or more
concentrations. Duration of exposure (‘time’) also was a significant effect (Table 4.13).
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Table 4.12). Huggett et al. (2002) reported 24h LC50 values of 0.8, 1.6 and 29.8 mg L−1 in the
arthropods Ceriodaphnia dubia, D. pulex, and H. azteca respectively. The 24h LC50 values for the
amphipod T. platyurus were 10.31mg L-1 (Kim et al., 2009). Differences between these values and
mortality levels in the current trial may be explained by the duration of exposures (24 hour versus 7
days).
Since propranolol is able to affect the serotonergic system, it would not be surprising to find results
akin to fluoxetine exposure, and indeed they are not dissimilar. Up to a point (0.05-1 µg L-1
propranonol) G. pulex showed an increase in activity, however, there was no effect on phototaxis.
Wiklund et al. (2011) observed a significant reduction in activity of amphipods at concentrations of
100, 1000 and 5000 μg l−1 propranolol, which, if interpreted in comparison with the potentially
hormetic response of SSRIs may reflect the ‘dose region of adverse effects’ (Figure 4.53). Amongst
other arthropods, increases of movement have been seen in Daphnia at 0.2 and 26 μg L-1 (Jeong et al.,
2015) but there have been no other studies on the effect of low concentrations of propranolol on
invertebrate activity, which, given the increased usage and concomitant release in the environment,
is surprising. The lack of effect on phototaxis was not expected, though (Rivetti et al., 2016) found no
effect on Daphnia phototaxis at concentrations of 0.1ng to 100µg L-1.
Feeding rate was negatively impacted at very high concentrations (5000 µg L-1) (presumably linked to
the toxic effects) but this far exceeds environmentally relevant concentrations (up to 0.157 µg L-1 at
Chickenhall and 0.284 µg L-1 in the UK; Hilton et al., 2003). By contrast, concentrations of 0.05 µg L-1
in the current study were associated with significantly higher feed rates. Interestingly, Wiklund et al.
(2011) found propranolol significantly increased feeding rate in amphipods at 100-1000 µg L-1, linked
with increased respiratory demands. On the other hand, the demands of oxidative stress have been
attributed to reduce feeding in bivalves at 147 µg L-1 (Solé et al., 2010). Unlike with fluoxetine, impacts
on feeding are unlikely to be obfuscated by effects on the biofilm of the leaf litter, since evidence
shows propranolol has no effect in this capacity (Hughes et al., 2016).

4.5.5 Triclosan
The most striking feature of the triclosan data is the toxicity. In the current series of studies, levels of
0.3mg caused 100% mortality in 24h, and under chronic exposure (21 days) levels of 10 µg L-1 resulted
in mortality of 63% In the acute trial, mortality rates were, generally, directly related to concentration
levels. Twenty male Gammarus were exposed individually to each PPCP, but additionally a separate,
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mixed sex group was exposed in a concurrent trial (Chapter 5). Table 4.12 shows mortality rates of
both populations for comparison. Binary logistic regression showed all treatments except fluoxetine
were associated with significant moralities at one or more concentrations. Duration of exposure
(‘time’) also was a significant effect (Table 4.13).
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Table 4.12 and Table 4.7 respectively). These levels are corroborated by a number of other studies on
amphipods. Kim et al. (2009) estimated the 24-hour median lethal concentration (LC50) T. platyurus
to be 0.47 mg L−1, indeed it was at least one order of magnitude more toxic than any of the seven
pharmaceuticals tested (including ibuprofen and propranolol). Over a ten-day test, the LC50 (10 day)
in H. azteca was 0.25 mg L−1 (again, the most toxic of four PPCPs) (Dussault et al., 2008). Gómez-Canela
et al. (2016) found triclosan to be the most toxic of 26 pharmaceuticals (including NSAIDs,
antidepressants and beta-blockers) tested on G. pulex with an LC50 (24h) of 0.57 mg L−1. In range
finding trial exposing Gammarus locusta to triclocarban (a compound with similar use and toxicity to
triclosan; Chalew & Halden, 2009), six days after the beginning of the experiment, 25% of the animals
from the highest concentration (20 μg L -1) were dead and within sixteen days after the beginning of
the bioassay, all animals from the 20 μg L-1 concentration had died. Moreover, in the current study,
pronounced levels of mortality were noted around 1 µg L-1 (31% after 21 days) which is of concern
given the levels found at Chickenhall were up to 0.344 µg L -1 and up to double that value has been
recorded at other WwTW around the UK (Gardner et al., 2012).
The effect of triclosan on activity was characterised by an inverse relationship to concentration,
though this is difficult to separate from toxic effects. Gómez-Canela et al. (2016) found significant
alteration in 37% of metabolites of G. pulex after 24h exposure at concentrations of 0.1 mg L−1.
Furthermore, triclosan is thought to have similar narcotic effects as chlorophenols due to interference
with electron transport (oxidative phosphorylation) in mitochondria, though the mechanism of toxicity
in invertebrates appears to be less specific (Grimwood & Mascarenhas, 1997; Orvos et al., 2002). In
any case, the disruption of essential processes such as cellular respiration and metabolic pathways is
likely to have chronic implications. In their study testing this hypothesis, Barros et al. (2017) exposed
G. locusta to triclocarban for 60 days. Biochemical impairment - oxidative stress markers - did not
follow a dose-response curve, with significant increases at 100 and/or 500 ng L-1 and a decreased
activity in the highest concentration (2500 ng L-1). This response was mirrored in the females'
behavioural response (distance travelled), - though not in males. Nevertheless, it is suggested that the
decline in activity seen at environmentally relevant concentrations of triclosan is due to toxic effects.
Increasing triclosan appears to be inversely associated with phototaxis though this could be an artefact
of reduced activity. In a less unbiased value, the preference scores show more positive, hormetic,
results around 0.01-0.1 µg L-1. There is no precedent for triclosan affecting phototaxis, though triclosan
(and triclocarban) have been reported to have endocrine disrupting properties in mammals (Chen et
al., 2007; Christen, Crettaz, et al., 2010), however the response is interesting in the light of the
hormetic results of Barros et al. (2017).
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Feeding rate was very variable, though in trials 1 and 3 the greatest food consumption was found at
concentrations of 1 µg L-1. However, the variability in the feeding rate was an issue in many exposures
and is unfortunate, but not without precedence.
The inherent variability of feeding rate in G. pulex has been reported as ‘enormous’ (Agatz & Brown,
2014). All known factors affecting feeding rate (food type, sex, size, temperature) were controlled for
in the current study and standard deviations were much less than Agatz and Brown’s (2014) results,
but still confounded statistical validation. Many results were not consistent or clear and may reflect
the varying toxicity (or otherwise) of the effluent components or may be an artefact of unknown
factors that were not controlled for – such as the effect on biofilms. A greater sample size and pooling
the leaf consumption by groups of Gammarus might provide clearer results in future studies.
Alternatively, the measurement of the outcome of food consumption: energy gain, might provide
clearer results. This will be investigated in the next chapter.

4.5.6 Mixtures
Unlike its components (fluoxetine, diclofenac and triclosan), and the effluents (chapter 3) activity in
the mixtures seemed to increase with concentration. This was not expected but might be explained
by the particular mode of action of the chemicals.
Fluoxetine, by its action, increases serotonin levels; diclofenac, an NSAID, inhibits the production of
COX which, among other things, reduces the synthesis of prostaglandins – hence their noninflammatory capacity. Triclosan has no specific physiological target. Though these attributes might
seem disparate, both serotonin and prostaglandins can have very similar effects on many aspects of
homeostasis (Jaffe, 1979), and indeed the activation of the serotonin producing neurons may require
the presence of prostaglandins (Singh et al., 2017). Escher et al. (2005) concluded that assays
combining chemicals with dissimilar mechanisms of action may show antagonistic interactions, so
combining chemicals that increase and reduce complimentary compounds may produce results that
are dissimilar to those of their components. This could explain a lack of reduction in activity, but it
might seem tenuous to ascribe it to the increase in activity as seen in these results. However, Dietrich
et al. (2010b) exposed Daphnia to a pharmaceutical mixture (including diclofenac) alongside the
individual chemicals before measuring reproductive endpoints and found several opposite effects
between the mixture and its components, as did De Castro-Català et al. (2017) measuring activity in
G. pulex. Alternatively, the increase in activity could be interpreted as an escape response; amphipods
199

will increase movement in order to avoid contaminants (Ward et al., 2013), but it unlikely to be
sustained for several weeks as seen in trial 4. Finally, there may be an interaction of an unknown
component that has stimulated the activity and after 3 weeks the animals were either desensitised to,
or exhausted.
Phototaxis scores did not show a clear pattern, though preference scores showed positive results in
medium/high doses, which had also been recorded in each of the chemicals when tested separately.
Regarding the change in responses over the three weeks, there appears to be an interaction with time
in response to several single PPCPs (such as triclosan) but this is particularly striking in the mixture
data. This could be attributed to an increasing accumulation in the tissues (many of the PPCPs tested
are reported to bioaccumulate) or the attrition of the coping mechanisms of the animals, but such an
interaction has been reported in other studies (e.g. De Lange et al., 2006a; Bossus et al., 2014). Due to
the nature of the data, two way ANOVAs could not be used to test the significance of this trend, which
would have shed light on temporal effects.

4.6 Conclusion

In summarising the findings of the current study, the effects of PPCPs on G. pulex behaviour are best
characterised by their diversity. Relative to controls, some pharmaceuticals appeared to stimulate
greater responses (such as fluoxetine and mixtures), others diminished it (diclofenac and triclosan),
and others (ibuprofen) appeared to have no effect at all. This variation reflects the diversity in the
mode of action of the drugs, particularly where they have known effects on processes associated with
behaviour. For instance, the action of SSRIs is to increase elements of the endocrine system, the action
of NSAIDs is to decrease other components of the same system, and the endocrine system is clearly
inextricably linked to behaviour (Nelson, 2005). It would be spurious to make a priori linkages between
pharmaceuticals, endocrine manipulation, and behavioural endpoints – particularly when the
fundamental effect of medications on invertebrate endocrine systems is far from decided.
Nevertheless, behavioural observations can be indisputably legitimate and useful given their
ecological relevance and sensitivity to contaminant concentrations far lower than overtly toxic levels.
Of course, toxic reactions may, too, be manifested behaviourally (avoidance and moribundity, for
instance), which is why the acute experiment’s results are so useful. Moreover, it is equally valid to
investigate the potential repercussions of drugs with no known behavioural implications: discoveries
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on the locomotory and ventilatory responses of G. pulex exposed to ibuprofen (De Lange et al., 2006a;
2009) are a case in point.
The results of the current trials indicate two areas of further study: hormetic responses generate
contention within some scientific circles yet the results of the fluoxetine exposures, particularly the
preference scores, repeatedly show this response. A greater range of exposures – increasing the lower
and higher range – might elucidate this more clearly. Secondly, the results of the triclosan and
diclofenac trials suggest chronic toxicity at concentrations far below recognised LC50 doses and
potentially at environmentally relevant levels. This might well have been overlooked in regulatory
challenges given the brief exposures often used in these tests, but given its serious ecological
ramifications it warrants further investigation.
On the other hand, in several other exposures, behavioural endpoints taken over the short term
(durations similar to many regulatory toxicity tests) were less clear, or even opposite (e.g. triclosan),
to those effects recorded after two or three weeks. This raises questions as to whether standard
toxicity tests are representative, particularly of effluents and environmentally relevant concentrations
of contaminants where exposure is likely to be protracted rather than acute.
One of the chief criticisms of sub-acute endpoints such as behaviour and feeding has also proved
reasonable: that the inherent variation in animals can impede firm conclusions. This issue is not new
in ecotoxicology (Calow, 1996). By increasing the sample size the confidence intervals were increased
in the repeat trial of experiment 1, but it is still calculated that to achieve confidence levels of 95%,
sample sizes would have to approach 400, clearly impractical for behavioural studies where each
observation takes 4 minutes. In a review on evaluating ecotoxicological impact, Enick and Moore
(2007) suggest that only effects greater than 10% minimum can be reliably detected and that ‘the
effects of pharmaceutical contaminants in the environment are generally believed to be below the
10% limit and would require unrealistically large sample sizes to provide adequate statistical power’.
This (arguably rather defeatist) approach does little to develop the science of ecotoxicology,
particularly behavioural ecotoxicology. A more progressive approach may be to understand, control
and reduce variability where possible, but also to appreciate it and take it into account in interpreting
the results (Calow, 1996). Thus, the repeated patterns and trends seen in the replicate trials lend
credibility to the findings, interpretation, and conclusions drawn, but the use of additional (particularly
more objective) endpoints would further clarify and confirm the true ecological impact of these PPCPs.
This is the focus of chapter 5.
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Effect of pharmaceuticals on reproduction
5.1 Introduction
5.1.1 Background and context
To achieve a full understanding of the effects of any potential contaminant on an organism and its
ecology, it is important to investigate as many aspects as possible. Many regulatory assays focus on
one aspect – often mortality – which is unlikely to provide a realistic assessment of the totality of
potential effects of environmental contamination. As well as the narrowness of their scope, such
assays are often not sensitive enough (Wigh et al., 2017), too brief to show chronic effects (Dietrich et
al., 2010a), or use dichotomous endpoints that lack the finesse to discern subtle changes (Alonso et
al., 2009). Therefore, the integration of a variety of biochemical, physiological, behavioural, ecological
and morphological endpoints in assessing ecotoxicological effects is increasingly common (e.g. Alonso
et al., 2009; Vellinger et al., 2012b; Vellinger et al., 2013; Lopes, 2015; Mehennaoui et al., 2016; Rivetti
et al., 2016).
In terms of a test species appropriate for an array of analyses, Gammarus pulex offers several
advantages: it is long lived, carries its embryos which can be harvested and investigated easily, it
displays distinct behaviours, and it is regarded as being a keystone species in reflecting the health of
the ecosystem (Dixon & Shaw, 2011).

5.1.2 Energy reserves
As a holistic measure of an organism’s fitness, the evaluation of its energy budget has a long pedigree
(Naylor et al., 1989; Maltby & Naylor, 1990a; Maltby, 1994). Energy reserves might be reduced either
by increasing their rate of use (for movement in avoiding contaminants, adaptation to stressful
conditions, or repair of toxic damage) or reducing their input (by impacting feeding) (Calow, 1989;
Ribeiro et al., 2001). Drains on energy reserves can have substantial implications for populations
through reduced tolerance of sub-optimal conditions (Zubrod et al., 2010) and diverting energy from
reproduction and growth (Jager & Zimmer, 2012). So it is unsurprising that energy measurements are
increasingly used in ecotoxicology to measure effects from an organismal level (Peeters et al., 2009a)
to wider ecological health and functioning (Koop et al., 2008; Bundschuh et al., 2011c).
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Energy in invertebrates is stored in the form of lipids or carbohydrates. The latter can be in short term
storage as glycogen or released for immediate use as glucose. Measurement of glycogen reserves can
reflect the capacity of invertebrates to survive and compete in their environment (Koop et al., 2008)
and, conversely, changes in glycogen levels may reflect poor environments (Ramos et al., 2016). Thus,
glycogen content has been measured, specifically amongst amphipods, as a response variable after
exposure to pesticides (Ribeiro et al., 2001), fungicides (Vu et al., 2015), metals (Sornom, 2012),
pharmaceutical mixtures (Dietrich et al., 2010a) and WwTW effluent (Bundschuh et al., 2011c). In any
capacity, since it is used in more transient energy storage, glycogen changes have been associated
with short term physiological costs (Plaistow et al., 2001). Indeed, glycogen levels in males are typically
higher than in females, which is attributed to males needing greater immediate energy for processes
such as mate selection and guarding (Plaistow et al., 2003a).
Despite glycogen’s value as an indicator, it is not the main source of energy in arthropods. Lipids are
considerably more energy efficient than carbohydrates (in terms of ATP production) (Cryer, 1985) and
more abundant, specifically in amphipods (Hyne, 2011). High lipid content is associated with good
physical condition (Sánchez-Paz et al., 2006). Indeed, it has been shown for amphipods that ‘fatter’
specimens are fitter (Glazier, 2000); that is, higher lipid concentrations are associated with increased
growth and reproduction. Predictably, low lipid reserves can be used as an indicator for low fitness
and poor environments (Koop et al., 2011), particularly over the long-term (Belgrad & Griffen, 2016).
Consequently, lipid reserves have historically also been measured in amphipods exposed to a range of
contaminants including oil (Lee et al., 1981), tributyltin (TBT) and cadmium (Meador, 1993),
Dichlorodiphenyltrichloroethane (DDT) (Lotufo et al., 2001), pesticides (Graney & Giesy, 1986),
contaminated sediments (Landrum et al., 1989) and WwTW effluent (Bundschuh et al., 2011c).
Surprisingly, given the evident value of measuring energy reserves – either as glycogen or lipid – as an
indicator of ecotoxicity, there are no studies where they have been used as an endpoint in measuring
the effects of specific pharmaceuticals on amphipods. Indeed, there are very few examples where they
have been measured in this capacity on any crustacean (i.e. Campos et al., 2012a; Kim et al., 2014).
This is particularly remarkable given that pharmaceuticals are known – indeed designed – to have
effects on energy usage and partitioning. For instance, SSRIs moderate serotonin - which has been
found to stimulate multiple crustacean hormones including crustacean hyperglycemic hormone (Fong
& Ford, 2014), that in turn increases glucose levels (Loredo-Ranjel et al., 2017). Similarly, NSAIDs have
been linked to lipid metabolism (McNaull et al., 2010) and they, along with beta blockers (namely
propranolol), have been found to contribute to energy imbalances in mussels (Ericson et al., 2010).
Furthermore, any compound may have toxic effects when in excess and the energy demands of
compensating or detoxifying can be substantial (reviewed by Sokolova et al., 2012).
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5.1.3 Reproductive effects
One of the main outputs for energy usage is reproduction (Nisbet et al., 2010) so, naturally, the
reduced availability of energy also can have adverse effects on reproduction and fecundity (Sokolova
et al., 2012). In males, this may be due to the demands of securing mates (quite literally in the case of
amphipods), in females there is a significant requirement for egg production, and in all arthropods the
physiological process of moulting, which is linked to reproduction, is very energy demanding (Prenter
et al., 2006; Hyne, 2011). Therefore, there is substantial interest in viewing ecotoxicological impacts
through the lens of reproductive effects, not only because of the marked sensitivity of associated
biomarkers (Dietrich et al., 2010a; Wigh et al., 2017) but because of the profound ecological
implications (Brodin et al., 2014; Schneider et al., 2015).
Amphipods, like many crustaceans, have a particular breeding behaviour which makes them a very
useful model organism for reproductive effects. Males undertake a period of protective behaviour
prior to mating known as precopulatory mate guarding (PCMG) (Galipaud et al., 2010). An adult male
takes hold of a female from the dorsal side with his enlarged gnathopods (generally toward the end of
the female’s between-moult, or intermolt, period) and the pair remains together in precopular
position, or amplexus, for a few days until the female moults (Figure 5.1). During this time, the pair
will swim and feed together. After approximately nine days (in G. pulex) the pair separates briefly while
the females sheds her old exoskeleton (Gross et al., 2001). With her moult, a new marsupium, or brood
chamber, is formed under the female’s ventral surface and the pair briefly reunite. Copulation occurs
within minutes afterward, with the male injecting spermatozoa into the newly formed marsupial
chamber while it is still flexible, before it hardens along with the exoskeleton (Dixon & Shaw, 2011).
Within one hour, ovulation occurs: the female releases eggs into the marsupium, where they are
fertilised and the embryos develop externally (Borowsky, 1988). The offspring are kept in the
marsupium until they hatch, shortly before the female is due to moult. The female remains alone until
a few days before her next moult, when amplexus is reinitiated and the cycle is repeated (Cooper,
1965). The duration of the whole cycle is dependent on the growth of the female which dictates her
need to moult. Seasonality plays a large role because of temperature and food availability; Ward
(1986) measured the cycle to take 28 days in summer and 64 days in winter (in G. pulex), but other
environmental conditions such as contamination can have direct and indirect effects (Drobne & Štrus,
1996).
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Figure 5.1 Pre-copulatory mate guarding in G. pulex (Amer, 2014)

Though PCMG is common among all crustaceans, few mating systems have been investigated more
than that of the amphipods (Plaistow et al., 2003a) – the literature is full of research into its
evolutionary development, energy balance, and the effects of size, parasitism and environment (e.g.
Cornet et al., 2012; Dhoonmoon et al., 2016; Iltis et al., 2017), and it has been used as a biological
endpoint in toxicity screens for almost 40 years (Davis, 1978). Nevertheless, the stimulus for
amphipods to enter amplexus is still not clear: possibilities include visual, tactile or acoustic cues,
chemical signals (pheromones),or a combination of these (Watts et al., 2001). The weight of evidence
favours pheromonal stimuli, which anthropogenic chemicals might affect through competition or
inhibition (Lürling & Scheffer, 2007). Alternatively, directly toxic effects may be involved in impeding
pair formation or facilitating separation (Watts et al., 2001). In any case, the measurement of pairing
tendency appears to correlate with the concentration of pollutants and has been used in relation to
numerous compounds such as ammonia (Prenter et al., 2004), nitrate (Pandey et al., 2011) , metals
(Prato et al., 2013b), phenethyl isothiocyanate (Dixon & Shaw, 2011), insecticides (Pedersen et al.,
2013), herbicides (Pascoe et al., 1994), and WwTW effluent (Bundschuh & Schulz, 2011a).
Nevertheless, the impact of most pharmaceuticals on this behaviour have yet to be assessed.
The duration of exposure to the noxious environment may be minutes (Hoback & Barnhart, 1996),
hours (Dixon & Shaw, 2011), days (Poulton & Pascoe, 1990; McCahon & Poulton, 1991) or weeks
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(Borgmann et al., 2007). Effect on pairing may be judged by the time taken for pairs to re-couple after
exposure and forced separation – sometimes referred to as the precopula separation test (Lawrence
& Poulter, 1996; Prenter et al., 2004), or the number of pairs remaining after contact with the
contaminants (Bundschuh & Schulz, 2011a). Though the two metrics have not, as yet, been measured
together in a study.
Other aspects of reproduction that are of interest in aquatic toxicology are the number and
development of embryos. Not only are these stages often directly exposed to the contaminants, but
they are generally more sensitive (Byrne, 2012), and their quality and quantity can reflect a female’s
fitness (Koop et al., 2011). Amphipod embryos, because they are externally incubated, are easily
enumerated and their transparent chorion facilitates developmental observations - features which
have encouraged their use as bioindicators in a range of toxicology studies. With some exceptions
(Robinson et al., 2003; Lundström, Adolfsson-Erici, et al., 2010) most studies report a reduction in
amphipod egg production associated with exposure to effluents or contaminants (e.g. Pedersen et al.,
2013; Neuparth et al., 2014; Vu et al., 2015) Nevertheless, there is a conspicuous absence of studies
simultaneously investigating the quality (as assessed through size or development) and quantity
(number of embryos per female, the brood size) of amphipods exposed to toxins. Both volume (Barsi
et al., 2014) and brood size (Pedersen et al., 2013) are been reported to be affected by toxins or suboptimal conditions, but there have been no studies comparing which, if either, are more affected.
Although there have been widespread investigation on the effects of various PPCPs on invertebrate
reproduction, their effects and causality still need further clarification in many cases. Péry et al. (2008),
in their review of fluoxetine effects (including reproductive) in aquatic invertebrates, concluded that
the evidence was contradictory. Lopes (2015), reviewing another SSRI, sertraline, arrived at a similar
conclusion. Mohd Zanuri et al. (2017), in their study on the effect of NSAIDs on aquatic invertebrates,
summated that the paucity of investigations regarding NSAIDs effects on reproductive success
translated to an inadequate risk assessment.

5.1.4 Effects on moulting frequency
Another significant use of lipids and glycogen is in ecdysis; both are found in the epidermis of
amphipods and are used in the formation of the new cuticle under the old exoskeleton (Martin, 1965).
Moulting may be affected directly by pharmaceuticals due to interference of physiological processes.
For instance, serotonin stimulates release of various neurohormones in crustaceans including moltinhibiting hormone (Sainath & Reddy, 2010) so pharmaceuticals such as SSRIs may affect this process.
On the other hand, Hutchinson (2002) suggests that arthropod hormone systems are unlikely to be
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mediated via mammalian endocrine disrupters. Nevertheless, because ecdysis is in itself a major stress
event (Dietrich et al., 2010a), a significant drain of energy (Charron et al., 2014), and inextricably linked
to reproduction (Hyne, 2011), there are a number of ways in which various pollutants may be
associated with moulting disruption (Song et al., 2017; Wigh et al., 2017). Indeed, a screening assay
for environmental contaminants has been developed based on moult disruption (Inouye et al., 2004)
and Plahuta et al. (2017) found moulting to be the most sensitive of all endocrine effects of WwTW
effluent . Contaminants that have been linked to moulting disruption in arthropods include Bisphenol
A (Masteling et al., 2016), benzotriazoles (Giraudo et al., 2017), fluoxetine (Robert et al., 2016),
pharmaceutical mixtures (Dietrich et al., 2010a) and WwTW effluent (Plahuta et al., 2017), though
many PPCPs remain untested, despite associations with endocrine disruption.

5.1.5 Aims and hypotheses
This study investigated the effects of specific PPCPs on energy content of Gammarus pulex and their
impact on major energy-requiring processes, namely reproduction and moulting. Five PPCPs were
tested (diclofenac, fluoxetine, ibuprofen, propranolol and triclosan) in a range of concentrations from
environmentally relevant to potentially toxic levels. The null hypotheses were: (H1) there is no effect
of PPCPs on the lipid and glycogen content of G. pulex; or on moulting frequency (H2); reproductive
behaviour (H3); or embryo metrics (size and number) (H4).

5.2 Methods and materials
Three series of experiments were undertaken. The first measured energy levels (lipid and glycogen)
in G. pulex after three weeks’ exposure to five PPCP in a range of concentrations. In the second set of
experiments, a more acute exposure was conducted, increasing the higher doses and reducing the
exposure time to a week. The effect on lipid reserves was measured as well as the propensity to mate
guard. Finally, in the third set of trials, the lower dose was reduced still further and, over a two week
exposure, the effects on lipid and guarding were measured. At the end of the two weeks, potential
effects on brood size were assessed through the size, number and development of the embryos.
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5.2.1 Test animals
Specimens of G. pulex were collected as described in chapter 3. Animals were acclimated for a
minimum of 14 days before the start of any experiment. Animals were maintained in groups of 200300 in trays with leaf-litter from the collection site and kept under conditions outlined in chapter 3.
Chemicals were prepared as explained in chapter 4 (section 4.3.2).

5.2.2 Experiment 1. Effect of three week PPCP exposure on energy reserves of G.
pulex
The first experiment investigated the impact of a three week exposure to five PPCPs, at high and low
concentrations, on the energy reserves of G. pulex. Fifteen G. pulex (five each of males, non-ovigarous
females and ovigarous females) were euthanised and frozen prior to the start of the experiment to
provide a baseline glycogen/lipid level. The animals were euthanised with an overdose of clove oil
(Venarsky & Wilhelm, 2006).

5.2.2.1 Experimental conditions
Exposure to each treatment was repeated in triplicate. For each concentration, groups of 20 G. pulex
(≈10 males and females), were maintained in each of three, 750ml (15 x 9 x 4cm) food grade containers
(Amico Packaging, Leicester, UK), lidded (with air-holes). Containers held copious conditioned alder
(Alnus glutinosa) leaves for food and shelter, and were maintained at 11.8±0.2C in the dark (as per
Zubrod et al., 2015). All animals were checked visually for signs of parasitism by acathocephalans as
these have been reported to affect energy levels (Plaistow et al., 2001). In each treatment, animals
were exposed to 0.01 µg L-1 or 10 µg L-1 concentrations of fluoxetine, diclofenac, ibuprofen,
propranolol and triclosan as well as controls and solvent controls (0.025% ethanol). Solutions were
prepared and stored as before (Chapter 4 - 4.3.3) and were changed twice per week in the exposure
trials. After weeks 1 and 2, five G. pulex from each tray were removed, euthanised and frozen for
subsequent analysis. At the end of the third week, the remaining 10 G. pulex (minus mortalities) were
euthanised – half of these were used for lipid analysis and half were used for glycogen analysis.

5.2.2.2 Lipid analysis
The lipid reserves of G. pulex were evaluated using a variation of the technique described by Van
Handel (1985a). A vanillin-phosphoric reagent was prepared by dissolving 600mg of vanillin (C8H8O3)
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(Sigma Aldrich CAS Number: 121-33-5) in 100ml hot distilled water, then 400ml of 85% phosphoric
acid was added. The reagent was stored in the dark until required.
Before analysing, the frozen animals were sexed - male or female (ovigarous or non-ovigarous) – and
freeze dried for 24 hours (which Gee (1988) found to have no effect on lipid content). The amphipods
were then pooled according to sex in order to economise on reagent use, placed in Eppendorf tubes,
then weighed (Sartorius MSE324S) - thus each Eppendorf contained males or females from each
triplicate tray.
Samples were then crushed with a 1:1 mixture of chloroform: methanol in Eppendorf tubes and
allowed to stand for 24 hours before transferring the supernatant to clean 16 x 100mm culture tubes.
The tubes were placed in a 95C water bath inside a fume cupboard until all solvent was evaporated.
Two hundred microlitres of concentrated (95%) sulphuric acid was then added to each tube and left
in the bath for 10 minutes. The tubes were then removed and allowed to cool before adding 5ml of
vanillin-phosphoric acid reagent. The mixture was combined in a vortex mixer before standing for five
minutes to allow colour development. Finally, 1ml of the preparation was measured directly in a
spectrophotometer (Jenway 6300) at 490nm. The lipid content in each sample was determined from
a calibration curve constructed using 50, 100, 200, 400 and 1000 mg samples of commercial vegetable
oil (linear regression; r2 (adj) = 0.992, F1,3 = 502.816, p = 0.000194).

5.2.2.3 Glycogen analysis
For glycogen analysis, the technique of Van Handel (1985b) was followed.
The anthrone reagent was prepared by pouring 150ml distilled water into a 1L Erlenmeyer flask and
allowed to cool slightly before adding 380ml 98% concentrated sulphuric acid. To this, 750mg anthrone
(9(10H)-Anthracenone) (Sigma Aldrich CAS Number 90-44-8) was dissolved. The reagent was stored in
the refrigerator until required.
For the analysis, samples were sexed into males or females. Ovigarous and non-ovigarous females
were pooled as glycogen is not affected by their ovigarous status (Plaistow et al., 2001). Samples were
freeze dried and weighed as before, then crushed in their Eppendorf tubes using an Eppendorf pestle
with 0.2ml 2% sodium sulphate solution, then allowed to stand for 24 hours. One millilitre of methanol
was then added to each tube before vortexing them for 30 seconds, and then centrifuging them at
2000 X g for 2 minutes. The supernatant (containing dissolved sugars) was decanted leaving the
glycogen (adsorbed on the precipitated sodium sulphate) along with the G. pulex tissue in the tubes.
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To this, 5ml anthrone reagent was added before being placed in a water bath at 95C for 17 minutes.
The tubes were then removed from the water bath and allowed to cool before 1ml was decanted into
cuvettes and read at 630nm (Jenway 6300 spectrophotometer). A calibration curve was prepared with
25, 50, 100, 150, 200 and 400 µg concentrations of a standard glucose solution (1mg/ml in 25%
ethanol); linear regression: r2 (adj) =0.992, F1,4 = 308.873, p = 0.000201).
As lipid and glucose reserves are typically positively correlated with body size in G. pulex (Plaistow et
al., 2001), an analysis of covariance (ANCOVA) was used to compare the energy reserves of the
amphipods with body size as a covariate. Since energy reserves should increase with body size in an
allometric fashion (Plaistow et al., 2003a), and ANCOVA requires relations to be linear (Sokal & Rohlf,
1995), all measures of energy reserves and body size were log10 transformed before analysis. A
preliminary ANOVA analysis showed males and female results to be significantly different (F (1, 89) =
159.55 p <0.001 for glycogen; F(1, 184) = 111.472, p < 0.001 for lipid) so they were analysed separately
(as per Plaistow et al., 2001; Correia et al., 2003; Plaistow et al., 2003a; Maazouzi et al., 2008).
Normality of distribution for scores and the standardised residuals for the interventions was assessed
with a Shapiro-Wilk’s test (p >0.05) and equality of variances assessed with Levene’s test (p >0.05).
There was homoscedasticity, as assessed by visual inspection of the standardised residuals plotted
against the predicted values. There were no outliers in the data, as assessed by no cases with
standardised residuals greater than ±3 standard deviations.

5.2.3 Experiment 2. Effect of one week PPCP exposure on pairing frequency, repairing time and energy reserves
The second experiment was designed to assess if acute exposure to high levels of PPCP would have an
impact on energy levels of G. pulex. The higher limits of concentrations were determined in response
to levels associated with chronic toxicity, the lower limits reflected environmentally relevant
concentrations (Chapter 4; Table 4.6). Additionally, the impact of the treatments on pairing success
was measured, to test for the effects of acute toxicity on this reproductive behaviour in contrast to
motility and phototaxis (Chapter 4).
Groups of G. pulex were maintained in 750ml (15 x 9 x 4cm) food grade containers (Amico Packaging,
Leicester, UK), lidded (with air-holes) and fed conditioned alder leaves. At the start of the exposure
period, each treatment contained approximately 40 animals (approximately equal numbers of males
and females) including ten precopulatory pairs (±1). Treatments consisted of low, high, and very high
concentrations of PPCPs (Chapter 4; Table 4.6) dissolved in borehole water, as well as controls and
solvent controls (0.025% ethanol). All solutions were changed on day 3 of the exposure period.
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5.2.3.1 Lipid analysis
For effects on lipid content, an initial sample of 10 G. pulex was taken at the start of the trial,
euthanised with clove oil, and frozen for subsequent lipid analysis. A total of 623 animals were then
distributed between the treatment containers. Another sub-sample (n = 5 per treatment) was taken
after 24 hours exposure to the treatments, and a final sample taken (n = 10) after 7 days of exposure.
Samples were prepared and analysed for lipid content as described for experiment 1.
Regarding statistical analysis, the weight of males was heterogenous between treatment groups
(interaction term F (15, 122) = 3.607, p<0.05) leading to heterogeneity of regression slopes, which
precluded the use of an ANCOVA analysis. Therefore, the (log) lipid content was normalised for
Gammarus weight and analysed with a 1-way ANOVA (linearity of the correlation between lipid and
weight was confirmed by linear regression; F (1, 91) = 9.882, p = 0.0023). There was one outlier
(determined by examination of a box plot) which did not materially affect the significance of the
results. Normalised lipid scores were normally distributed, as assessed by Shapiro-Wilk's test (p >
0.05). Where there was heterogeneity of variances (as identified by Levene’s test, p>0.05) Welch’s one
way ANOVA was used.

5.2.3.2 Pairing effects
Effects on pairing were tested broadly following the method of Prenter et al. (2004); Pedersen et al.
(2013) and Dixon and Shaw (2011). At the start of the trial, all treatments had the same number (10±1)
pairs, thereafter, the number of paired/unpaired animals was recorded at 24 hours, 48 hours, 72
hours, and 6 days’ exposure. After 24 hours, pairs were separated by placing them on tissue paper
and, if necessary, gently tweezering them apart, before returning them to the treatment solutions.
The total time taken for pairs to reform was then noted. Upon repairing, the pairs were returned to
the test solutions (100% of animals re-paired after the separation test). The procedure was repeated
for all remaining pairs after 6 days’ exposure. A binomial logistic regression was performed to ascertain
the effects of treatment and exposure duration on the likelihood of pairing.
Daily checks were made for mortalities (Chapter 4; Table 4.8) and moults. Moulting frequency was
monitored in the mixed populations, and in a population of 10 individual males maintained in 50ml
food grade containers, as described in Chapter 4 (4.3.4). A binomial logistic regression was performed
to ascertain the effects of treatment and exposure duration on the likelihood of moulting.
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5.2.4 Experiment 3. Effect of chronic exposure to very low PPCP concentrations on
energy and reproductive endpoints

A further set of experiments were conducted to measure the effects of environmentally relevant
concentrations of PPCPs over a chronic exposure (14 days) on energy reserves (lipid), reproductive
behaviour and brood size. The reproductive period in amphipods is reported to be particularly
sensitive towards contaminants (McCahon & Pascoe, 1988c) so very low concentrations could
potentially have an impact. The treatments selected for the trial were fluoxetine, diclofenac, and
triclosan at two concentrations (0.001 µg L-1 and 0.1 µg L-1), alongside controls (borehole water) and
solvent controls (0.025% ethanol in borehole water). The selection of chemicals was determined on
the basis that there appeared to be an impact on pairing time at low concentrations of fluoxetine and
diclofenac in experiment 1 which could be tested at a series of low concentrations to validate this
effect. Triclosan was also included as a contrast as it had not appeared to influence pairing in
experiment 1 though appeared to have the highest toxicity (Chapter 4).
In addition to pairing and lipid analysis, an evaluation of the effects on reproduction was investigated,
as previous behavioural data (Chapter 4) had indicated a potentially toxic effect at low concentrations.
The decision to increase the lower dilution to 0.001 µg L-1 (rather than the 0.01µg L-1 of the toxicity
trials reviewed in Chapter 4) was based on data suggesting juvenile stages can be 250 times more
sensitive to toxicants than adults (McCahon & Pascoe, 1988b).

5.2.4.1 Lipid analysis
All specimens were analysed for lipid content after 14 days’ exposure to the PPCPs. Lipid analysis was
conducted, as before, by following the method of Van Handel (1985a). For statistical analysis, the log
of weights and lipid levels were used for reasons outlined before. Data were separated by sex into
males and female. Data for ovigarous females were pooled with non-oviagarous females because they
had had all embryos removed for the embryo analysis, furthermore in a speculative two-way ANOVA
they were not significantly different to non-ovigarous females (F (1, 114) = 0.768, p = 0.383), nor was
there an interaction terms between ovigarous or non-ovigarous females and treatment (F (5, 114) =
1.520, p = 0.189).
The significance of the treatment effect was achieved with a one-way ANCOVA with weight as a
covariate. There was a linear relationship between (log) lipid concentration and (log) weight for each
treatment type, as assessed by visual inspection of a scatterplot, and homogeneity of regression slopes
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as the interaction term was not statistically significant (male: F (7, 84) = 0.452, p = 0.866; female: (7,
113) = 0.585, p = 0.767). Standardised residuals for the treatments were normally distributed, as
assessed by Shapiro-Wilk's test (p > 0.05). Homoscedasticity was assessed by visual inspection of the
standardised residuals plotted against the predicted values, and homogeneity of variances was
assessed by Levene's test (p >0.05). Outliers in the data were assessed by the number of cases with
standardised residuals greater than ±3 standard deviations. Post hoc analysis was performed with a
Bonferroni adjustment.

5.2.4.2 Pairing effects
As in experiment 2, effects on pairing success were measured broadly following the method of Prenter
et al. (2004); Pedersen et al. (2013) and Dixon and Shaw (2011). The sample size was specifically
increased in response to the high variation found in experiment 2. Twenty mature (>9mm) male G.
pulex were maintained in 750ml (20 x 15 x 3 cm) food grade containers (Amico Packaging, Leicester,
UK) as before. After 48 hours exposure to the chemicals, males were exposed to females who had
been maintained in running bore-hole water. The females were in amplexus immediately before
exposure to the males so were all known to be suitable for a pairing trial. Females were gently
separated from their previous pairs and allowed to recuperate in clean borehole water for 15 minutes.
Males and females were then simultaneously introduced (on opposite sides) to 50ml (6cm dia.) foodgrade pots (Fixnfast, Berks, UK) with clean water. Every 30 seconds for a duration of 10 minutes, the
number of paired animals was observed. Subsequently, all animals were returned to the 750ml
containers with the treatment solutions and the number of paired animals was observed after 24
hours, 7 days and 14 days.
For statistical analysis, the number of animals re-pairing over 600 seconds was analysed with a Welch’s
one way ANOVA due to unequal variance between group as assessed by Levene’s test. Post hoc tests
were achieved with the use of a Games-Howell analysis where equality of variance is not assumed.
The number of animals remaining in pairs after 24 hours, 7 days and 14 days was analysed with a
binomial logistic regression using treatment and exposure duration as fixed factors and pairing status
(paired: not paired) as the binomial dependent variable.
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5.2.4.3 Effect on embryo production
At the end of the 14 day exposure period, ovigarous females paired with males from each treatment
were euthanised with clove oil and preserved in Industrial Methylated Spirits (IMS) (10% methanol in
ethanol) for subsequent investigation of embryos as described in chapter 2. Briefly, each female was
examined under a Meiji binocular dissection microscope (Meiji RZ, Meiji Labax Co., Tokyo, Japan), the
embryos removed by teasing them out from the marsupium with a fine forceps before photographing
(using Infinity Capture 2.3c analysing software) and the embryo development categorised based on
the stages of Sheader and Chia (1970) (see Figure 2.15, Chapter 2). The length and width of each
embryo was taken (using the ImageJ software: http://rsb.info.nih.gov/ij/) to calculate its volume and
the clutch volume (the sum of all the embryos’ volume in a female’s marsupium), along with the total
number of embryos (brood size) (Figure 5.2). Females, having been denuded of eggs, were used for
lipid analysis.

c.

b.

a.

Figure 5.2 Screen shot of embryo measurement using ImageJ software including a. calibration (not to
scale), b. measurement and c. result (µm)
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The greatest effect on the size of amphipod embryos, and the number held by a female, is their
developmental stage (Sheader, 1996), so to ensure parity between treatments embryos were analysed
in the ‘early’ (1-3) and ‘late’ (4-5) stages (as per Ford et al., 2003b). Stage 6 (hatched) was not included
in the analysis since it is not possible to confirm no larvae have left the marsupium.
Both clutch volume and brood size demonstrated a linear relationship with body weight, as assessed
by visual inspection of a scatterplot, however an assumption of an ANCOVA - homogeneity of
regression slopes – was violated in some treatments as there was significant (p <0.05) interaction
between the covariate (weight) and independent variable (treatment) caused by the weight of females
not being homogenous between treatments. Therefore, the clutch volume, average embryo volume,
and brood size, were normalised for body weight and a one-way ANOVA was used. Data were normally
distributed as assessed by Shapiro-Wilk’s test (p > 0.05). Homogeneity of variances was assessed
through Levene’s test: where it indicated heterogeneity of variances, a Welch’s test statistic was used
in the determination of significance.
Significant differences in the frequency of developmental stages between treatments were assessed
with a Kruskall-Wallace test after confirmation that the distribution of scores for embryo stages was
similar for all groups, as assessed by visual inspection of a box-plot. Where significant differences were
indicated, pairwise comparisons were performed using Dunn's (1964) procedure with a Bonferroni
correction for multiple comparisons. Statistical significance was accepted at the p<0.0125 level.
Subsequently, a Fisher’s exact test was used to measure whether treatments showed differences in
their frequency of the broad categories of ‘early’ and ‘late’ stages. Post hoc analysis involved pairwise
comparisons using multiple Fisher's exact tests with a Bonferroni correction. Statistical significance
was accepted at p<0.016667, or p<0.0125 where a solvent control was appropriate.

5.3 Results
5.3.1 Effects of PPCPs on glycogen reserves
An ANCOVA was run to determine the effect of three week’s exposure to low and high concentrations
of PPCPs on glycogen content of G. pulex male and females controlling for weight, which was a
significant covariate in all analyses (ANCOVA p<0.02, partial η2 0.455-0.899) with the exception of
females exposed to propranolol (p = 0.208). There was no significant difference found (p>0.05)
between any treatments (Figure 5.3).
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Dicl L: 0.01 µg L-1 diclofenac; Dicl H: 10µg L-1 diclofenac; Flu L 0.01 µg L-1 fluoxetine; Flu H 10µg L-1 fluoxetine; Ibu L 0.01 µg L1

ibuprofen ; Ibu H 10µg L-1 ibuprofen; Prop L 0.01 µg L-1 propranolol, Prop H 10µg L-1propranolol; Tric L 0.01 µg L-1 triclosan;

Tric H 10µg L-1triclosan

Figure 5.3 Mean (±2 SE) glycogen content (µg per mg body weight) of male and female G. pulex after
3 week's exposure to various PPCPs. Mean of 5 males and 5 females

5.3.2 Effects of PPCP on lipid reserves

5.3.2.1 Experiment 1. Three week exposure to a broad range of PPCPs
As with glycogen data, an ANCOVA was run to determine the effect of exposure to low and high
concentrations of PPCPs on lipid content of G. pulex (males, ovigarous females and non-ovigarous
females were tested separately). Unfortunately, it was not possible to confirm the ovigarous-status of
females before the exposure period (there was too great a risk of damage) and therefore some groups
(for instance, non-ovigarous females exposed to 0.01µg L-1 ibuprofen) were represented by a single
individual. These were excluded from statistical analysis. Weight was controlled for in the model as a
covariate though it was less regularly a significant covariate compared to the glycogen data. When
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normalised for weight, a two way ANCOVA measuring the effects of exposure time (1, 2 and 3 weeks)
against treatment showed there was no interaction term for the duration of exposure on lipid levels
between treatments so data from all weeks were pooled in the ANCOVA. There was no significant
difference found (p>0.05) between any treatments (Figure 5.4).

SC solvent control. Dicl L: 0.01 µg L-1 diclofenac; Dicl H: 10µg L-1 diclofenac; Flu L 0.01 µg L-1 fluoxetine; Flu H 10µg L-1
fluoxetine; Ibu L 0.01 µg L-1 ibuprofen ; Ibu H 10µg L-1 ibuprofen; Prop L 0.01 µg L-1 propranolol, Prop H 10µg L-1propranolol;
Tric L 0.01 µg L-1 triclosan; Tric H 10µg L-1triclosan

Figure 5.4 Mean (±2 SE) lipid content (µg per mg body weight) of male and female G. pulex after 3
week's exposure to various PPCPs. Means of 5 individuals of each sex

5.3.2.2 Experiments 2 and 3. Impact of acute and chronic exposure to PPCPs.
Some significant effects of PPCPs on lipid reserves were observed in experiments 2 and 3 so the results
are presented together for comparison. Experiment 2 included the response to short term (1 week)
exposure to concentrations including potentially toxic levels, whereas experiment 3 focused on very
low concentrations of diclofenac, fluoxetine and triclosan for a longer (two week) period.
In experiment 2, there was no significant difference between the mean lipid content of G. pulex in
control treatments after 0, 24 hours, and 7 days (Welch’s F (2, 16) = 0.812, p = 0.440 males, Welch’s F
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(2, 16) = 0.598, p = 0.794 females) so the maintenance regime can be assumed to have no significant
effect on G. pulex lipid concentration. Males and females were analysed separately, as before.
Ovigarous females were infrequently and irregularly distributed between the treatments so their data
were excluded from the analysis. No treatment had a significant effect on G. pulex lipid content after
24 hours compared to controls (data not shown). Where ANOVA analysis indicated significant
differences between treatments after 7 days’ exposure, post-hoc analysis was achieved through
Tukey’s multiple comparison where the assumption of homogeneity of variances was met, or GamesHowell test where Levene’s test indicated heterogeneity of variance.
Similarly, there was no significant difference found between initial and final lipid levels of Gammarus
in control treatments of experiment 3. The effects of PPCP concentrations of 0.1 and 0.001 µgL-1 were
statistically analysed with an ANCOVA using weight as a covariate. Though statistical analysis was
performed on the log of the weight and lipid levels, for clarity, results are presented as antilog of the
mean lipid concentrations normalised for weight.

5.3.2.2.1 Diclofenac
In experiment 2, there appeared to be a dose-dependent response to diclofenac in terms of the lipid
content of test subjects; there was a significant effect of concentration on males (Welch’s F (3, 10.
799) = 15.287, p<0.001) but not on females (F (3, 3.079) = 7.600, p = 0.062) (Figure 5.5). Post hoc
analysis of the male data showed two distinct groups: the 10,000 and 1 µgL-1 contained significantly
lower lipid levels (p ≤ 0.01) than the 0.01 µgL-1 and controls, but either group were not significantly
different to each other (Figure 5.5).
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Figure 5.5 Lipid content (mean±2SE) of G. pulex after 7 days’ exposure to diclofenac. ** Significantly
different to control (ANOVA p < 0.001), * (p = 0.001). n=160

In experiment 3, there was a statistically significant difference in lipid concentrations between the
treatments in males, F (2, 38) = 15.529, p<0.0001, partial η2 = 0.450 and females F (2, 42) = 4.424,
p<0.018, partial η2 = 0.174. Post hoc tests showed male lipid levels in both diclofenac concentrations
were significantly lower than in the control animals (p<0.005), but not between diclofenac treatments.
Female lipid levels were significantly (p = 0.015) lower in the 0.001µg L-1 than in the 0.1 µg L-1
treatments, but there was no significant difference between either concentrations and control

219

treatments

(

Figure 5.6).
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Figure 5.6 Lipid content (mean±SE) of G. pulex exposed to diclofenac after two weeks’ exposure. *
significant difference between diclofenac exposures and control (ANCOVA p = 0.005). **significant
difference between 0.1 and 0.001µg L-1 treatments (ANCOVA p = 0.015). n=60

5.3.2.2.2 Fluoxetine
Generally, there was no effect of fluoxetine concentrations on lipid reserves. In experiment 2, there
was no significant difference between control treatments and any concentration of fluoxetine on male
(F(3, 19) = 2.752, p = 0.071) or female (F(3, 11) = 0.184, p = 0.905) G. pulex (Figure 5.7). In experiment
3, the ANCOVA analysis showed a marginally significant effect of treatment on lipid concentrations in
female G. pulex (F (2, 53) = 3.354, p = 0.043) but not males (F (2, 40) = 2.662, p = 0.082). However, post
hoc analyses on the female data did not show significant differences between any treatments (Figure
5.8).

Figure 5.7 Lipid content (mean±2SE) of G. pulex after 7 days’ exposure to fluoxetine (n=160)
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Figure 5.8 Lipid content (mean±2SE) of G. pulex exposed to fluoxetine after two weeks’ exposure
(n=60)

5.3.2.2.3 Ibuprofen
There was a significant difference in lipid levels of G. pulex exposed to different concentrations of
ibuprofen seen in male (F (3, 22) = 14.872, p<0.001) and female (F (3, 9) = 5.490, p = 0.020) samples
(Figure 5.9). Tukey post hoc tests revealed that in males, both the 2µg L-1 and 20 µgL-1 were significantly
lower than control values (p = 0.007 and <0.001 respectively) but were not significantly different to
each other (p = 0.615). Whereas in females, the only difference was seen between animals from the
0.02 µg L-1 and the significantly lower levels in animals exposed to 20 µg L-1 (p = 0.028).
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Figure 5.9 Lipid content (mean±2SE) of G. pulex after 7 days’ exposure to ibuprofen (n=160). **
significant difference between 2 µgL-1 and 20 µgL-1 and control and 0.02 µgL-1 male scores. * significant
difference between 0.02 µgL-1 and 20 µgL-1 female scores

5.3.2.2.4 Propranolol
The lipid content of G. pulex was significantly different between males exposed to propranolol (F (3,
19) = 9.406, p = 0.001). Post hoc (Tukey) test revealed the 0.5 µgL-1 and 5000 µgL-1 results to be
significantly lower than the 0.05 µgL-1 and control values (p = 0.017 and 0.008 respectively). There was
no significant difference between the lipid scores of females (F (3, 13) = 1.314, p = 0.312) (Figure 5.10).
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Figure 5.10 Lipid content (mean±2SE) of G. pulex after 7 days’ exposure to propranolol (n=160). *
significant difference between 0.5 µgL-1 and 5000 µgL-1 and control

5.3.2.2.5 Triclosan
There was no effect of triclosan on the lipid content of male (F (3, 17) = 1.033, p = 0.403) or female
(Welch’s F (3, 14) = 0.041, p 0.989) G. pulex at any concentration in the acute exposure (Figure 5.11).
Likewise, there was no significant effect of treatment on the lipid concentrations of either male (F (3,
51) = 0.120, p = 0.107) or female (F (3, 55) = 1.875, p = 0.145) in the chronic exposure (
Figure 5.12).
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Figure 5.11 Lipid content (mean±2SE) of G. pulex after 7 days’ exposure to triclosan (n=200). Solvent c
= solvent control
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Figure 5.12 Lipid content (mean ±SE) of G. pulex exposed to triclosan after two weeks’ exposure (n=80).
Solvent c = solvent control

5.3.3 Effects on reproductive behaviour
Impacts on reproductive behaviour may be evaluated by measuring the time taken for separated pairs
to regroup, or the frequency of paired individuals in a population. Both measurements were taken in
experiments 2 and 3.

5.3.3.1 Effect of one week’s exposure of PPCPs on pair separation

In trial 2, pairs took between 2 minutes and 3 hours and 40 minutes to reform. 100% of separated
pairs reformed, however, due to the variable number of pairs and very high variability in the data, no
statistical analyses were conducted on the effect of the chemicals. Data are included for information.
The duration of exposure (24 hours v 6 days) had a significant effect upon re-pairing time, t (14.324) =
3.362, p = 0.005 (
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Table 5.1).

Table 5.1 Time taken (minutes) for pairs to reform after exposure to various PPCP concentrations
Treatment (conc.)

Max re-pairing time (minutes)
24h
6d
n exposure
n
exposure

Control
Solvent control
Triclosan (300µg L-1)
Triclosan (3µg L-1)
Triclosan (0.03µg L-1)
Propranolol (5000µg L-1)
Propranolol (0.5µg L-1)
Propranolol (0.05µg L-1)
Fluoxetine (1µg L-1)
Fluoxetine (0.1µg L-1)
Fluoxetine (0.01µg L-1)
Ibuprofen (20µg L-1)
Ibuprofen (2µg L-1)
Ibuprofen (0.02µg L-1)
Diclofenac (10,000µg L-1)
Diclofenac (1µg L-1)
Diclofenac (0.01µg L-1)

5
5
0
3
4
3
2
3
1
5
2
3
3
0
3
4
1

95
103
55
50
220
108
95
120
10
10
56
28
75
90
5

3
3
2
3
0
0
1
2
4
3
7
1
0
0
5
2

7
9
15
10
15
25
15
15
45
35
30
25

5.3.3.2 Effect of two weeks’ exposure on pair separation
In experiment 3, a greater replicate size (n = 20) allowed differences between the number of males
paired over 600 seconds to be analysed with a Welch’s ANOVA.

5.3.3.2.1 Diclofenac exposure
Diclofenac concentration had a significant effect on the frequency of pairing over 600s (Welch’s F (2,
29.8) = 74.72, p<0.000). Pairing frequency significantly declined between animals in control, 0.1 µg L1

and 0.001 µg L-1 treatments, with all having significantly different scores to each other (p ≤ 0.001)

(Figure 5.13).
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Figure 5.13 Rate of pairing in G. pulex after 24 hours’ exposure to diclofenac concentrations. 
Control, 0.001 µg L-1,  0.1 µg L-1. n=60

5.3.3.2.2 Fluoxetine exposure
There was a significant difference amongst fluoxetine treatments (Welch’s F (2, 36.2) = 6.557, p =
0.004). Significantly fewer animals paired in the 0.001 µg L-1 concentration compared to the control (p
= 0.035) and 0.1 µg L-1 concentration (p = 0.012). There was no significant difference between the
control and the 0.1 µg L-1 treatments (p = 0.905) (Figure 5.14).
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Figure 5.14 Rate of pairing in G. pulex after 24 hours’ exposure to fluoxetine concentrations.
 Control, 0.001 µg L-1,  0.1 µg L-1. n=60

5.3.3.2.3 Triclosan exposure
In the triclosan exposures, there was significant effect of the treatments (Welch’s F (3, 40.49) = 20.112,
p<0.000). Intermittently, pairs separated, but most pairs remained in PCMG once paired. Post hoc
tests revealed this to be between the control/0.001 and the significantly lower scores of the solvent
control/0.1 (p = 0.001 and <0.000 respectively). There were no significant differences between these
two groups (Figure 5.15).
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Figure 5.15 Rate of pairing in G. pulex after 24 hours’ exposure to triclosan concentrations.  Control,
 solvent control,  0.001 µg L-1,  0.1 µg L-1. n=80

5.3.3.3 Effect of PPCPs on pairing frequency
There were some significant effects of high concentrations of chemicals (experiment 2) but not lowlevel exposures (experiment 3). The effects of treatments in experiment 2 are presented first.

5.3.3.3.1 Diclofenac
A total of 171 G. pulex were assigned to treatments of low (0.01 µg L-1), high (1 µg L-1) and very high
(10,000 µg L-1) diclofenac. The analysis of the data showed that treatment had a significant, negative,
effect on the likelihood of pairing (p<0.001), but duration of exposure did not (p = 0.590). The logistic
regression model was statistically significant, χ2(6) = 63.517, p<0.0005. The model explained 18.8%
(Nagelkerke R2) of the variance in pairing frequency. The pairing frequency in the control treatment
was significantly greater than that in the low and very high concentrations (p = 0.004 and <0.001
respectively) but not significantly different to the high concentration (p = 0.186) (Figure 5.16).
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Figure 5.16 Frequency of paired G. pulex after 6 days’ exposure to diclofenac. Concentrations = low
(0.01 µg L-1), high (1 µg L-1) and very high (10,000 µg L-1). n=171

5.3.3.3.2 Fluoxetine
A total of 121 G. pulex were distributed in concentrations of low (0.01 µg L-1), high (0.1 µg L-1), and very
high (1 µg L-1) fluoxetine. Logistic regression showed that fluoxetine treatments had a significant
inhibitory effect on the likelihood of pairing (p<0.001), but duration of exposure did not (p = 0.847).
The regression was statistically significant, χ2(6) = 29.633, p<0.0005 with a Nagelkerke R2 of 0.095. The
pairing frequency in low, high and very high concentrations was significantly less to that in the control
treatment (p<0.001, p = 0.035, and p = 0.001 respectively) (Figure 5.17).
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Figure 5.17 Frequency of paired G. pulex after 6 days’ exposure to fluoxetine. Concentrations = low
(0.01 µg L-1), high (0.1 µg L-1), and very high (1 µg L-1). n=121

5.3.3.3 3 Ibuprofen
A total of 147 G. pulex were distributed in concentrations of low (0.02 µg L-1), high (2 µg L-1), and very
high (20 µg L-1) ibuprofen. Analysis by logistic regression showed that ibuprofen concentration had a
significant negative effect on the likelihood of pairing (p<0.001), but, again, time was not a significant
effect (p = 0.918). The regression was statistically significant, χ2(6) = 31.720, p<0.0005 with a
Nagelkerke R2 of 0.095. The pairing frequency in low, high and very high concentrations was
significantly lower to that in the control treatment (p<0.001, p = 0.001, and p = 0.001 respectively)
(Figure 5.18).
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Figure 5.18 Frequency of paired G. pulex after 6 days’ exposure to ibuprofen. Concentrations = low
(0.02 µg L-1), high (2 µg L-1), and very high (20 µg L-1). n=147

5.3.3.3.4 Propranolol
A total of 86 G. pulex were distributed between concentrations of low (0.05 µg L-1), high (0.5 µg L-1),
and very high (5000 µg L-1) propranolol. Binary logistic regression revealed that the effect of
concentration was significant (p<0.001), and, again, time was not (p = 0.120). The regression was
statistically significant, χ2(6) = 41.152, p < 0.0005, with a Nagelkerke R2 of 0.169. The pairing frequency
in the control treatment was significantly higher than that in the low and very high concentrations (p
= 0.044 and <0.001 respectively) but not compared to the high concentration (p = 0.059) (Figure 5.19).
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Figure 5.19 Frequency of paired G. pulex after 6 days’ exposure to propranolol. Concentrations = low
(0.05 µg L-1), high (0.5 µg L-1), and very high (5000 µg L-1). n=86

5.3.3.3.5 Triclosan
A total of 68 G. pulex were distributed between concentrations of (0.03 µg L-1), high (3 µg L-1), and very
high (300 µg L-1) triclosan. After 24 hours, all animals in the very high concentration were dead so this
concentration was excluded from the regression analysis. Between the remaining treatments, the
regression between pairing frequency, concentration and time was not significant (χ2(6) = 4.108, p =
0.534 (Figure 5.20).
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Figure 5.20 Frequency of paired G. pulex after 6 days’ exposure to triclosan. Concentrations = low (0.03
µg L-1), high (3 µg L-1), and very high (300 µg L-1). n=68

5.3.3.3.6 Effect of 2 weeks’ exposure to PPCPs on pairing frequency
In trial 3, after 14 days’ exposure to the treatment solutions, there were few pairs left in any treatment
and some with none at all (Figure 5.21). Therefore, the 14 day pair frequency was excluded from the
analysis. With all compounds, the regression model was significant; though this was due to a significant
effect of time (pair frequency declining with time) rather than concentration of treatment, for which
there were no significant effects (

Nagelkerke R2

Chemical

Effect

Wald

df

p

Regression

Diclofenac

Time

7.942

2

0.019

χ2(4) = 13.075, p = 0.011 0.123

Treatment 4.880

2

0.087

13.915 2

0.003

Fluoxetine

Time

χ2(4) = 17.310, p = 0.004 0.108
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Treatment 2.379
Triclosan

Time

2

0.304

16.303 2

0.001

Treatment 1.840

3

χ2(5) = 21.147, p = 0.002 0.105

0.606

Table 5.2).

SC solvent control, Dicl 0.001 = 0.001µg L-1 diclofenac; Dicl 0.1 = 0.1µg L-1 diclofenac; Fluox .001 = 0.001µg L-1 fluoxetine;
Fluox 0.1 = 0.1µg L-1 fluoxetine; Tric 0.001 = 0.001 µg L-1 triclosan; Tric 0.1 = 0.1 µg L-1 triclosan

Figure 5.21 Percentage of G. pulex pairs remaining for up to 14 days after continuous exposure to
various PPCPs. n= 160

Nagelkerke R2

Chemical

Effect

Wald

df

p

Regression

Diclofenac

Time

7.942

2

0.019

χ2(4) = 13.075, p = 0.011 0.123

Treatment 4.880

2

0.087
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Fluoxetine

Time

13.915 2

Treatment 2.379
Triclosan

Time

0.003

2

0.304

16.303 2

0.001

Treatment 1.840

3

χ2(4) = 17.310, p = 0.004 0.108

χ2(5) = 21.147, p = 0.002 0.105

0.606

Table 5.2 Logistic regression predicting likelihood of pairing based on time and treatment
(Treatment refers to control, solvent control (in triclosan assay), 0.001 and 0.1 µg L-1 concentrations of chemical)

5.3.3.4 Moulting frequency
Binomial logistic regression analysis was used for each compound to ascertain the effect of
concentration and time on moulting frequency in experiments 2 and 3. No compounds showed a
statistically significant (p < 0.05) regression (data not shown).

5.3.4 Effects of PPCPs on egg production
5.3.4.1 Effect on brood size
A total of 2053 embryos from 111 females were analysed for effects on reproductive parameters. The
relative brood size (number of embryos normalised for body weight) was significantly different in G.
pulex exposed to triclosan versus controls. Post hoc (Tukey) tests showed a significantly lower brood
size in the females exposed to 0.1µg L-1 concentration compared to control and 0.001 triclosan µg L-1
(p = 0.002 and 0.003 respectively) though marginally not significantly different to solvent control (p =
0.051). Only 5 females in the 0.1µg L-1 triclosan concentration were found to be ovigarous – at least
50% less than any other treatment. Solvent control brood size was not significantly different to any
other scores, nor was there any significant difference seen between any other treatments (SC solvent
control, Dicl 0.001 = 0.001µg L-1 diclofenac; Dicl 0.1 = 0.1µg L-1 diclofenac; Fluox .001 = 0.001µg L-1 fluoxetine; Fluox 0.1 =
0.1µg L-1 fluoxetine; Tric 0.001 = 0.001 µg L-1 triclosan; Tric 0.1 = 0.1 µg L-1 triclosan

Figure 5.22).
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SC solvent control, Dicl 0.001 = 0.001µg L-1 diclofenac; Dicl 0.1 = 0.1µg L-1 diclofenac; Fluox .001 = 0.001µg L-1 fluoxetine;
Fluox 0.1 = 0.1µg L-1 fluoxetine; Tric 0.001 = 0.001 µg L-1 triclosan; Tric 0.1 = 0.1 µg L-1 triclosan

Figure 5.22 Relative brood size (mean ± 2SE) in G. pulex after 2 weeks’ exposure to various PPCPs.
*denotes significant difference to other treatments (p < 0.05). Numbers on bars denote number of
females sampled

5.3.4.2 Effects on egg volume
The average volume of individual embryo (normalised for body weight) was not significantly different
between any treatments and controls (SC solvent control, Dicl 0.001 = 0.001µg L-1 diclofenac; Dicl 0.1 = 0.1µg L-1
diclofenac; Fluox .001 = 0.001µg L-1 fluoxetine; Fluox 0.1 = 0.1µg L-1 fluoxetine; Tric 0.001 = 0.001 µg L-1 triclosan; Tric 0.1 =
0.1 µg L-1 triclosan

Figure 5.23).
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SC solvent control, Dicl 0.001 = 0.001µg L-1 diclofenac; Dicl 0.1 = 0.1µg L-1 diclofenac; Fluox .001 = 0.001µg L-1 fluoxetine;
Fluox 0.1 = 0.1µg L-1 fluoxetine; Tric 0.001 = 0.001 µg L-1 triclosan; Tric 0.1 = 0.1 µg L-1 triclosan

Figure 5.23 Embryo volume (mean± 2SE) in female G. pulex after 2 weeks’ exposure to various
pharmaceuticals. Numbers on bars describe number of embryos measured

5.3.4.3 Effect on clutch volume
The total volume of all embryos held by each female (µL mg body weight-1) was significantly different
in females exposed to triclosan (F (3, 45) = 6.711, p = 0.001, ω2 = 0.259). Tukey post hoc tests showed
embryos from the 0.1µg L-1 concentration were significantly smaller (p<0.05) than controls and
0.001µg L-1. There was no other significant effect seen in other treatments (Figure 5.24).
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SC solvent control, Dicl 0.001 = 0.001µg L-1 diclofenac; Dicl 0.1 = 0.1µg L-1 diclofenac; Fluox .001 = 0.001µg L-1 fluoxetine;
Fluox 0.1 = 0.1µg L-1 fluoxetine; Tric 0.001 = 0.001 µg L-1 triclosan; Tric 0.1 = 0.1 µg L-1 triclosan.

Figure 5.24 Relative clutch volume (mean ± 2SE) in G. pulex after 2 weeks’ exposure to various PPCPs.
*denotes significant difference to other treatments (p<0.05). Numbers on bars denote the number of
embryos measured

5.3.3.4 Effects on embryo development
A Kruskal-Wallis H test was run to determine if there were differences in scores of developmental
stages between treatments. Median ‘stage’ scores were statistically significantly different in the
triclosan treatments, χ2(3) = 10.769, p = 0.013. Subsequently, pairwise comparisons were performed
using Dunn's (1964) procedure with a Bonferroni correction for multiple comparisons. Adjusted pvalues are presented. This post hoc analysis revealed statistically significant differences in ‘stage’
scores between the 0.1 µg L-1 triclosan treatment (Mdn = 1) and solvent control (Mdn = 4) (p = 0.014)
groups, but not between the control (Mdn = 3) or any other group combination (Figure 5.25). A Fisher’s
exact test comparing the frequency of ‘low’ (stages 1-3) and ‘high’ (stage 4 and 5) embryo stages did
not detect any significant differences between treatments.
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SC solvent control, Dicl 0.001 = 0.001µg L-1 diclofenac; Dicl 0.1 = 0.1µg L-1 diclofenac; Fluox .001 = 0.001µg L-1 fluoxetine;
Fluox 0.1 = 0.1µg L-1 fluoxetine; Tric 0.001 = 0.001 µg L-1 triclosan; Tric 0.1 = 0.1 µg L-1 triclosan

Figure 5.25 Distribution of embryo stages seen in G. pulex after 2 weeks’ exposure to various PPCPs.
*denotes significant difference to solvent control (SC) p = 0.014. Upper and lower limits of box
represent 75% and 25% quartile respectively, bars represent range of values

5.4 Discussion
Previous studies (Chapter 4) had shown that pharmaceuticals at environmentally relevant
concentrations can have impacts on motile behaviours, namely activity and phototaxis, as well as toxic
effects. The aim of this series of trials was to evaluate if there would be consequences on energy
reserves as a result of changes in activity, or vice versa. Furthermore, apart from motile behaviours,
reproductive behaviour is a useful indicator of an organisms fitness (Blockwell et al., 1999) as well as
being sensitive to toxic interference (Pascoe et al., 1994). These two variables, energy reserves and
reproductive behaviour, may have repercussions on reproductive output as well as there being direct
effects of toxicants on offspring (Conradi & Depledge, 1998). This, then, was the context of this
investigation.
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5.4.1 Glycogen
Glycogen levels were significantly higher in males than females, agreeing with other studies (Plaistow
et al., 2003a) and hypothesised to be caused by males needing greater immediate energy for processes
such as mate selection and guarding. Recorded concentrations were similar to those found in other
amphipod species (Graney & Giesy, 1986; Ribeiro et al., 2001) which were approximately 10 fold less
than lipid concentrations, possibly reflecting the relative importance of the two substrates as an
energy source. There was no significant effect of pharmaceuticals on glycogen content.
The impact of sub-lethal toxicity on glycogen reserves is not consistent amongst the literature.
Decreased levels are recorded in amphipods exposed to PCP (Graney & Giesy, 1986), pesticides
(Ribeiro et al., 2001), fungicides (Vu et al., 2015) and heavy metals (Sornom, 2012). Negative effects
have also been described in other toxicant stressed invertebrates (e.g. Campos et al., 2012a; Emre et
al., 2013; da Silva Souza et al., 2014). Conversely, increased levels have also been observed
(Bhagyalakshmi et al., 1984), and Holmstrup et al. (2011) found lower glycogen levels after exposure
to some heavy metals, but no effect from others. Moreover, there was no statistically significant
impact on glycogen after exposing Gammarus fossarum to a mixture of pharmaceuticals (Dietrich et
al., 2010a), fungicides (Sancho et al., 2009), treated wastewater (Bundschuh et al., 2011c), or
contaminated waters (Schill & Köhler, 2004).
Dietrich et al. (2010a) suggested a limitation of statistical power as being a factor in not finding
significant results in their study due to high variability of the data. This could be the case in the results
of experiment 1. Most factors reported to influence glycogen levels such as nutritional status (Duarte
et al., 2011), size (Prenter et al., 2006), temperature (Hochachka & Somero, 2002), sex, and parasite
burden (Plaistow et al., 2003a) were controlled for, but variation in moult status may have influenced
results (Charron et al., 2014). Glycogen is reported to be utilised for short-term energy costs (Plaistow
et al., 2001) so it is possible that after 3 weeks’ exposure any effects were compensated. Some
exposure periods in other studies have been briefer (e.g. 24 hours - Sornom (2012); 10 days - Campos
et al. (2012a); 15d - Graney and Giesy (1986) but others have been of equal duration (i.e.; 21d (Ribeiro
et al., 2001) and repeated measure studies have reported no effect or interaction of time (Dietrich et
al., 2010a), so while it is unlikely that the exposure period was too long, this could be investigated in
future trials.
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5.4.2 Lipid
Across all experiments there was a significant effect of sex, with ovigarous females having the greatest
levels, followed by males, then non-ovigarous females - as reported in other studies (e.g. Plaistow et
al., 2001; Gismondi et al., 2012). The highest levels are assumed to be due to the greater concentration
of vitellogenin in breeding females. Several ecotoxicological studies report that males are more
sensitive to environmental stressors than females (Plaistow et al., 2001; Bustos-Obregon & Goicochea,
2002; Medina et al., 2002) which may cause a difference in energy consumption. However, the
difference appears to vary with the stressor as other investigations report a greater sensitivity in
females (McCahon & Pascoe, 1988c; Hoback & Barnhart, 1996), or no difference at all (Gale et al.,
2006), which presumably reflects the mode of action of the stressor. In the current investigation, some
exposures to the NSAIDs ibuprofen and diclofenac, as well as propranolol, showed significant effects
on energy reserves of males but not females whilst other toxicants showed no differentiation, which
demonstrates the importance of using both sexes in evaluating toxicity.
The range of lipid contents found were very similar to those reported for other amphipod species
(Graney & Giesy, 1986; Lotufo et al., 2001; Ribeiro et al., 2001), but approximately 50% less than those
reported by Ashauer et al. (2010). However, similar differences have been found in response to
variables such as seasonality and food availability in amphipods (Gee, 1988). Based on the results of
experiment 1, pharmaceuticals, at the doses tested, have no detectable effects on the lipid levels of
G. pulex. However, lipid reserves can be influenced by a number of factors including developmental
stage, moulting and season (Lease & Wolf, 2011; Becker et al., 2013; Charron et al., 2014) which may
have masked results. The aim of increasing the highest dose to toxic levels in experiment 2 was to
precipitate a measurable stress response in terms of lipid catabolism; and indeed this appeared to be
achieved, with a notable decrease in lipid content seen at some of the highest concentrations. Graney
and Giesy (1986) attributed the lipid changes they found in response to pentachlorophenol (PCP) to
detoxificiation. In a thorough review of stress metabolism in invertebrates, Sokolova et al. (2012)
identify that at concentrations approaching lethal levels, homeostasis is disrupted to such a degree
that even short-term survival depends on plundering “emergency” reserves. Lee et al. (1981),
investigating the response of the marine amphipod Amphitoe valida to water soluble fractions of fuel
oil, found reduced lipid levels in after 6 days of exposure. However, this change was only found in the
highest concentration (25%) which also sustained mortalities of 50%. Interestingly, there were lower
lipid contents found at lower doses, but only after 5 weeks of recovery in clean conditions. This delayed
effect is seen elsewhere: lipid content was consistently lower in amphipods exposed to PCP compared
to controls (Graney & Giesy, 1986), but only after 45 days was the difference significant (and even then
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only in the highest and lowest concentrations). The assay of Meador (1993) on lipid content of
cadmium exposed amphipods ran for 16 weeks. Significant reduction in lipid levels were found in the
marine amphipod Allorchestes compressa after 6 weeks’ exposure to fungicides (Vu et al., 2015). A
lipid reduction of 22% compared to controls was found in G. fossarum after 28 days’ exposure to
secondary treated wastewater (Bundschuh et al., 2011c). After 21 days, amphipods fed leaves
contaminated with the pesticides endosulfan and parathion showed significantly lower lipid levels
(Ribeiro et al., 2001). In the current investigation, a longer duration of exposure (14 days) was explored
in experiment 3, but again there was no effect on lipid concentration with the possible exception of
diclofenac.
Diclofenac, like other NSAIDs, inhibits the activity of the enzyme cyclooxygenase (COX), responsible
for transforming 20 C fatty acids (notably arachidonic acid) into complex, bioactive fatty acids
collectively called eicosanoids (such as prostaglandins). Eicosanoids are involved in a range of
physiological processes including reproduction (Stanley, 2006) and most pertinently oogenesis and
vitellogensis (Atella et al., 2005) – a significant use of lipid reserves (Gismondi et al., 2012). It is by
interfering with this process that Heckmann et al. (2007) attributed ibuprofen’s (another NSAID) ability
to inhibit Daphnia reproduction after 14 days at 13.4mg L-1. Whilst these levels are far higher than the
concentrations used in the current trials, it is interesting that lipid levels declined after exposure to
both NSAIDs (though primarily in males). Their direct effect on reproduction and embryo investment
will be investigated subsequently.
Overall, given the very complex relationship between lipid concentrations and moulting and
reproduction, and the results of the current experiments, it is suggested that lipid concentrations may
be too subtle an endpoint on which to see anything but toxic effects of PPCPs (for which, clearly, there
are more obvious measurements such as mortality). Certainly Graney and Giesy (1986) conclude lipid
reserves were not the best measure of stress; moreover, amphipods from contaminated waters where
stress proteins (hsc/hsp70) indicated a clear stress response showed no change in lipid levels (Schill &
Köhler, 2004). Similarly, lipid content was unaffected in amphipods from contaminated sediments
(Landrum et al., 1989) or DDT (Lotufo et al., 2001), nor in Daphnia exposed to fluoxetine (Campos et
al., 2012a). Moreover, the scarcity of any other studies on the impact of a PPCP on lipid content of an
invertebrate may reflect a limited correlation.
Since the catabolism of lipids indicates a metabolic shift from the use of short term energy reserves,
the ratio of lipid:glycogen could, in future studies, be taken as a measure of the depletion of glycogen.
However McKee and Knowles (1986) found it a less sensitive bioindicator than reproduction itself in
pesticide exposed Daphnia.
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5.4.3 Pre-copulatory mate guarding (PCMG)
The results of experiments 2 and 3 show effects on PCMG including inhibition and prevention. PCMG
is energetically very costly (Plaistow et al., 2003a) so if the lipid/glycogen results had indicated a
reduction in energy reserves this would have added a potential variable on pairing frequency.
However, since there was no clear impact on energy reserves (with the possible exception of
diclofenac) the PCMG results can be assumed to be directly due to chemical exposure. The reason for
all pairing declining after 7-14 days (including controls) is presumably a reflection of the natural
moulting process explained previously: typical duration of PCMG was found by Gross et al. (2001) to
be around 9 days.
The effect of NSAIDs on PCMG has not been specifically studied before, though a mix of PPCPs
including diclofenac and ibuprofen (100ng L-1) had no effect on the number of paired Hyalella azteca
over several generations (Borgmann et al., 2007). The reduction in pair frequency seen in
concentrations of 10,000 µg L-1 diclofenac (experiment 2) is likely to be a toxic effect: potentially sublethal toxicity has been seen at concentrations of 10 µg L-1 in Echinogammarus marinus (Guler & Ford,
2010) and mortalities of around 70% were observed at 10,000µg L-1 (Table 4.7). Unfortunately, though
the omnibus Fisher’s exact test showed significant effects of ibuprofen treatment in experiment 2,
post hoc comparisons did not (largely due to the conservative Bonferroni correction). Of more interest
are the effects at low concentrations of 0.01 µg L-1 (experiment 2) and 0.1 µg L-1 (experiment 3). There
was no significant reduction in energy levels at these concentrations so if that is discounted as a
confounding effect the compounds themselves may be responsible for the decrease. NSAIDs,
specifically COX-2 inhibitors, are known to inhibit ovulation in mammals (Gaytan et al., 2006).
Furthermore, prostaglandins, which NSAIDs reduce, are known to play a role in oocyte maturation in
zebrafish (Danio rerio) (Lister & Van Der Kraak, 2008) and are implicated in invertebrate spawning
mechanisms (Hurtado et al., 2009). Environmentally relevant concentrations of ibuprofen have had
effects on several reproductive biomarkers in medaka (Oryzias latipes) (Flippin et al., 2007; Han, Choi,
Kim, Ji, Kim, Ahn, Yun, Choi, Khim, & Zhang, 2010) and marine invertebrates (Mohd Zanuri et al., 2017).
Also, male mussels (Mytilus galloprovincialis) showed significant signs of feminisation after 15 days’
exposure to 250ng L-1 ibuprofen, which the authors suggest may lead to reproductive fitness
impairment and identifies the NSAID as an endocrine disruptor (Gonzalez-Rey & Bebianno, 2012).
There is some evidence, then, to support the suggestion that NSAIDs may affect female and male
reproductive capacity and there may be effects on both sexes in experiments 2 and 3. However, in
experiment 3, any initial impacts on PCMG can only be attributed to effects on the males: the females
had been maintained in fresh water. The mechanism of this effect is unclear, insofar as whether the
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effect is on endocrine or reproductive fitness, or chemosensory inhibition (mate detection) (Dixon &
Shaw, 2011). Future studies should increase the replication of exposures to allow greater power in the
analyses, and could include male reproductive measurements such as sperm viability or endocrine
indicators such as androgenic hormone (Charniaux-Cotton, 1965; Charniaux-Cotton & Payen, 1988) or
even, perhaps, testosterone (Lewis et al., 2015).
The effects of fluoxetine on reproductive behaviour of amphipods has not been investigated to date.
In fish, male fathead minnow (Pimephales promelas) showed reduced mating behaviour when these
were exposed to chronic fluoxetine concentrations of 1 and 100 μg L-1 (though no differences were
found at 10 μg L-1) (Weinberger Ii & Klaper, 2014). Sediment levels of 0.001, 0.03, 0.3 and 3.3 µg g-1
resulted in a delay or inhibition of copulation in the polychaete Capitella teleta (Méndez et al., 2013).
Amongst gastropod species, there are several reports of a biphasic response; stimulating reproductive
behaviour at concentrations of 0.01-30 μg L-1 and inhibiting it at levels over 100 μg L-1 (Gust et al.,
2009; Sánchez-Argüello et al., 2009; Luna et al., 2013). In their review of the aquatic toxicology of
fluoxetine, Brooks et al. (2003) concluded that the SSRI stimulated H. azteca reproduction, though not
significantly. Fluoxetine’s ability to influence other crustacean behaviour is, however, more
established (for an excellent review, see Fong & Ford, 2014). Any change in PCMG is likely to be a
combination of fluoxetine’s effects on physical activity and its influence on the endocrine system. In
this thesis and other studies (De Lange et al., 2006a; Guler & Ford, 2010; Bossus et al., 2014) fluoxetine
in low concentrations has been shown to increase amphipod activity. On the other hand, amphipod
reproduction appears much less influenced by fluoxetine than other crustaceans’ (Péry et al., 2008;
Campos et al., 2012a; Campos et al., 2016). It is possible, therefore, that hyperactivity reduced the
intraspecific interaction and thereby reduced the mate-guarding seen in the current results.
The non-monotonic effects of fluoxetine have been reported in many studies (see Ford & Fong, 2015),
and while the evidence in experiments 2 and 3 is not conclusive, amphipods in very low concentrations
of 0.01 µg L-1 (experiment 2) and 0.001 µg L-1 (experiment 3) did show significantly fewer PCMG than
controls, which was not the case in higher concentrations.
The only significant effect of propranolol in PCMG was seen in concentrations of 5000 µg L-1. Though
this is substantially less than nominal lethal concentrations recorded in other amphipod species
(29,800 µg L-1 in H. azteca; Hugget et al., 2002), it is still thought to be an indication of toxicity.
Concentrations of 100 µg L-1 reduced respiration (Oskarsson et al., 2012) and activity (Wiklund et al.,
2011) in marine amphipods, and mortality levels of 80-86% were observed at this concentration (table
4.8, Chapter 4).
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The apparent lack of a direct effect of triclosan on reproductive behaviour is consistent with the
literature. Triclosan’s mechanism of action is broadly cytotoxic (Matozzo et al., 2012), although there
are reports of metabolites of the compound being weekly estrogenic in medaka (Ishibashi et al., 2004).
There is considerable research on the effects of triclosan on reproduction, but this is in terms of output
and success (rather than behaviour per se) and this will be discussed subsequently.

5.4.4 Moulting
The lack of measurable impact of the PPCPs on moulting frequency was not expected. Ecdysis in
Crustacea is largely mediated by the endocrine system through a complex interaction of steroids with
some involvement of peptide hormones (Rodriguez et al., 2007). Therefore, where environmental
contaminants have been found to affect moulting it is not straightforward to attribute causality, but
alternatives include competitive inhibition at the ecdysteroid receptor site (Zou & Fingerman, 1997)
or toxic inhibition of the endocrine process (Gismondi & Thomé, 2014). Furthermore, it is well
established that stress itself increases the intermoult period (Mclusky, 1967; Willoughby & Sutcliffe,
1976). So it is not surprising to find a wide range of reported effects on moulting in the literature. Wigh
et al. (2017) found WwTW effluents (containing, amongst other PPCPs, relatively high levels of
diclofenac and propranolol) to slow down the moult cycle in G. fossarum, which they suggested was
due to toxic effects. Gross et al. (2001) inferred an inhibition of moulting (from evidence of size and
vitellogenin synthesis) on G. pulex downstream of WwTW. On the other hand, Dietrich et al. (2010a)
reported an increase in the frequency of moulting (attributed to a reduced intermoult period), in G.
fossarum exposed to a PPCP mixture (again, including diclofenac). Exposure to well-known endocrine
disrupters such as nonylphenol have sometimes had no effect on moulting (Brown et al., 1999) but
other times inhibited it (Geffard et al., 2010). Therefore, the lack of a clear effect on moulting of the
PPCPs tested in the current investigation is not without precedent. Also, the duration of the exposure
period should have been longer to see clear patterns – the assay of Dietrich et al. (2010a) lasted for
100 days and Gross et al. (2001) sampled Gammarus that presumably had been exposed to the effluent
for some time. Geffard et al. (2010) stipulates the duration of an assay investigating moulting
endpoints to be over 21 days, though the exposure of Wigh et al. (2017) was only 10 days.
Nevertheless, from the evidence of the current study’s results the null hypothesis (H2) is accepted;
there was no effect of the pharmaceuticals tested on moulting frequency.
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5.4.5 Egg production
Triclosan was the only PPCP observed to have a significant effect on egg production in G. pulex. A
concentration of 0.1µg L-1 was associated with significant reduction in the relative clutch volume due
to a reduction in the number of embryos rather than their size, which was not significantly different
between treatments.
The quantity of embryos that can be held by a female amphipod in her brood pouch is a function of
their size, so the number of embryos is generally inversely proportional to their developmental stage
(Ford et al., 2003b). Had the embryos collected from females in 0.1µg L-1 triclosan been of ‘late’
developmental stages it would have been difficult to distinguish whether this was a product of the
chemical or the selective brooding of the females. However, the was not the case; the embryos were
of ‘early’ stages so the effect on brood size is unambiguous. The cause of the effect, however, remains
unclear. Energy diverted into coping with toxins is known to reduce reproductive effort (Calow, 1989),
but there was no evidence of diminished energy levels in triclosan exposed females, and the size of
the embryos was unaffected. Neither was there any impact on the reproductive behaviour of exposed
males. Alternatively, female amphipods are also reported to reject non-viable eggs (Dick et al., 1998)
so if the quality of the eggs was affected this may result in an apparent reduction in brood size. Egg
viability could be compromised from a toxic impact on the embryos or on the sperm. Fertilisation of
sea urchin (Strongylocentrotus nudus) eggs were significantly decreased after the sperm was exposed
to 145μg L-1 triclosan (Hwang et al., 2014). Further studies are required to clarify this effect at much
the lower concentrations of this study. Similarly, the likelihood of a toxic effect on embryos needs
further investigation. During development, embryos uptake liquid from the surroundings (Sheader,
1996) and therefore toxic compounds in this liquid may lead to egg deformities (Dietrich et al., 2010a).
Though not previously studied in amphipods, triclosan’s toxicity appears to vary between species.
Acute exposure to 1, 10, and 100 μg L-1 had no effect on the brood size or survivorship of neonate
Daphia pulex (Flaherty & Dodson, 2005). Effects on fertility and brood size in fish are seen in
concentrations ranging from 34.1 – 313μg L-1 (Ishibashi et al., 2004; Tatarazako et al., 2004; Capdevielle
et al., 2008). Nevertheless, these concentrations are clearly far higher than the levels showing effects
in experiment 3. On the other hand, the EC10 of H. azteca (survival), at 50μg L-1, is comparatively low,
too (Dussault et al., 2004 in Capdevielle et al., 2008). Though there were no embryos found at ‘later’
developmental stages in females incubated in 0.1μg L-1 triclosan, it is speculative to interpret too much
from this observation given that the number of ovigarous females was so small (n=5) – a proportion
at least 50% less than any other treatment (however, this in itself is a result that would benefit from
further experimentation).
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There was no effect of diclofenac nor fluoxetine on embryo size, number or development. It was
thought that the significant effect on lipid reserves might have ramifications for egg production but
this was not the case. Though a wider reproductive effect of the NSAID might have been expected
(given their previously discussed inhibition of eicosanoids), comparisons with other results must be
inferred from studies broadly involving diclofenac as no single exposure assays on amphipods have
been investigated to date. After a 10 day incubation in effluent, which contained diclofenac at
concentrations of 0.175- 0.383 µg L-1, Wigh et al. (2017) reported relative brood size of G. fossarum to
be reduced seven fold, with the number of deformed embryos so prevalent that they could not be
assessed for developmental stage. However, with further study they concluded that the reproductive
impairment could not be due to diclofenac. In another study on a pharmaceutical mixture containing
diclofenac at 0.1 µg L-1, Borgmann et al. (2007) only found a small, but non-significant, reduction in
survival and number of young. Similarly, after exposure to mixtures containing 0.36 µg L-1 and 1mg L-1
diclofenac, there was no effect on the number of offspring in G. fossarum, and none of the other
reproductive measurements (a slightly quicker time of development, a slight increase in brood loss,
and marginally smaller offspring) were significantly different to controls (Dietrich et al., 2010a). Taking
the conclusions of these studies with the results of experiment 3 it would appear there is no effect of
environmental concentrations of diclofenac on amphipod egg production in these cases.
As with triclosan, the effects of SSRIs on reproduction vary widely between species. After reviewing
47 studies of 50 aquatic invertebrate species, Péry et al. (2008) concluded that the information was
contradictory but LOECs ranged from 36 – 447 μg L-1. More recently, in D. pulex, Wolfe et al. (2015)
found that fluoxetine enhanced offspring production at 1 μg L-1, though it was inhibited in
Ceriodaphnia dubia at 447 μg L-1 (Henry et al., 2004). In the mussel, M. galoprovicialis, sertraline levels
of 0.1μg L-1 induced small decreases in normal larval development (Estévez-Calvar et al., 2017). Lazzara
et al. (2012) found a concentration dependant reduction in oocyte and spermatozoon density in zebra
mussel, Dreissena polymorpha, exposed to concentrations between 20 and 200 ng L-1. Conversely,
Fong (1998) found these concentrations increased the spawning frequency in male D. polymorpha and
non-motile sperm were not detected until concentrations of 1.54mg L-1 were reached. A clearly
hormetic response was reported in the gastropod Physa acuta: Sánchez-Argüello et al. (2009) found a
stimulation of reproduction in the snail at lower fluoxetine concentrations and got the opposite effect
at higher concentrations. In terms of reproductive effects, amphipods appear more resistant to SSRIs:
After one month of fluoxetine exposure, no differences were found in the reproduction of H. azteca
at 4 - 100 µg L-1 (Péry et al., 2008). Brooks et al. (2003) found that concentrations of fluoxetine from
1.4 – 22.4 µg L-1 seemed to increase the brood size of female H. azteca, though the effect was not
statistically significant nor did it relate to concentration. Neither does a hormetic effect seem likely;
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the brood size of Gammarus locusta was unaffected in a range of concentrations from 40-1000ng L-1
(Lopes, 2015). Therefore, the results of experiment 3 would support the conclusions of these studies:
that there is no effect of fluoxetine at environmentally relevant concentrations on amphipod egg
production.
The general patterns and observations in egg production, particularly when taken with other
reproductive measurements taken in this study, highlight the benefit of gathering a wide series of
parameters when assessing reproductive effects. There have been repeated observations of the close
relationship between energy reserves and reproductive output (Calow & Sibly, 1990; Maltby, 1994,
1995): the results of this study – an absence of significant effects on energy reserves at low
concentrations and an overall lack of effects on reproduction – do not contradict this pattern.
A subsidiary objective of the experiment was to establish whether the egg number or the egg quality
(stage and volume) is a more sensitive biometric. The results showed that PPCP affected egg number
more than egg size, however the latter is a useful tool in describing the total clutch ‘effort’. Knowing
both is also useful in inferring effects on life history strategies (Campos et al., 2012a). Furthermore,
some chemicals have been shown to affect amphipod embryos in one measurement but not others
(Lawrence & Poulter, 2001).
Bundschuh and Schulz (2011a) suggested a link between reproductive potential and PCMG, and
historically studies have emphasised its relevance as an indication of population growth (Conlan, 1991;
Postaski et al., 2013), but the results of the current study do not encourage this connection.
Treatments that affected pairing had no effect on egg production and vice versa. This interesting
phenomena is not well represented in the literature, indeed, despite a long history of PCMG
experiments, there is a surprising paucity of studies linking it with reproductive output. Poulton and
Pascoe (1990) found no link between egg production and separation time in cadmium exposed G.
pulex. Twenty years later, Galipaud et al. (2010) asserted that it is simply not known if PCMG has an
effect on female brood size, but the data from their experiment showed no correlation. Potentially,
then, the action of triclosan, fluoxetine and diclofenac could be used to answer a much wider question
– are impacts on reproductive output reflected in guarding propensity?
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5.5 Conclusions
This study has demonstrated the effect of specific PPCPs on energy content in G. pulex as well as
investigating impacts on major energy-requiring processes. In conclusion, PPCPs appear to have an
effect on lipid reserves at higher concentrations but no apparent effect on glycogen (H1). This could
have profound implications for the fitness of individuals and populations (Koop et al., 2008). There
was no measured effect on moulting frequency (H2), which in itself prompts further research to explain
why. Reproductive behaviour was disrupted at sub-lethal concentrations of diclofenac and fluoxetine
(H3) which has clear repercussions, both in the regulatory thresholds of these chemicals and in the
wider investigation of these behaviours within ecotoxicology. Nevertheless, the reproductive
behavioural effects did not appear to impact the embryo production, which was only affected by
triclosan (H4). This highlighted the need for further studies to test the long-assumed correlation
between reproductive behaviour and reproductive output in amphipods.
The results of these studies as a whole have also raised areas of further work and refinement to clarify
the findings and expand their significance.
•

A longer exposure time for potential effects on lipid reserves

•

Greater scope in the PCMG assays, with more repeated measures of identified pairs (to enable
more robust statistical analyses).

•

A larger sample size in some of the treatments of the embryo assays.

The benefit of conducting an array of experiments has been to identify the relationship between
energy reserves and some of the main uses for that energy. The findings have ranged from the
predictable to the surprising. How these findings relate to obtaining that energy – namely feeding
rates – and the other main use of energy, activity, will be explored in the next chapter.

251

Conclusion
6.1 Research synthesis
The stimulus behind embarking on this project was that there is an increasing array of micro-pollutants
finding their way into rivers, and it is not clear if they are having an impact within aquatic ecosystems.
Of particular interest amongst the myriad micropollutants were the pharmaceuticals and personal
care products (PPCPs), because they are growing in prevalence (and likely to do so further), they are
specifically designed to elicit effects in trace quantities, and much of the ecotoxicological research
around them is focussed on higher, toxic concentrations that are not particularly relevant to the
environmental situation. The main input of PPCPs into the aquatic environment is via waste water
treatment works (WwTW) effluent, so a research programme was devised to conduct a comprehensive
investigation on the potential ecotoxicological impacts of this effluent, using Gammarus pulex as a
model species. The investigation progressed from the broad to the specific. Initially, a two year-long
study of G. pulex around two WwTW was conducted to identify populational effects. Then, more
subtle, organismal impacts of the effluents themselves on Gammarus were investigated in terms of
behavioural effects. Since the concentrations of several of the specific PPCPs in one of the effluents
were known, the next priority was to establish if these were having similar behavioural effects to the
effluent exposures. Then, the research included what subtle physiological impacts might be occurring
after exposure to these PPCPs. Since the behavioural effects had implications for energy reserves it
was logical to investigate these as a physiological endpoint. Finally, reproductive endpoints were
studied as they are not only one of the most sensitive parameters, but they have obvious implications
for populational effects, bringing the body of research full circle.

6.2 Novel findings
Throughout the course of this body of research there have been many novel findings that add to the
current knowledge on G. pulex, the environmental impact of WwTW, and effects of environmentally
relevant concentrations of PPCPs.
Historically, though there have been long term studies of G. pulex in unimpacted water bodies (Hynes,
1955; Welton, 1979; Gee, 1982; Gee, 1988), there has only been one previous study of them around
WwTW (Gross et al., 2001) and that was restricted to a three month period. Furthermore, the latter
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investigation did not look at fecundity or the presence of intersex. Therefore, the results of chapter 2
represent the first time there has been a substantial body of research on G. pulex populations around
WwTW. The fact that it is a protracted study adds a great deal of value to the research. Seasonality
plays a profound influence on amphipod biology and populations (Sutcliffe et al., 1981; Mortensen,
1982; Gee, 1988; Pöckl et al., 2003) so a full awareness of potential impacts on, for example,
reproductive parameters could only be fully assessed by a study extending over all the seasons. In
many metrics (e.g. fecundity, size variations, sex ratios) the research paralleled data reported in nonimpacted streams (Welton, 1979; Sutcliffe, 1993; Crane, 1994). It was interesting that the sex ratio
around Fullerton was consistently female dominated. This is not unprecedented in G. pulex (Welton,
1979; Crane, 1994; Duran, 2007) but ongoing studies suggest the female-bias is not present at sites
several kilometres downstream of Fullerton. As well as supporting existing data, a whole body of new
research was generated regarding intersex animals.
Intersex is well known in many amphipod species (for a comprehensive review, see Ford & Fernandes,
2005), though to date the only mention of male intersex G. pulex in the literature is a passing reference
to them in Hyne’s (1955) report. Regarding female intersex, a single G. pluex example was found
amongst almost 700 individuals of 18 amphipod species in Ford and Fernandez’s (2005) investigation:
there are no other reports of the phenomenon in G. pulex. Thus, the discoveries about the prevalence
of intersex in a population, the impact of WwTW on that prevalence, their size, and their fecundity
(relative to non-intersex), are all entirely new information. Unsurprisingly, many characteristics appear
to be more akin to those reported for freshwater species such as Gammarus fossarum (Ladewig et al.,
2007) compared to marine relatives such as Echinogammarus marinus (Ford, 2004; Ford et al., 2005).

6.3 Summary of field observations
Taking the populations as a whole, there were surprisingly few apparent effects of WwTW on
Gammarus biology in the current study. Nevertheless, these few differences were of particular interest
since they were observed at both sites. Changes in the population at or directly below the discharge
points included: the proportion of intersex was higher, the brood size of females was greater, and their
embryos were larger. An increase in intersexuality in amphipod phenotypes has been found on
impacted sites (Ford et al., 2006) but not in relation to WwTW before. Fecundity has been found to
increase in females exposed to sewage effluent (Schneider et al., 2015) but this is the first report of it
in field populations. However, the extensive investigation did not find impacts on size, reproductive
development, or feeding rate as found in field studies on other Gammarus species (Gross et al., 2001;
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Maltby et al., 2002; Jungmann et al., 2004; Schirling et al., 2005). Admittedly, these have not been on
chalk streams, but there is no indication that such ecosystems confer greater resistance to
contamination (Metcalfe, 1989; Whitehurst & Lindsey, 1990). Also, even amongst these studies, it is
rare to find all biometrics affected. What is more, other studies, such as that of Ladewig et al. (2006),
show very few differences between up- and downstream populations, and even the differences found
are not consistent between sites. So, a lack of apparent effects is not without precedent. At the two
sites investigated in this project, a lack of widespread, profound effects may be due to several things:
a benign nature of the effluent components, effective purification and removal of these components,
copious dilution, confounding effects of unknown variables, antagonistic interaction between
components, or a masking of effects due to natural variation within the population. The variation
element will be reviewed later, the dilution factor was known (neither site adding more than 23% to
the river flow) which evidently was adequate, thus a series of investigations were devised to see if the
effluent itself, without the environmental variations and influences, had impacts that gross population
metrics lacked the sensitivity to detect.
The indicators that were studied were behavioural, since these were reported to be very sensitive to
contaminants (Hellou, 2011) but, perhaps unsurprisingly, the ex-situ studies agreed with the in-situ
conclusions. Again, this was novel science – it was the first time invertebrate behaviour had been used
as a biomarker with WwTW effluent. The results showed that, apart from an intial spurt of activity
upon exposure to Fullerton WwTW effluent, there did not appear to be a significant impact on
locomotory or phototaxic behaviour. However, one of the limitations of wider conclusions was that
the results had to be in response to a limited effluent sample, which changes seasonally, daily and
even hourly (Hughes, 2014) and therefore were arguably unrepresentative. By testing a group of
chemicals that were known to be recorded in the effluent a more definitive understanding of potential
effects could be obtained.
Of general note in the results of chapter 4 and 5 was the importance of chronic assessment in
ecotoxicology. Not only is it more environmentally relevant than acute studies (Vasquez et al., 2014;
Barros et al., 2017), but for many pharmaceuticals (e.g. diclofenac, fluoxetine), significant effects only
materialised after 2-3 weeks, or in some cases the chronic effect was opposite to the acute response.
This emphasises the value and relevance of longer term studies. For example, diclofenac’s LOEC for
zebra danio (Brachydanio rerio) in a 10 day trial was 8000 µg L-1 (Ferrari et al., 2003), compared to 1µg
L-1 in rainbow trout (Oncohynchus mykiss) exposed for longer durations (e.g. 21 - 28 days) (Triebskorn
et al., 2004; Mehinto et al., 2010). For several of the PPCPs, it was the first time they had been studied
at environmentally relevant concentrations on G. pulex (or indeed, on amphipods), so effects were
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seen that had not been reported before (for instance, an inhibition in activity at low concentrations of
propranolol).

6.4 Overview of PPCP effects
Overall, there were no universal patterns of responses seen after exposure to PPCPs, instead, effects
varied with the pharmaceuticals themselves – which was expected due to very distinct mode of action
(MOA) of each compound (Table 6.1).

Table 6.1 Summary of effects of pharmaceuticals on G. pulex
Pharmaceutical

Response of G. pulex
Activity

Phototaxis

Energy
reserves
1

Feeding

 0.01

Pair
formation
 0.1

Diclofenac

 10

Fluoxetine

 0.01

0.1

 0.001

=

 0.1-1

Ibuprofen

=

=

2

 2-20

2

Propranolol

1

=

 5000

 0.5

0.05, 5000

Triclosan

1

1

 0.001

=

1

Mixture

 10

 0.1

NT

NT

=

1

Effects that were significantly different to controls are described:  and  refer to an increase or decrease at
that concentration, respectively. All concentrations values are at µg L -1. = response equal to controls. NT Not
tested

Individual effects have been discussed in chapters 4 and 5, but some explanation is required of the
responses in relation to each other, namely behaviours depleting energy (activity) versus those
augmenting it (feeding) and their impact on energy reserves (or vice versa). In all cases, energy
reserves were negatively impacted regardless of feeding rate. Therefore, there must be other uses of
the energy involved. Higher feeding rate was sometimes associated with increased activity - a direct
relationship between activity and feeding rate has been reported in contaminant exposed amphipods
before (Macedo-Sousa et al., 2007; Felten et al., 2008b). Conversely, in diclofenac and triclosan
exposures, feeding rates were inversely related to activity. Other studies on contaminant exposed
amphipods have suggested a compensatory increase in feed rate (or food utilisation) to cover the
increased energy demand due to toxic stress (Sokolova et al., 2012; Zubrod et al., 2015b). To attribute
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any causality between these observations would be spurious, but it does emphasise the importance
of measuring multiple endpoints and is a stimulus for further studies to clarify the relationships. The
response to a pharmaceutical mixture is interesting in that it is dissimilar to any of the components.
Recently, De Castro-Català et al. (2017) found that in ‘pure’ exposures to fluoxetine, G. pulex showed
an inverse relationship in activity and feeding, but when included in a mixture (with the fungicide
prochloraz) there was a direct relationship. They suggested the mechanism might lie in different
responses to neuroendocrine stimulation and toxic inhibition. Even so, it highlights the paradox often
found in mixed exposures, discussed later.
Since there were no notable effects of the whole effluent in terms of motility, reproduction, or feeding
there was clearly no intention of recreating or emulating effluent responses. It would be specious to
link marginal effects on activity or phototaxis with similar effects seen in some pharmaceuticals.
Nevertheless, some studies have found behavioural responses to be highly consistent between waste
water and its components (Melvin et al., 2016). However, given that many of the responses to
individual pharmaceuticals were opposite to each other it was unlikely there was going to be a
coherent effect.
There was no effect of any pharmaceutical or effluent on moulting frequency. Moulting is a complex
product of environment, endocrine regulation, growth and reproduction. The female moults towards
the end of a reproductive cycle, which may take from 28 - 64 days to complete (Ward, 1986; McCahon
& Pascoe, 1988d). The animals used in the exposures of the current study’s set of trials were at an
indeterminate point in their intermoult period and it was hoped that over 21 days, influences on the
endocrine regulation of ecdysis or reproduction would have manifested. In retrospect, it might be
more telling to extend the exposure period – to 100 days for example (Dietrich et al., 2010a) or to start
with all animals of known ages (McCahon & Pascoe, 1988b) to reach more unequivocal conclusions.
There was no effect on glycogen reserves. It is hypothesised that depletion of energy reserves is caused
by increased demand in response to toxic stress. However, continuous availability of food (as in this
study) may offset this demand on the glycogen store and explain why the exposed G. pulex did not
show significant differences in glycogen levels (Hughes, 2014). Withholding food might have produced
clearer effects (Lawrence & Mason, 2001; Alonso & Camargo, 2004), but the results may have been of
more academic than environmental relevance and could have had ramifications on moulting and
fertility (Coulaud et al., 2015). Potential compensatory feeding was noted in many pharmaceutical
exposures (for instance, diclofenac, fluoxetine, propranolol) but in every case this was associated with
reduced lipid reserves.
Certainly, an increase in egg production was not a cause of increased feed rate or decreased energy
reserves: with the notable exception of 0.1µg L-1 triclosan, the egg production was very consistent
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among females after exposure to contaminants. In contrast, relative egg production (eggs per mg body
weight) was observed to increase downstream of both WwTW. Apparent discrepancies between
effluent and chemical exposure have been seen before though; Ladewig et al. (2006) found a decrease
in ovigarous females downstream of WwTW (where the estrogenic potential was 22-35 fold higher
than at control sites). Schneider et al. (2015), on the other hand, found an increase in brooding female
frequency after exposing amphipods to WwTW with known estrogenic potential, in contrast to Watts
et al. (2002), who found no change in ovigarous female frequency after chronic exposure to different
concentrations of an oestrogen (17α-ethinylestradiol).
There is a clear disconnect between the pair rate of Gammarus pulex exposed to PPCPs, which had a
universally negative impact, and the very positive effect of effluent exposed animals. The reasons
behind this discrepancy are not clear. Enumerating the number of precopular pairs downstream of the
WwTW might have provided more information on the environmental situation (as per Gross et al.,
2001), though Ladewig et al. (2006) argued that precopular pairs are rather too easily separated to
make their enumeration meaningful. Bundschuh and Schulz (2011a) found the number of precopular
pairs decreased, but only in week 8 of a nine week exposure to WwTW effluent. Pascoe et al. (1994)
recorded the induced separation time of pairs was shorter (i.e. more ‘easy’) in G. pulex caged
downstream of WwTW (compared with upstream), but the variability in the data conferred a nonsignificant result. Thus, it would seem the most appropriate use of any pairing assessment is within
the laboratory.

6.5 Implications for the future
Through the review of literature and analysis of the data triclosan has repeatedly demonstrated itself
to be the one of the most toxic of PPCPs in this and other studies (Dussault et al., 2008; Kim et al.,
2009; Gómez-Canela et al., 2016). This is of concern given its ubiquity in many personal care products
(Schweizer, 2001) and presence worldwide in discharge effluents, receiving surface waters, and
sediments (DeLorenzo et al., 2008). The results of this study support moves for tighter regulation
(Defra, 2014) and removal from many products, as in the USA (Erickson, 2016).
Concentrations of diclofenac well within environmentally relevant levels produced significant
deleterious effects in the pharmaceutical exposure studies. As such, this lends credence to diclofenac’s
nomination for the EC’s ‘Watch List’ of compounds, prioritising the collection of more data to support
its transfer onto the Priority Substances list (Pusceddu et al., 2017). The alternative, for this and
triclosan, is more effective removal through WwTW. Ozone treatment of wastewater has been
257

demonstrated as an effective removal method for both compounds (Beltrán et al., 2009; Yang et al.,
2011) and many studies have reported the reduced ecotoxicity of ozone treated effluent compared to
conventionally treated waste (Lundström et al., 2010; Bundschuh & Schulz, 2011a, 2011b).
As appealing and beneficial as improved WwTW seems, ultimately, the decision is financially driven.
Modernising the UK’s WwTW would cost over £27 billion (UK Parliament, 2012) and the evidence thus
far is not sufficient for cost: benefit analysis to be compelling. Unlike triclosan, however, diclofenac is
unlikely to have its use restricted: it is one of the most popular NSAIDs in the world (Memmert et al.,
2013), so if it is to be reduced in the environment, it will only be through better removal at WwTW.
Evidently the cost:benefit analysis needs to be more emphatic, which further research can play a role
in.

6.6 Comparison with other reported effects
One of the most surprising finds in this research was the lack of major effects around WwTW sites or
their effluent. There is extensive research into the effects of effluents on many taxa (see Table 2.2)
and it is usually deleterious. Arguably, effects could have been obfuscated by movement and drift of
populations (Hughes, 1970; Elliott, 2002; Berghahn et al., 2012; Kennedy et al., 2014), however since
neither of the effluents elicited a change in mortality, motility, reproductive or feeding behaviour the
effluent would appear to be relatively benign.
Conversely, the results of pharmaceutical toxicity trials varied in their agreement with the literature.
Diclofenac toxicity was much more acute than previous studies would indicate, however it had never
been tested on G. pulex before, and the only other investigation on an amphipod (Echinogammarus
marinus) described signs of toxicity at similar concentrations (Guler & Ford, 2010). Lethal toxic levels
of triclosan and propranolol aligned very closely with those found in other studies (Huggett et al., 2002;
Kim et al., 2009), though this study represents the first evidence of the toxicity of very low triclosan
concentrations in chronic tests. The response pattern of fluoxetine (and other SSRIs) has generated
considerable discussion in the scientific community (reviews by Sumpter et al. (2014) and Ford and
Fong (2015) elucidate the debate very well), particularly in terms of its non-monotonic dose-response
curve. The evidence of repeated trials in chapter 4 would indicate that the effect is legitimate and
repeatable.
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6.7 Limitations of the work
Behavioural toxicity is elicited when contaminants induce a behavioural change that exceeds the
normal range of variability of a response (ASTM, 2012). Much of the discussion around the use of
behavioural endpoints is prompted by the implications of this variability.
In their meta-analysis of the effects of individual variability in behavioural studies, Bell et al. (2009)
found that those using malacostracan crustaceans had the lowest repeatability scores. This was
reiterated by the study of Peeters et al. (2009a), who found that 30% of their amphipod subjects
behaved inconsistently or contrary to the other individuals. Other trials (Gerhardt, 1995; de Bisthoven
et al., 2006; Guler & Ford, 2010; Agatz et al., 2014), and indeed this project, have commented on the
issue, and several reports have investigated confounding influences on amphipod behaviour (Crane &
Maltby, 1991; Coulaud et al., 2011; Agatz & Brown, 2014). Yet the use of behavioural endpoints
presents undisputable benefits. A substantial body of research has found their use to be ecologically
relevant, sensitive, accurate, rapid, non-destructive, and manifest earlier than other effects (Gerhardt,
2007; Peeters et al., 2009b; Hellou, 2011; Amiard-Triquet & Amiard, 2012; Melvin & Wilson, 2013;
Faimali et al., 2017; Pyle & Ford, 2017). Therefore, the alternatives for reducing variability must be
considered.
The development of automated means of motility measurement is reported to reduce variability
(Gerhardt, 2007; Hellström et al., 2016; Faimali et al., 2017). Even so, Macedo-Sousa et al. (2007)
averaged responses over a measurement period of 116 hours (and disregarded the first 8 hours postexposure) in order to reduce variability in their data collected by automated methods. Yet many
studies (Guler & Ford, 2010; Bossus et al., 2014; De Castro-Català et al., 2017) have produced accurate,
precise results using the same equipment used in chapter 3, suggesting that there may have been a
need for greater refinement of technique in the preparation of the DanioVision equipment to reduce
the individual variation.
In terms of the animals themselves, many influences encouraging variability were specifically excluded
in all trials - such as those caused by different populations, sexes, and environments (McCahon &
Pascoe, 1988d; Adam et al., 2009; Cornet et al., 2009). The provenance of test animals collected from
wild populations is not fully known and this may affect behavioural responses (Bloor, 2009; Franceschi
et al., 2010a; Gorokhova et al., 2013). Some studies have used cultured populations of amphipods
(Correia et al., 2003; Keithly et al., 2004), though the tolerance of cultured populations may be 10
times greater than those collected from the wild (McCahon & Pascoe, 1988b). There is a very clear
impact of age (or size) on sensitivity (McCahon & Pascoe, 1988b; Adam et al., 2009) and, although
259

individuals in the current study were selected to be adults (over 8mm), it is possible that a more narrow
range of size should have been selected. Agatz and Brown (2014) advise the use of G. pulex of a very
specific body mass (within .5mg margins) to reduce variability in feeding trials, though they concede
that restricting the size range of organisms reduces the relevance of test results for the mixed
populations found in the environment. Alternatively, smaller animals might have shown greater
sensitivity and more distinct responses (McCahon & Pascoe, 1988a); this will be reflected in future
studies.
The contrasting effects of the PPCP mixture with its components typifies the paradox of using mixtures
(and indeed whole effluent) in evaluating environmental toxicity. Scientific opinion is polarised on the
matter. Clearly, PPCPs in the environment are invariably part of a mixture (Crane et al., 2006), and
several authors have called for mixture toxicity to play an essential role of the pharmaceutical’s risk
assessment (Daughton, 2003; Emmanuel et al., 2005; Vasquez et al., 2014). The issue, of course, is in
recognising a representative mixture or whole effluent sample. Mixtures will vary not only
quantitatively but temporally, for example, the proportions of PPCPs in sewage effluent are known to
be highly variable on a daily, even hourly, basis (Kanda et al., 2003), with a recent meta-analysis of
long term monitoring studies finding no general trends (Hughes et al., 2012). Therefore, the accuracy
of mixture toxicity studies in predicting the actual environmental consequences is questionable.
Backhaus et al. (2008) summarised the issues:
•

Different degradation kinetics between compounds means the relative concentrations in the
test mixture will vary over time

•

It is not possible to infer the effects of individual compounds from the mixture

•

Test mixtures are often unrealistically simple anyway, with <10 component compounds

•

The mixture is static with no compounds being added or lost whereas environmental mixtures
are dynamic in time

•

Toxicity can only be inferred for the specific mixture(s) tested for and the results are not
applicable for different mixtures

Indeed, O'Brien and Dietrich (2004) propose the situation of pharmaceutical mixture toxicity is so
complex as to be effectively inscrutable – and propose a catch-all solution of ‘simply’ upgrading all
European sewage treatment works (WwTW) to maximum efficacy, though this option has not been
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widely discussed amongst the scientific community or water industry (Hughes et al., 2012). On the
other hand, this highlights the importance of long-term investigations on continual effluent exposure
in evaluating environmental impacts (Rodgers-Gray et al., 2000).

6.8 Potential areas of further work

Related to long term in-situ studies is the significance of pulse exposures and recovery implications on
amphipod populations. Certainly in terms of oestrogenic effects, pulse exposures have been found to
be just as ‘effective’ as continuous (Panter et al., 2000), and pulse exposures are reported to mimic
field situations (Böttger et al., 2013). Although there have been amphipod behavioural studies on pulse
exposure to acid mine drainage (Macedo-Sousa et al., 2008), contaminated sediments (Kienle &
Gerhardt, 2008) and pesticides (Pedersen et al., 2013), the subject of pulse exposure to PPCPs remains
entirely unexplored and is a potential area for further investigation.
Through many results of this research, there is an underlying suggestion of effects on reproductive
development: the increased frequency of intersex phenotypes and increased fecundity downstream,
of WwTW, and the accelerating paring of males after their exposure to the effluent. One aspect of the
Gammarus pulex population around the WTW that was not evaluated was the size at which they
reached sexual maturity. Accelerated maturation has been associated with effluent in amphipods
(Watts et al., 2002; Schirling et al., 2006) and, since all samples of the year-long investigation are still
intact, they will likely be re-examined to test for this effect.
Another positive way to validate the results of behavioural results is to integrate them with
physiological or biochemical endpoints (Gerhardt, 2011a), as done in many of the studies executed in
this project. As found here, other studies have shown that behavioural and physiological bioindicators
may be affected in different ways (Ribeiro et al., 2001; Barros et al., 2017).
The benefit and importance of sampling a wide range of biomarkers is unequivocal (Jager et al., 2010;
Beyer et al., 2014). This was clear looking at the totality of effects seen across the environmental,
effluent and PPCP exposures where, by reading across the inhibitory and stimulatory responses, a
much better appreciation of the totality of the impact was achieved than might have been inferred by
looking at a more restricted set of biomarkers. Costa et al. (2005), in their evaluation of contaminated
sediments on amphipods, measured a whole battery of endpoints similar those in chapter 2 (m:f ratio,
size, egg number, mortality) and found different endpoints were affected in different ways, but all
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were instrumental in providing a better picture of potential ecotoxicology. Nevertheless, there is room
to expand the choice of endpoints still further in the future.
There appeared to be an impact of triclosan on egg production and development at concentrations of
.1µg L-1. This was not due to inhibition of reproductive behaviour as there was no reduction in short
or long terms pairing at this concentration. Also, there was no inhibition of feeding which can impact
fecundity (Coulaud et al., 2015). Further work could investigate the direct toxicity to the embryos by
their incubation in test solutions (as per McCahon & Pascoe, 1988c), or the effects on sperm such as
its motility, and genotoxicity, both of which have been demonstrated as sensitive to contaminants in
amphipods (Lacaze et al., 2010; Wigh et al., 2017). Sperm motility and viability has been demonstrated
to be affected at triclosan levels of 274 µg L-1 in the sea urchin, Strongylocentrotus nudus (Raut &
Angus, 2010) and sperm counts were significantly decreased in western mosquitofish, Gambusia
affinis, exposed to 101.3 µg L-1 (Hwang et al., 2014). Clearly such levels are several orders of magnitude
higher than those found in the environment or indeed concentrations that caused significant effects
in this study, but the sensitivity of these organisms may be higher than G. pulex (arrested development
of the urchin embryos was only seen at 305 µg L-1, for instance).
Although pharmaceuticals were tested for physiological (energy reserves) and behavioural endpoints,
the lipid concentration of Gammarus after exposure to effluent (in- or ex-situ) was not. In the
investigation of Bundschuh et al. (2011c) and Maltby et al. (1990b) exposure to effluents significantly
reduced amphipod lipid or energy reserves, which was directly related to feeding behaviour. The latter
was not affected in this project’s effluent exposure, and this could have been contrasted with lipid
levels.
The use of summarising tools to encapsulate multiple effects into a single value, such as an Integrated
Biological Response (IBR), is a positive move to facilitate comparison and clarity in ecotoxicology, an
area beleaguered with acronyms and esoteric terminology (Beliaeff & Burgeot, 2002; Serafim et al.,
2012). However, the current study demonstrates one of the key challenges with the concept, namely
hormetic responses. In several cases, the PPCP exposures indicated a non-monotonic response, and
traditionally IBR is limited to one-way effects (either straightforward inhibition or stimulation, not
both). However, potential refinement of the IBR (such as that suggested by Sanchez et al., 2013) may
avoid this difficulty and warrants further investigation.
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6.9 Conclusion
The ultimate question after acknowledging that activity, feeding or reproductive behaviours of G.
pulex are affected by contaminants is: so what? There are three main reasons why they are important.
Firstly, they pertain directly to the health and survival of Gammarus. Behavioural indices are the
ultimate manifestation of changes that may be occurring at sub-cellular level (De Coen et al., 2000).
Therefore they provide a connection between physiology and the ecology of an organism and its
environment (Pyle & Ford, 2017). Changes in behaviour impact fundamental mechanisms such as
growth, survival, reproductive success and natural selection, and thus, through the individual, affect
entire populations (Dell'Omo, 2002). Specifically in amphipods, motility and phototaxis effects may
have implications for predator avoidance (Guler & Ford, 2010) and downstream drift (Beketov & Liess,
2008). Feeding behaviour is usually directly correlated with fecundity and population growth (Glazier,
2000); and PCMG, while not directly linked to fecundity per se, has apparent benefits in terms of
mating preferences (Härdling et al., 2004), spawning frequency (Galipaud et al., 2010) and energy
accumulation (Iltis et al., 2017). Thus, behavioural traits can be said to unequivocally represent the
fitness and survivability of amphipod individuals and populations.
Secondly, amphipods have relevance to the lotic ecology as a whole. In rivers throughout the northern
hemisphere, they are regarded as keystone species (Woodward et al., 2008; Dixon & Shaw, 2011). As
shredders and detritus feeders, gammarids play a vital role in the detritus cycle and microbial loop
(Gerhardt et al., 2011b) and, in turn, constitute an important source of food for many predators
(Forrow & Maltby, 2000). Moreover, they are sensitive to contaminants thereby making them
excellent barometers of general river condition (Maltby et al., 2002; Gerhardt, 2011a).
Thirdly, and by extension, the health of lotic ecosystems is important to humanity. Not only do rivers
play many essential roles for civilisation (transport, irrigation, waste-disposal and so on) (Adeloye,
2009), but their condition, or health, is regarded as the one of the best means of understanding
humans’ impact on the Earth’s watercourses and on the whole water cycle (Karr & Chu, 2000).
Furthermore, because rivers integrate all that happens in their landscapes (Karr, 1998), their condition,
especially their biological condition, is surely an allusion of the consequences of humanity’s actions in
the wider environment.
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3

Emissions and monitoring

3.1

Emissions to water

3.1.1

The limits given in schedule 3 table S3.1 shall not be exceeded.

3.1.2

The limits in schedule 3 table S3.1 to which this condition applies may be exceeded where: in any
series of samples of the discharge taken at regular but randomised intervals in any period of twelve
consecutive months as listed in column 1 of schedule 3A, no more than the relevant number of
samples , as listed in column 2 of schedule 3A, exceed the applicable limit for that relevant
parameter. For relevant parameters subject to schedule 3C the assessment is based on a fixed
calendar year from 1 January to 31 December inclusive.

3.1.3
(a)

For the emission limits in schedule 3 table S3.1 to which this condition applies, no sample of the
discharge taken at a time when unusual weather conditions are adversely affecting the operation
of the waste water treatment works, shall be taken into account in deciding whether or not the
emission limit has been complied with. .

(b)

On any occasion where unusual weather conditi-Ons adversely affect the operation of the waste
water treatment works, the operator shall use its best endeavours to mitigate that adverse
effect.

(c)

For any sample of the discharge taken to be considered for the purposes of (a) above, the
operator shall notify the Environment Agency in writing within 14 days of becoming aware that
an emission limit has been exceeded. That notification shall include a full description of the
unusual weather conditions and their impact on the operation of the works.

(a)

For the emission limits in schedule 3, table S3.1 to which this condition applies, no sample of
the discharge taken at a time when abnormal operating conditions are adversely affecting the
operation of the waste water treatment works, shall be taken into account in deciding whether or
not the emission limit has been complied with.

(b)

On any occasion where abnormal operating conditions adversely affect the operation of the
waste water treatment works, the Operator shall use its best endeavours to mitigate that
adverse effect.

(c)

For any sample of the discharge taken to be considered for the purposes of (a) above, the
Operator shall notify the Environment Agency in writing within 14 days of becoming aware that
an emission limit has been exceeded. That notification shall include a full description of the
abnormal operating conditions and their impact on the operation of the works.

(a)

If the measured Dry Weather Flow exceeds the permitted Dry Weather Flow limit then the
operator shall, as soon as is practicable, investigate the reasons for the exceedance. The
operator shall report the reasons for the exceedance to the Environment Agency and the steps
that it proposes to take to restore compliance. An exceedance of the Dry Weather Flow limit
shall not be recorded as a failure if the operator takes appropriate steps to restore compliance;

3.1.4

3.1.5
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Schedule 3 - Emissions and monitoring (Fullerton)
Table S3.1 Point Source emissions to water (other than sewer)- emission limits and monitoring
requirements
Monitoring
Compliance
Effluent(s)
Parameter
Limit
Reference
Limit of
Statistic
frequency
and
Period
(including
effective
discharge
unit)
range
point(s)
A1:
Secondary
treated
sewage
effluent with
nutrient
removal via
Outlet 1

Dry weather
flow

19,291
m3/day

Total daily
volume

N/A

Continuous

Condition
3.1.5 applies

15-minute
instantaneous
or averaged
flow

No limit set.
Record as I/s

15 minute

N/A

Continuous

N/A

ATU-BOD as

10 mg/I

Instantaneous
(spot sample)

NIA

As specified in Look up table
schedule 3B (Conditions
3.1.2 and
3.1.3 apply)

30 mg/I

Instantaneous
(spot sample)

NIA

As specified in Maximum
schedule 3B (Condition
3.1.3 applies)

Ammoniacal
nitrogen
(expressed
as N)

3 mg/I

Instantaneous
(spot sample)

NIA

As specified in Look up table
schedule 3B (Conditions
3.1.2 and
3.1.3 apply)

Ammoniacal
nitrogen
(expressed
as N)

10 mg/I

Instantaneous
(spot sample)

NIA

As specified in Maximum
schedule 3B (Condition

Suspended
solids
(measured
after drying at
105°C)

20 mg/I

Instantaneous
(spot sample)

NIA

As specified in Look up table
schedule 3B (Conditions
3.1.2 and
3.1.3 apply)

Suspended
50 mg/I
solids
(measured
after drying at
105°c)

Instantaneous
(spot sample)

NIA

As specified in Maximum
schedule 3B (Condition

Total
1 mg/I
phosphorus as
P

Instantaneous
(spot sample)

Total iron as
Fe

Instantaneous
(spot sample)

(sum of flows
monitored at
the flow to full
treatment
weir and the
stormwater
return)

02

ATU-BOD as

02

3.1.3 applies)

4,000 µg/I

3.1.3 applies)

NIA

As specified in Annual mean
schedule 3B (Condition
3.1.3 applies)

N/A

As specified in Look up table
schedule 3B (Conditions
3.1.2 and
3.1.3 apply)
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Table S3.1 Point Source emissions to water (other than sewer)- emission limits and monitoring
requirements
Effluent(s)
and
discharge
point(s)

Compliance
Statistic

Parameter

Limit
(including
unit)

Reference
Period

Limit of
effective
range

Monitoring
frequency

Total iron as
Fe

8,000 µg/1

Instantaneous
(spot sample)

N/A

As specified in Maximum
schedule 3B (Condition
3.1.3 applies)

Visible oil or
grease

No significant Instantaneous
trace present (visual
examination )
so far as is
reasonably
practicable

N/A

N/A

ATU-BOD as

Minimum of
70%
removal
compared to
influent

24 hour
composite

To be
As specified Look up table
compliant a in schedule 3C (Conditions
sample has
3.1.2 and
to meet the
3.1.4 apply)
70%
removal
standard or
the 25 mg/I
limit not
both

24 hour
composite

This limit
does not
apply if a
sample has
met the
70%
removal
standard

02
(UWWTR)

ATU-BOD as
02 (UWWTR)

25 mg/I

ATU-BOD as

50 mg/I

02
(UWWTR)

COD as 02
(UWWTR)

Minimum of
75%
removal
compared to
influent

COD as 02
(UWWTR)

125 mg/I

COD as 02
(UWWTR)

250 mg/I

No significant
trace
(Condition
3.1.3 applies)

As specified Maximum
in schedule 3C (Condition
3.1.4 applies)

24 hour
composite

To be
As specified Look up table
compliant a in schedule 3C (Conditions
sample has
3.1.2 and
to meet the
3.1.4 apply)
75%
removal
standard or
the 125
mg/I limit
not both

24 hour
composite

This limit
does not
apply if a
sample has
met the
75%
removal
standard

As specified Maximum
in schedule 3C (Condition
3.1.4 applies)
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Table S3.1 Point Source emissions to water (other than sewer) - emission limits and monitoring
requirements
Effluent(s) and Parameter
discharge
point(s)

Limit
(including
unit)

Total
2mg/l
phosphorus
as P (UWWTR)

Reference
Period

Limit of
effective
range

24 hour
composite

As specified
To be
compliant
in schedule
the discharge 3C

Discharge
start and end
times

NIA

Compliance
Statistic

Annual mean
(Condition
3.1.4 applies)

has to meet
the 80%
removal
standard or
the 2 mg/I
limit not
both

Total
Minimum of
phosphorus as 80% removal
P (UWWTR)
compared to
influent

A2: Settled
storm
sewage via
Outlet 1

Monitoring
frequency

NIA

Condition
3.3.3 does
not apply

Whenever a
discharge
occurs

NIA

Table S3.2 Discharge points
Effluent Name

Discharge Point

Discharge point NGR

Receiving
water/Environment

A1: Secondary treated
sewage effluent with
nutrient removal

Outlet 1

SU 3816 3917

The River Test

A2: Settled storm
sewage

Outlet 1

SU 3816 3917

The River Test

Table S3.3 Storm sewage discharge settings
Effluent(s)
and
discharge
point(s)

Description Overflow
of discharge setting I/s

Maximum
size of solid
matter

Screen
aperture
size

Minimum
screen
capacity flow
I/s

Minimum
storage
capacity m3
(off-line)

A2: Settled
storm
sewage via
Outlet 1

Settled storm
sewage

No greater
than 6 mm in
more than 1
dimension

6mmx
6mm

The screen
shall be
designed to
cope with all
flows up to and
including the 1
in 5 year storm
return period,
as a minimum

3,822

No greater
than 6 mm in
more than 2
dimensions

6mm

All flows shall
be screened

453
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Schedule 3 - Emissions and monitoring (Chickenhall)
Table S3.1a Point Source emissions to water (other than sewer)emission limits and
t h
requirements. Effective up to and including 30 March 2015

monitoring
Effluent(s)

Parameter

Limit

Reference

Limit of

Monitoring

Compliance

and

(including

Period

effective

frequency

Statistic

discharge

unit)

Continuous

Condition

range

point(s)

Final
effluent via

Dry weather
flow

32,000
3
m /day

Total daily
volume

N/A

15-minute
instantaneous

No limit
set.

15 minute

N/A

Continuous

N/A

or averaged
flow

Record as
1/s

ATU-BOD as

12 mg/I

Instantaneous
(spot sample)

N/A

As

Look up
table

3.1.4 applies

Outlet 1

02

ATU-BOD as

46 mg/I

02

Instantaneous
(spot sample)

specified in
schedule
3B

N/A

As

Maximum

specified in

(Condition
3.1.2

schedule
3B
Ammoniacal
nitrogen
(expressed
as N)

3mg/l

Ammoniacal
nitrogen
(expressed

14 mg/I

Instantaneous
(spot sample)

Instantaneous
(spot sample)

N/A

as N)
Suspended
solids
(measured
after drying at
105° C)

20 mg/I

Total
Phosphorus

1 mg/I

as P

Instantaneous
(spot sample)

As
specified in
schedule
3B

N/A

N/A

(Conditions
3.1.2 and
3.1.5 apply)

applies)
Look up
table
(Conditions
3.1.2 and
3.1.5 apply)

As

Maximum

specified in
schedule
3B

(Condition

As

Look up
table

specified in
schedule
3B

3.1.2

applies)

(Conditions
3.1.2 and
3.1.5 apply)

Instantaneous
(spot sample)

N/A

As
specified in

Annual
mean

schedule
3B

(Condition
3.1.2
applies)
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Total iron as
Fe

4000 µg/I

Instantaneous
(spot sample)

N/A

As specified Look up table
in schedule (Conditions
3B
3.1.2 and
3.1.5 apply}

Total iron as
Fe

8000 µg/I

Instantaneous
(spot sample)

N/A

As specified Maximum
in schedule (Condition
3B
3.1.2
applies)

Visible oil or
grease

No
significant
trace
present

Instantaneous
(spot sample)

N/A

ATU-BOD as
O2(UWWTD)

Minimum
of70 %
removal
compared
to influent

24 hour
composite

To be
compliant a
sample has
to meet the
70%
removal
standard or
the 25 mg/I
limit not
both

As
specified in
schedule
3C

25 mg/I

24 hour
composite

To be
compliant a
sample has
to meet the
70%
removal
standard or
the 25 mg/I
limit not
both

As
specified in
schedule
3C

Look up
table

This limit
does not
apply if a
sample has
met the
70%
removal
standard

As
specified in
schedule
3C

Maximum

ATU-BOD as
O2(UWWTD)

ATU-BOD as
O2(UWWTD)

50 mg/I

24 hour
composite

N/A

No
significant
trace
(Condition
3.1.2
applies)
Look up
table
(Conditions
3.1.3 and
3.1.5 apply)

(Conditions
3.1.3 and
3.1.5 apply)

(Condition
3.1.3
applies)
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COD as 02
(UWWTD)

COD as 02
(UWWTD)

COD as 02
(UWWTD)

Minimum
of75 %
removal
compared
to influent

24 hour
composite

125 mg/I

24 hour
composite

250 mg/I

Total
Phosphorus
as P
(UWWTD)

2mg/1

Total
Phosphorus
as P
(UWWTD)

Minimum
of80%
removal
compared
to influent

24 hour
composite

24 hour
composite

24 hour
composite

To be
compliant a
sample has
to meet the
75%
removal
standard or
the 125
mg/I limit
not both

As
specified in
schedule
3C

Look up
table

To be
compliant a
sample has
to meet the
75%
removal
standard or
the 125
mg/I limit
not both

As
specified in
schedule
3C

Look up
table

This limit
does not
apply if a
sample has
met the
75%
removal
standard

As
specified in
schedule
3C

Maximum

To be
compliant a
sample has
to meet the
80%
removal
standard or
the 2 mg/I
limit not
both

As
specified in
schedule
3C

Annual
mean

To be
compliant a
sample has
to meet the
80%
removal
standard or
the 2 mg/I
limit not
both

As
specified in
schedule
3C

Annual
mean

(Conditions
3.1.3 and
3.1.5 apply)

(Conditions
3.1.3 and
3.1.5 apply)

(Condition
3.1.3

applies)

(Condition
3.1.3
applies)

(Condition
3.1.3
applies)

379

Settled

Discharge

storm
sewage
via Outlet

N/A

Condition

Whenever

start and end

3.3.3 does

a

times

not apply

discharge

N/A

NIA

occurs

1
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Table S3.1b Point source emissions to water (other than sewer) - emission limits and
monitoring requirements
st

Effective from 31 March 2015
Effluent(s)
and
discharge
point(s)

Parameter

Limit
(including
unit)

Reference
Period

Limit of
effective
range

Monitoring
frequency

Compliance
Statistic

Final

Dry weather

N/A

Continuous

Condition

flow

32,000
3
m /day

Total daily

effluent via
Outlet 1

15-minute
instantaneous
or averaged
flow

No limit

15 minute

N/A

Continuous

N/A

ATU-BOD as

12 mg/I

Instantaneous

N/A

As

Look up table

specified in
schedule
3B

(Conditions
3.1.2 and 3.1.5
apply)

As
specified in
schedule
3B

Maximum

set.
Record as
I/s

02

ATU-BOD as

(spot sample)

46 mg/I

02

Ammoniacal
nitrogen
(expressed

3.1.4 applies

volume

2.8 mg/I

Instantaneous
(spot sample)

N/A

Instantaneous
(spot sample)

N/A

as N)
Ammoniacal
nitrogen
(expressed
as N)

11 mg/I

Suspended
solids
(measured
after drying at
105° C)

20 mg/I

Total
Phosphorus
as P

1 mg/I

Total iron as

4000 µg/I

Fe

Total iron as
Fe

Instantaneous
(spot sample)

N/A

Instantaneous
(spot sample)

N/A

Instantaneous
(spot sample)

N/A

Instantaneous

N/A

(spot sample)

8000 µg/I

Instantaneous
(spot sample)

N/A

As
specified in
schedule
3B

(Condition
3.1.2 applies)
Look up table
(Conditions
3.1.2 and 3.1.5
apply)

As
specified in
schedule
3B

Maximum

As
specified in
schedule
3B

Look up table

As
specified in
schedule
3B

Annual mean

As

Look up table

specified in
schedule
3B

(Conditions
3.1.2 and
3.1.5 apply)

As
specified in
schedule
3B

Maximum
(Condition
3.1.2 applies)

(Condition
3.1.2 applies)

(Conditions
3.1.2 and 3.1.5
apply)

(Condition
3.1.2 applies)
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Visible oil or

No significant Instantaneous

grease

trace

N/A

N/A

(spot sample)

No significant
trace
(Condition

present

3.1.2 applies)
ATU-BOO as

Minimum

24 hour

To be

As

Look up table

O2(UWWTD)

of70 %

composite

compliant

specified in

(Conditions

removal

a sample

schedule

compared

has to

3C

3.1.3 and 3.1.5
apply)

to influent

meet the

To be
compliant

As

Look up table

specified in

(Conditions

a sample

schedule

3.1.3 and 3.1.5

has to
meet the
70%
removal
standard
or the 25
mg/I limit
not both

3C

apply)

24 hour

This limit

As

Maximum

composite

does not

specified in

(Condition

apply if a
sample
has met
the 70%
removal
standard

schedule
3C

3.1.3 applies)

70%
removal
standard
or the 25
mg/I limit
not both
ATU-BOO as

25 mg/I

O2(UWWTD)

ATU-BOO as

24 hour
composite

50 mg/I

O2(UWWTD)

COD as 02

Minimum

24 hour

To be

As

Look up table

(UWWTD)

of75 %
removal

composite

compliant
a sample

specified in
schedule

(Conditions
3.1.3 and 3.1.5

compared

has to

3C

apply)

to influent

meet the
75%
removal
standard
or the
125 mg/I
limit not
both
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COD as 02
(UWWTD)

125 mg/I

COD asO2
(UWWTD)

250 mg/I

Total
Phosphorus
as P
(UWWTD)

2mg/l

Total
Phosphorus
as P
(UWWTD)

Minimum
of80%
removal
compared
to influent

24 hour
composite

To be
compliant
a sample
has to
meet the
75%
removal
standard
or the
125 mg/I
limit not
both

As

Look up table

specified in
schedule
3C

(Conditions
3.1.3 and 3.1.5
apply)

24 hour
composite

This limit
does not

As

Maximum

specified in

apply if a
sample
has met
the 75%
removal
standard

schedule
3C

(Condition
3.1.3 applies)

24 hour
composite

To be
compliant
a sample
has to
meet the
80%
removal
standard
or the 2
mg/I limit
not both

As

Annual mean

specified in
schedule
3C

(Condition
3.1.3 applies)

24 hour
composite

To be
compliant
a sample
has to
meet the
80%
removal

As

Annual mean

specified in
schedule
3C

(Condition
3.1.3 applies)

Whenever
a
discharge
occurs

N/A

standard
or the 2
mg/I limit
not both
Settled
storm
sewage
via Outlet
1

Discharge
start and end
times

N/A

N/A

Condition
3.3.3
does not
apply
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Table S3.2 Discharge points
Effluent Name

Discharge Point

Discharge point NGR

Receiving
water/Environment

Final effluent

Outlet 1

SU 4681817888

The River ltchen

Settled storm sewage

Table S3.3 Storm sewage discharge settings
Emission

Description

Overflow

of discharge setting 1/s

Maximum
size

Screen

matter

Settled storm 788
sewage

1

tank/storage

of aperture size screen

solid

Settled
storm
sewage
via Outlet

Storm

Minimum
capacity

capacity

flow 1/s

(off-line)

m3

No greater 6 mm X 6 mm All flows to 6398
than 6 mm in
be screened
more

than

1
dimension

Table S3.4 Monitoring points
Effluent(s) and discharge point(s)

Monitoring type

Monitoring point
NGR

Monitoring point
reference

Final effluent via Outlet 1

UWWTD Inlet
sampling

SU 46544 18106

A

Final effluent

SU 46708 18026

B

Flow monitoring

SU 46572 18040

C

Effluent sampling

SU 46671 18164

D

sampling
UWWTD effluent
sampling

Settled storm sewage via Outlet 1

Event monitoring
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Appendix 2. Solvent trial – After 7 days’ exposure. Values are presented as
mean (SD)
Solvent

Water (control)
Methanol (.2%)
Ethanol (.2%)
Acetone (.2%)

Feed rate
(mg dry food per
mg BW per day)
.0015 (.0005)
.0017 (.0006)
.0017 (.0004)
.0016 (.0005)

Mortality (%)

Activity score

Phototaxis score

13.3
6.7
13.3
26.6

2.7 (1.0)
3.5 (1.6)
2.4 (1.6)
3.4 (1.6)

8.0 (1.0)
4.8 (3.0)
3.5 (4.1)
3.4 (3.9)
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